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ABSTRACT 
 
The discharge of groundwater into surface water bodies is a hidden, but significant path-
way for the input of water and matter into lakes, rivers, estuaries and the coastal sea. Since 
groundwater is most often characterized by higher levels of nutrients or heavy metals, its 
discharge has often a crucial effect on the surface water body´s chemistry and the ecosys-
tem health as well as on the related ecosystem service supply. For instance, groundwater-
derived nutrient inputs are essential to fuel primary productivity, but if critical thresholds 
are exceeded groundwater-derived nutrient inputs can cause eutrophication, which may 
trigger harmful algal blooms or the creation of oxygen minimum zones – a serious threat 
to aquatic life.  
This thesis focuses on quantifying submarine and lacustrine groundwater discharge by 
applying environmental tracer based methods with emphasis on radionuclide (radon and 
radium isotopes) and stable water isotope (δ18O, δ2H) techniques. These tracers are suit-
able for determining groundwater discharge as they show distinct concentration and iso-
tope ratio gradients between groundwater and the receiving surface water. Four studies 
are presented in this thesis:  
(1) The quantification of the response delay of the mobile radon detector RAD7 applied for 
radon-in-water mapping.  
The response delay of the mobile radon-in-air detector RAD7 is determined for two de-
tection set-ups (radon extraction via RADaqua and via a membrane module) as well as for 
a range of water flow rates. For the membrane module the response delay is less pro-
nounced compared to the RADaqua. For instance, at a water flow rate of 1 l min-1 the peaks 
of the instruments recordings lag behind the radon-in-water concentrations by ~10 min 
for the membrane module and by ~18 min for the RADaqua. Further, it was demonstrated 
that faster water flow rates decrease the response delay. An algorithm is presented that 
allows the inverse calculation of radon-in-water concentrations from RAD7 records for 
the described detection set-ups and water flow rates. Thus, it allows a more precise local-
ization of radon-in-water anomalies and, consequently a more precise localization of 
groundwater discharge areas. 
(2) Determination of submarine groundwater discharge into a large coastal bay (False Bay, 
South Africa) 
SGD consists generally of two components: (a) fresh terrestrial SGD (FSGD) driven by the 
inland hydraulic gradient and (b) seawater re-circulation (RSGD) through the coastal aq-
uifer driven by seaward effects such as tidal pumping. A bay-wide radon mapping resulted 
in identification of a SGD site, where subsequently detailed investigations were con-
ducted. At this SGD site a salt and a radon mass balance were applied consecutively for 
determining FSGD and total SGD, respectively. RSGD was inferred from the difference be-
tween FSGD and total SGD. For the radon mass balance, new approaches for calculating 
the radon degassing and mixing loss were proposed. The tracer mass balance revealed 
median FSGD of 2,300 m³ d-1 or 0.9 m³ d-1 per m coastline and median RSGD of 6,600 m³ 
d-1 or 2.7 m³ d-1 per m coastline. The FSGD rate was validated using (a) a hydrological 
model for calculating the groundwater recharge rate and (b) a groundwater flow model 
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for delineating the subsurficial FSGD capture zone. This validation supported the tracer 
based findings. The relevance of this study is foremost the presentation of new methodo-
logical approaches regarding the radon mass balance as well as the validation of FSGD 
under consideration of hydrological and hydrogeological information.  
(3) Differentiation of fresh and re-circulated submarine groundwater discharge in an estu-
ary (Knysna Estuary, South Africa)Knysna Estuary is a more complex system than False 
Bay since besides seawater, FSGD and RSGD also river water mixes within the estuary. 
Both FSGD and RSGD were differentiated by applying a mixing analysis of the estuary wa-
ter. For this purpose, an end-member mixing analysis (EMMA) was conducted that simul-
taneously utilizes radon and salinity time series of estuary water to determine fractions 
of the end-members seawater, river water, FSGD and RSGD. End-member mixing ratio 
uncertainty was quantified by stochastic modelling (Monte Carlo simulation) under con-
sideration of end-member characterization uncertainty. Results revealed highest FSGD 
and RSGD fractions in the estuary during peak low tide. Median fractions of FSGD and 
RSGD were 0.2 % and 0.8 % of the estuary water near the mouth over a 24 h time-series. 
In combination with a radon mass balance median FSGD of 46,000 m³ d-1 and median 
RSGD of 150,000 m³ d-1 were determined. By comparison to other sources, this implies 
that the SGD is a significant source of dissolved inorganic nitrogen (DIN) fluxes into the 
estuary. This study demonstrates the ability of EMMA to determine end-member fractions 
in a four end-member system under consideration of end-member uncertainty. Further, 
the importance of SGD for the water and DIN budget of Knysna Estuary was shown.  
(4) Quantification of groundwater discharge and water residence time into a groundwater-
fed lake (Lake Ammelshainer See, Germany).  
The presented approach utilizes the stable isotopes of water (δ18O, δ2H) and radon for 
determining long-term average and short-term trends in groundwater discharge rates. 
The calculations were based on measurements of isotope inventories of lake and ground-
water in combination with climatic and isotopic monitoring data (in precipitation). The 
results from steady-state annual isotope mass balances for both δ18O and δ2H are con-
sistent and reveal an overall long-term average groundwater discharge that ranges from 
2,800 to 3,350 m³ d-1. These findings were supported by the good agreement of the simu-
lated annual cycles of δ18O and δ2H lake inventories utilizing the determined groundwater 
discharge rates with the observed lake isotope inventories. However, groundwater dis-
charge rates derived from radon mass balances were significantly lower, which might in-
dicate a distinct seasonal variability of the groundwater discharge rate. This application 
shows the benefits and limitations of combining δ18O/δ2H and radon isotope mass bal-
ances for the quantification of groundwater connectivity of lakes based on a relatively 
small amount of field data accompanied by good quality and comprehensive long-term 
meteorological and isotopic data (precipitation).  
This thesis presents important methodological achievements with respect to radon and 
stable water isotope mass balances, uncertainty quantification, geochemical differentia-
tion between FSGD and RSGD and validation of FSGD. Further, first SGD estimates are re-
ported for False Bay and Knysna Estuary in South Africa. 
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KURZFASSUNG 
Der Austritt von Grundwasser in Oberflächengewässer stellt einen unsichtbaren Eintrags-
pfad von Wasser und Stoffen in Seen, Flüsse, Ästuare und das küstennahe Meer dar. Die 
Konzentrationen vieler Stoffe wie beispielsweise von Nährstoffen und Schwermetallen ist 
im Grundwasser im Allgemeinen signifikant höher als in Oberflächengewässern. Daher 
können selbst volumetrisch verhältnismäßig kleine Grundwasseraustritte entscheiden-
den Einfluss auf Wasserchemie und den Gesundheitszustand des aquatischen Ökosystems 
haben, womit Auswirkungen auf die Bereitstellung von Ökosystemleistungen verbunden 
sein können. Beispielsweise sind grundwasserbürtige Nährstoffeinträge eine entschei-
dende Steuergröße für die Primärproduktivität. Überschreiten diese grundwasserbürti-
gen Nährstoffeinträge jedoch einen Schwellenwert, kann es zur Eutrophierung des Ober-
flächengewässers kommen. Dies wiederum kann toxische Algenblüten oder die Entste-
hung von Sauerstoffminimumzonen zur Folge haben und das aquatische Leben bedrohen.     
Diese Dissertation beschäftigt sich mit Methoden zur Quantifizierung von Grundwas-
sereinträgen in den küstennahen Ozean, Ästuare und in Seen. Dabei stützt sich diese Ar-
beit primär auf Umwelttracer, vor allem auf Radionuklide (Radon- und Radium-Isotope) 
sowie die stabilen Isotope des Wassers (δ18O, δ2H). Diese Umwelttracer sind für die un-
tersuchten Systeme in besonderer Weise geeignet, da zwischen Grundwasser und Ober-
flächenwasser ein ausgeprägter Gradient hinsichtlich Konzentration bzw. Isotopensigna-
tur besteht. Vier Einzelstudien stellen den Kern dieser Arbeit dar: 
(1)  Die Quantifizierung der Antwortverzögerung des mobilen Radon-Detektors RAD7, an-
gewendet für die Radon-in-Wasser-Kartierung.  
Die Antwortverzögerung des mobilen Radon-in-Luft-Detektors RAD7 wurde für zwei 
Messanordnungen (Radonextraktion via RADaqua und via Membranmodul) sowie für ei-
nen Bereich von Wasserdurchflussraten bestimmt. Für die Radonextraktion via RADaqua 
ist die Antwortverzögerung stärker ausgeprägt als für das Membranmodul. Bei einer Was-
serdurchflussrate von 1 l min-1 treten die Peaks der aufgezeichneten Werte ~10 min nach 
den Radon-in-Wasser Peaks auf, während die Verzögerung bei Radonextraktion via 
RADaqua ~18 min beträgt. Weiterhin wurde eine Reduktion der Antwortverzögerung mit 
zunehmenden Wasserdurchflussraten beobachtet. Der vorgestellte Algorithmus ermög-
licht in Kombination mit den berechneten Radontransfer-Koeffizienten die inverse Mo-
dellierung der Radon-in-Wasser-Konzentrationen, basierend auf den RAD7-Messwerten. 
Dies ermöglicht beispielsweise eine genauere Lokalisierung von räumlichen Radon-in-
Wasser Anomalien und folglich eine präzisere Bestimmung von Grundwasseraustritts-
stellen.  
(2) Quantifizierung untermeerischer Grundwasseraustritte in eine große Meeresbucht 
(False Bay, Südafrika) 
Untermeerische Grundwasseraustritte (“Submarine Groundwater Discharge” – SGD) be-
stehen aus zwei Komponenten: (a) Süßwasser-SGD (“Fresh SGD” – FSGD) angetrieben 
durch den meerwärtsgerichteten hydraulischen Gradienten, und (b) rezirkuliertem SGD 
(„re-circulated SGD“ – RSGD), verursacht durch Prozesse wie gezeitengesteuerte Infiltra-
tion von Meerwasser in den Aquifer. Eine Radon-Kartierung entlang der gesamten Küs-
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tenlinie der Bucht führte zur Lokalisierung von SGD, woraufhin dort vertiefende Untersu-
chungen durchgeführt wurden. In diesem Bilanzgebiet wurden eine Salz- und eine Radon-
Massenbilanz durchgeführt, um FSGD bzw. Gesamt-SGD zu bestimmen. RSGD wurde aus 
der Differenz von FSGD und SGD abgleitet. Für die Radon-Massenbilanz wurden neue An-
sätze für die Berechnung der Radon-Entgasung in die Atmosphäre und des Radon-Mi-
schungsverlustes mit küstenfernerem Wasser präsentiert. Die Tracer-Massenbilanzen 
ergaben einen FSGD-Median von 2.300 m³ d-1 bzw. 0,9 m³ d-1 pro Meter Küstenlinie und 
einen RSGD-Median von 6.600 m³ d-1 bzw. 2,7 m³ d-1 pro Meter Küstenlinie. Die FSGD-
Rate wurde mit Hilfe eines hydrologischen Modells zur Abschätzung der Grundwasser-
neubildungsrate und eines Grundwasserströmungsmodells zur Abgrenzung des unterir-
dischen Einzugsgebiets des Bilanzraums bestimmt. Diese unabhängige Methode bestä-
tigte die Tracer-basierten Ergebnisse. Die Bedeutung dieser Studie besteht zuvorderst in 
der Vorstellung neuer methodischer Ansätze bei der Radon-Massenbilanzierung sowie in 
der Validierung von FSGD unter Berücksichtigung hydrologischer und hydrogeologischer 
Daten.  
(3) Unterscheidung von FSGD und RSGD in einem Ästuar (Knysna Ästuar, Südafrika). 
Das Knysna-Ästuar ist hinsichtlich der Bestimmung von SGD im Vergleich zur False Bay 
ein komplexeres System, da sich neben Meerwasser, FSGD und RSGD auch Flusswasser in 
signifikanten Mengen im Ästuar mischt. FSGD- und RSGD-Anteile wurden anhand der che-
mischen Zusammensetzung des Ästuarwassers unterschieden. Für diesen Zweck wurde 
eine End-Member-Mischungsanalyse (EMMA) auf Grundlage von Radon- und Salinitäts-
zeitreihen des Ästuarwassers durchgeführt. Durch ein Optimierungsverfahren wurde die 
Mischung der End-member Meerwasser, Flusswasser, FSGD und RSGD für jeden Zeit-
schritt mit dem Ziel der bestmöglichen Übereinstimmung mit den gemessenen Radon- 
und Salinitätszeitreihen bestimmt. Die Unsicherheit in der Bestimmung der End-member-
Anteile wurde durch stochastische Modellierung (Monte-Carlo-Simulation) quantifiziert. 
Die höchsten Anteile von FSGD und RSGD traten bei Niedrigwasser auf. Die mittleren An-
teile von FSGD und RSGD betrugen in der Nähe der Ästuarmündung 0,2 % und 0,8 % wäh-
rend einer 24-stündigen Zeitreihenmessung. Diese Informationen führten in Kombina-
tion mit einer Radon-Massenbilanz zur Bestimmung eines mittleren FSGD von 46.000 m³ 
d-1 sowie eines mittleren RSGD von 150.000 m³ d-1. Diese Ergebnisse implizieren unter 
Einbeziehung weiterer Daten, dass SGD ein bedeutender Pfad für den Eintrag von gelös-
tem anorganischem Stickstoff (DIN) in das Knysna-Ästuar darstellt. Diese Studie zeigt das 
Potenzial einer EMMA für die Bestimmung der Anteile von vier End-membern unter Nut-
zung von zwei gemessenen Variablen und unter Berücksichtigung der End-member-Un-
sicherheit. Außerdem wurde die Bedeutung von SGD für das Wasser- und DIN-Budget des 
Knysna-Ästuars aufgezeigt.      
(4) Quantifizierung von Grundwasseraustrittsrate und Wasserverweilzeit eines grundwas-
sergespeisten Sees (Ammelshainer See, Deutschland). 
Der vorgestellte Ansatz nutzt die stabilen Isotope des Wassers (δ18O, δ2H) und von Radon 
für die Bestimmung des mittleren langfristigen sowie der aktuellen Grundwasseraus-
trittsrate. Die Berechnungen beruhen auf Abschätzungen des Isotopeninventars anhand 
von Feldmessungen, der Isotopensignatur des Grundwassers sowie ergänzenden Klima- 
und Isotopen-Daten (Niederschlag). Die Ergebnisse einer stationären Isotopen-Massen-
bilanz für δ18O und δ2H sind übereinstimmend und ergaben einen langfristigen mittleren 
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Grundwasseraustritt von 2.800 bis 3.350 m³ d-1. Dieses Ergebnis wurde für die Modellie-
rung des jährlichen Zyklus des Isotopeninventars im See benutzt, welches mit den gemes-
senen Isotopenwerten konsistent ist. Die auf Grundlage einer Radon-Massenbilanz abge-
leiteten aktuellen Grundwasserzutrittsraten lagen im Gegensatz dazu deutlich niedriger, 
was jedoch nicht notwendigerweise einen Widerspruch darstellen muss, sondern viel-
mehr ein Hinweis auf eine möglicherweise ausgeprägte saisonale Variabilität des Grund-
wasseraustritts darstellen kann. Diese Studie zeigt Möglichkeiten und Grenzen der An-
wendung von einer Kombination aus δ18O/δ2H- und Radon-Massenbilanzen für die Be-
stimmung der Grundwasseranbindung von Seen mit einem vergleichsweise geringen 
Messaufwand unter Nutzung qualitativ hochwertiger und umfangreicher Klima-und Iso-
topen-Daten (Niederschlag).      
 
Diese Dissertation präsentiert wichtige methodische Fortschritte hinsichtlich der Anwen-
dung von Radon- und stabilen Isotopen-Massenbilanzen, der Quantifizierung von Unsi-
cherheit, der Unterscheidung von FSGD und RSGD anhand geochemischer Daten und der 
Validierung von FSGD. Außerdem wurden erstmals SGD-Raten für Standorte in Südafrika 
(False Bay und Knysna-Ästuar) vorgestellt.  
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 NOMENCLATURE  
Acronyms 
DIN  Dissolved Inorganic Nitrogen 
DOC  Dissolved Organic Carbon 
EMMA  End-Member Mixing Analysis 
FSGD   Fresh Submarine Groundwater Discharge 
GMWL Global Meteoric Water Line 
LEL  Local Evaporation Line 
LGD  Lacustrine Groundwater Discharge 
LMWL  Local Meteoric Water Line 
RMB  Radon Mass Balance 
RMSE  Root mean square error 
RRMSE Relative root mean square error 
RSGD   Recirculated Submarine Groundwater Discharge 
SGD   Submarine Groundwater Discharge    
UFZ  Helmholtz Centre for Environmental Research - UFZ 
VOC  Volatile Organic Compounds 
VSMOW Vienna Standard Mean Ocean Water 
 
Symbols 
Rnw   222Rn concentration in water     [Bq m-3] or [Bq l-1] 
Rnair   222Rn concentration in air      [Bq m-3] or [Bq l-1] 
Rnpw  222Rn concentration in porewater    [Bq m-3] 
RnF  Mean 222Rn concentration in water during flood tide [Bq m-3] 
RnE  Mean 222Rn concentration in water during ebb tide [Bq m-3] 
RnSW  222Rn concentration in seawater    [Bq m-3] 
RnIw   222Rn inventory in water     [Bq m-2] 
Rncor  Tide-corrected 222Rn concentration in water  [Bq m-3] or [Bq l-1] 
Rnobs  Observed 222Rn concentration in water   [Bq m-3] or [Bq l-1] 
Fatm  Atmospheric 222Rn flux (evasion)    [Bq m-2 d-1] 
Fdif  Diffusive 222Rn flux       [Bq m-2 d-1] 
Fdec   222Rn decay        [Bq m-2 d-1] 
FSW  Seawater-derived 222Rn flux     [Bq m-2 d-1] 
FRW  River-derived 222Rn flux      [Bq m-2 d-1] 
FGWi  Groundwater-derived 222Rn flux    [Bq m-2 d-1] 
FSGD  SGD-derived 222Rn flux      [Bq m-2 d-1] 
Fmix  222Rn mixing flux      [Bq m-2 d-1] 
Fprod  222Rn in-situ production      [Bq m-2 d-1] 
FRn  222Rn flux       [Bq l-1 s-1] 
K   222Rn partitioning coefficient water/air    [-] 
kRn  222Rn transfer velocity     [cm h-1] 
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r  222Rn mass transfer coefficient    [s-1] 
Dw  Diffusion coefficient of 222Rn in water   [m² s-1] 
Po  218Po concentration      [Bq m-3] or [Bq l-1] 
PoIw   218Po inventory       [Bq] 
v10  Wind speed 10 m above ground    [m s-1] 
ScRn  Schmidt number of 222Rn     [-] 
ScCO2  Schmidt number of carbon dioxide   [-] 
c  Empirical parameter     [-] 
n  Porosity       [-] 
mix  Mixing rate       [d-1] 
τ  Residence time      [d] 
ARSW  Activity ratio of 224Ra/223Ra in seawater   [-] 
ARSGD  Activity ratio of 224Ra/223Ra in SGD   [-] 
ARE  Activity ratio of 224Ra/223Ra in estuary water  [-] 
λ218-Po  218Po decay constant     [s-1] 
λ222-Rn  222Rn decay constant     [s-1] or [d-1] 
λ223-Ra  223Ra decay constant     [d-1] 
λ224-Ra  224Ra decay constant     [d-1] 
Δt  Time step       [s] or [d] 
wt  Time dependent weighting factor    [-] 
fFSGD  FSGD fraction      [-] 
fRSGD  RSGD fraction      [-] 
SalAOI  Salinity in the area of interest    [-] 
SalSW  Salinity of seawater end-member    [-] 
VAOI  Water volume of area of interest    [m³] 
VF  Water volume at peak flood tide    [m³] 
VE  Water volume at peak ebb tide    [m³] 
VTP  Water volume of the tidal prism    [m³] 
z  Water depth       [m] 
A  Area        [m²] 
tide  Normalized tide-induced water level fluctuation  [m] 
b  Return flow factor      [-] 
h  Relative humidity      [-] 
T  Tidal Period       [d-1] 
Q  River Runoff       [m³ d-1] 
R0  Tidal exchange ratio      [-] 
P  Sum of Precipitation      [m³] 
E  Sum of Evaporation       [m³] 
Gi  Sum of Groundwater inflow    [m³] 
Go  Sum of Groundwater outflow    [m³] 
δ  Delta notation      [‰] 
δP  Isotopic composition of precipitation   [‰] 
δE  Isotopic composition of evaporation   [‰] 
Nomenclature   
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δGi  Isotopic composition of  groundwater   [‰] 
δGo  Isotopic composition of water exfiltrating into aquifer [‰] 
δL  Isotopic composition of lake water   [‰] 
δE  Isotopic composition of the evaporate   [‰] 
δA  Isotopic composition of atmospheric moisture  [‰] 
ε+  Equilibrium isotopic separation     [‰] 
εK  Kinetic isotopic separation     [‰] 
α+  Equilibrium isotopic fractionation factor    [-] 
Robs  Observed isotopic ratio     [-]  
RVSMOW VSMOW isotopic ratio     [-] 
k  Seasonality factor      [-] 
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PART I: GROUNDWATER DISCHARGE INTO SURFACE WATER 
BODIES  
1 MOTIVATION AND BACKGROUND 
In many places of the world, surface water bodies and connected ecosystems are under 
environmental stress as a consequence of increased urbanization and the detrimental im-
pact of global climate change (Aylward et al., 2005; Rasch et al., 2005). Environmental 
stress may arise from groundwater discharge, which plays a key role for the water and 
matter budget of surface waters. Besides its beneficial effects on aquatic life in supplying 
nutrients that fuel primary productivity, groundwater discharge may also represent a 
threat to surface water quality, ecosystem health and the related ecosystem service pro-
vision due to the potential transport of excessive nutrient loads, heavy metals or organic 
pollutants (e.g., Moore, 2010; Rodellas et al., 2014; Rocha et al., 2016). This threat is of 
particular relevance along coastlines that are impacted by intense agriculture, industry or 
urbanization.  
Contaminant concentration in groundwater is most often higher compared to streams and 
rivers, which makes groundwater discharge almost always relevant for the matter budget 
of the surface water body even if the volumetric flux is smaller than that of streams or 
rivers. On a global scale, groundwater discharge is expected to be responsible for 5-10 % 
of the freshwater input to the oceans (Burnett et al., 2003; Zektser et al., 2006), but 
roughly for one third of the global input of dissolved solids (Zektser and Loaiciga, 1993). 
The potential effects of groundwater discharge into surface water bodies comprise nutri-
ent supply, which may lead to eutrophication if certain loads are exceeded. Eutrophication 
can result in increased growth of phytoplankton (Laroche et al., 1997; Hu et al., 2006; Lee 
et al., 2012), which might even be toxic to the aquatic environment and/or can result in 
critical depletion of dissolved oxygen, respectively. These effects can threaten human and 
aquatic ecosystem health, respectively. Many studies focusing on nutrient budgets of sur-
face water bodies disregard the effect of groundwater discharge (Lewandowski et al., 
2015). However, several studies have demonstrated that groundwater discharge repre-
sents a key control on surface water body matter dynamics (e.g. Lee et al., 2012; Roy and 
Malenica, 2013; Meinikmann et al., 2015; Rocha et al., 2015). In addition to that, discharge 
of fresh groundwater along marine coastlines means a loss of freshwater, an issue that is 
of particular interest in coastal areas that are faced to freshwater scarcity.  
Therefore, the localization of groundwater discharge areas and the quantification of 
groundwater discharge fluxes are both essential to identify where increased matter fluxes 
originate from and how groundwater discharge related matter inputs compare to other 
matter sources. Hence, the quantitative understanding of groundwater discharge pro-
cesses is a prerequisite for an integrated water resource management aiming at the re-
tention of the ecosystem services.  
This thesis focuses on groundwater discharge into coastal water bodies and into lakes. 
Groundwater discharge in coastal areas falls under the umbrella term of submarine 
groundwater discharge (SGD), groundwater discharge into lakes is referred to as lacus-
trine groundwater discharge (LGD). Both processes have many similarities, but also im-
portant differences. Thus, SGD and LGD will be discussed separately. In the following 
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chapters of Part I the role of surface water bodies as ecosystem service provider will be 
sketched briefly before characterizing SGD and LGD related processes, dynamics, meth-
ods for its determination and demonstrating its relevance for water and matter budgets. 
After that, important background information on the applied environmental tracer tech-
niques will be given before the objectives of this thesis will be raised in detail (chapter 6).  
In Part II, four studies will be reported – one purely methodological study and three stud-
ies investigating groundwater discharge into different water body types each with a dis-
tinct methodological focus.  
The final Part III of this thesis consists of a conclusion, which includes a brief comparison 
of the three field studies from Part II, summarizes important achievements and presents 
an outlook on the future of this topic under global environmental change and points to-
wards potential future research directions.    
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2 ECOSYSTEM SERVICES RELATED TO GROUNDWATER DISCHARGE 
Surface water bodies such as lakes, estuaries or the coastal sea provide various ecosystem 
services which are crucial for human well-being. According to the Millennium Ecosystem 
Assessment (Aylward et al., 2005; Dayton et al., 2005) surface waters offer: 
1) Provisioning services: 
a) Water (quality and quantity) for consumptive use (drinking, domestic use, agri-
culture, industry) 
b) Water for non-consumptive use (for generating power and transport/navigation) 
c) Aquatic organisms for food and medicines 
2) Regulatory services: 
a) Maintenance of water quality (natural filtration and water treatment) 
b) Buffering of flood flows, erosion control through water/land interactions and 
flood control infrastructure 
3) Cultural services: 
a) Recreation (rafting, kayaking, swimming, hiking, fishing as a sport) 
b) Tourism  
c) Existence values (personal satisfaction) 
4) Supporting services: 
a) Role in nutrient cycling, primary production 
b) Carbon sequestration 
c) Predator/prey relationship and ecosystem resilience 
Coastal systems contribute significantly to human well-being at a global scale by provid-
ing goods and services that are worth 43 % of the global ecosystem services while cover-
ing only 8 % of the world´s surface (Costanza et al., 1997). Coastal areas generate various 
values such as seafood products like fish, mussels, crustaceans and seaweeds or genetic, 
medical and ornamental goods (e.g. corals). Estuaries are a specific type of coastal systems 
that belong to the most fertile environments as a consequence of the interaction of nutri-
ent-rich river water and nutrient-poor seawater, which creates an important feeding and 
breeding ground for numerous species (Savenije, 2012). The distinct importance of estu-
aries to mankind becomes clear by considering that 27 % of the world´s population live 
within 50 km of an estuary (Dayton et al., 2005) and 41 % of the world´s population lives 
within 100 km from the coast (Martínez et al., 2007). Most of them rely directly or indi-
rectly on the ecosystem services provided by the estuary. Dayton et al. (2005) emphasize 
the importance of coastal waters as nursery ground for the majority of world´s marine 
fishery species that are caught. A loss of nursery areas (e.g. due to water quality deterio-
ration) usually affects fisheries even outside the nursery area. The ecosystem services 
provided are not only important for local communities but also for national economies, 
e.g. the total value of estuarine and estuary-dependent fishery in South Africa was esti-
mated with ZAR 1.251 billion (Lamberth and Turpie, 2003) which was equal to 83 million 
Euro in 2003. In addition to marketable values, landscape features (e.g. good beaches for 
recreation) and ecological processes (e.g. nutrient cycling) provide important further eco-
system services (Dayton et al., 2005). Water quality does also affect the real estate market 
as shown by Leggett and Bockstael (2000) for Chesapeake Bay (Virginia and Maryland, 
USA), where the water quality was shown to have a significant effect on property values. 
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Lakes provide a wide range of ecosystem services such as a habitat for freshwater species, 
climate change mitigation, sediment and nutrient retention and processing as well as hy-
drological regulation (Schallenberg et al., 2013). A specific feature of lakes is that  ̶ in com-
parison to estuaries or coastal water bodies  ̶ water may reside much longer (up to several 
years). The longer residence time provides the opportunity for mitigation of incoming 
contaminants which results in purifying the outflowing water (Schallenberg et al., 2013). 
One key process of mitigation is denitrification which results in permanent removal of 
reactive nitrogen from aquatic systems, thus providing a buffering capacity to contami-
nant input.  
Moosdorf and Oehler (2017) report on the use of fresh groundwater discharge (FSGD) in 
past and present societies. FSGD was and is still used as a source for drinking water for 
local communities in many regions around the globe. Historic accounts report on FSGD 
use in the city of Aradus (now Arwad, Syria) or Chekka (Lebanon). Current examples com-
prise FSGD usage in Labuhan Lombok (Indonesia) or Lima (Peru). Further, FSGD locations 
are used for hygiene purposes such as for bathing (e.g. Tahiti) or for laundry (e.g. Papua 
New Guinea). FSGD is also used for agricultural purposes such as cattle feeding in south-
ern Java (Indonesia) or for irrigation in Kiveri (Greece). Moreover, FSGD is important for 
local fishermen since a high abundance of fish is often related to FSGD occurrence. The 
high abundance of fish also attracts recreational divers, which became a relevant eco-
nomic factor for local communities in recent decades. Moreover, several examples of cul-
tural uses related to FSGD exist. For instance, the Hindu temple Tanah Lot (Bali, Indone-
sia), which ranks amongst the main tourist attractions of the island, was built on a karstic 
intertidal spring. In the Epic of Gilgamesh the submarine springs of Dilmun (Bahrain) 
were attributed to the Sumerian god “Enki” (Rausch et al., 2014).   
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3 SUBMARINE AND LACUSTRINE GROUNDWATER DISCHARGE 
3.1 Submarine Groundwater Discharge (SGD)  
Groundwater discharge into coastal zones via submarine springs and seeps have been 
known for many centuries as documented by the ancient scientists Lucretius, Strabo and 
Pausanius (Zektzer et al., 1973). Alexander von Humboldt described a submarine spring 
off Cuba as a danger for smaller vessels and observed that manatees gathered at the spring 
and were hunted by fishermen (Moosdorf and Oehler, 2017). Reports on submarine 
springs exist for many regions around the world, amongst them the Mediterranean Sea, 
the Atlantic Ocean, the Pacific Ocean, the Persian Gulf or the Black Sea (Zektzer et al., 1973 
and references therein), whereof most reports on SGD origin from karstic regions.  
Although, direct discharge of groundwater into the sea was observed a long time ago, the 
freshwater/seawater interface was assumed as a no flow boundary by early groundwater 
hydrologists. Therefore, SGD was scientifically ignored due to the difficulty of its detection 
and the perception that SGD is not relevant. Instead, hydrogeologists were mainly con-
cerned with the description of the freshwater/seawater interface. The Ghyben-Herzberg 
(1888/89 and 1901) relationship describes the location of the freshwater/seawater in-
terface in a confined coastal aquifer assuming a sharp interface. As a consequence of the 
seawater/freshwater density ratio (~1.025) water table fluctuations on land correspond 
with a change of the freshwater/seawater interface depth amplified by a factor of ~40, i.e. 
1 m groundwater level elevation above the sea level equals 40 m thickness of the fresh-
water lens below the sea-level (Barlow, 2003).   
The first serious scientific investigations of SGD date back to the 1960s, when Kohout 
(1966) reported on artesian submarine springs in Biscayne Bay (Florida, USA). Since then, 
attention has dramatically increased because SGD may be volumetrically and chemically 
relevant (Johannes, 1980) either due to direct discharge (Zektser and Loaiciga, 1993) or 
by chemical reactions associated with seawater circulation through coastal aquifers 
(Moore, 1999). Therefore, SGD is defined as “any and all flow of water on continental mar-
gins from the seabed to the coastal ocean, regardless of fluid composition or driving force” 
(Burnett et al., 2003). Consequently, the term SGD includes seawater intruded into sub-
merged materials. Two major forms of SGD can be distinguished (Figure 1):  
(1) Pure freshwater discharge (fresh SGD  ̶ FSGD) from terrestrial aquifers that are 
connected to the coastal sea driven by a positive hydraulic gradient, and  
(2) Saline, re-circulated groundwater (re-circulated SGD  ̶ RSGD) that origins from 
periodical penetration of seawater (i.e. seawater, estuary water) into the seabed. 
FSGD is a source of “new” water and matter to the coastal sea. The chemical composition 
of FSGD reflects the geogenic background of the catchment as well as land use activities. 
RSGD on the other hand is no source of “new” water, however during the circulation of 
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seawater through sediments different biogeochemical processes (3.1.1) cause the compo-
sition of RSGD to differ from that of seawater (Moore, 2010). The terms FSGD and RSGD 
are simultaneously used to describe the processes as well as the related fluids.    
3.1.1 Basic Processes 
SGD occurs on a wide range of spatial scales. Bratton (2010) distinguished three spatial 
scales: (1) the nearshore scale (Figure 1), which spans ~0-10 m offshore and includes the 
upper unconfined aquifer; (2) the embayment scale, which spans 10 m to 10 km offshore 
and includes the first confined submarine aquifer; and (3) the shelf scale, which spans the 
width and thickness of the aquifers over the entire continental shelf. Since the applica-
tions in this thesis focus on the nearshore scale, only processes which are typical to occur 
at this spatial scale will be described in detail.  
The nearshore scale is the best-studied scale of SGD due to its easy accessibility and the 
chance of visual observable groundwater discharge at low tide (Bratton, 2010). Numerical 
simulations (Robinson et al., 2007b; Li et al., 2008) have shown that nearshore systems 
tend to form a re-circulation cell in response to tidal water level fluctuations (see Figure 
1). FSGD through permeable sediments is usually diffuse, spatially highly heterogenouos 
and temporally variable. Several studies have shown that the magnitude of SGD generally 
decreases with increasing water depth and distance from the coast (Bokuniewicz, 1980; 
Taniguchi et al., 2002). 
Santos et al. (2012) reviewed and defined twelve driving forces of SGD in permeable 
coastal sediments (Figure 2). These forces occur on scales from millimeters to kilometers 
and from seconds to years.  
 
Figure 1: Schematic diagram of submarine groundwater discharge at the nea r-
shore scale. A saline recirculation cell exists between the low and high tide lines. 
Zones of freshwater discharge are landward and seaward of the recirculation cell 
Source: Bratton (2010). 
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Figure 2: Driving forces of SGD.  Driver 1 is associated with FSGD, drivers 2-12 are associated with RSGD. All 
drivers can be a source of new or recycled matter to seawater, whereas only  driver 1 results in input of „new“ 
water Source: Santos et al. (2012). 
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The relative contribution of each individual force is usually hard to assess. All of these 
forces contribute to the flux of “new” (i.e. terrestrial-derived) or recycled matter to the 
sea. The only driving force, which causes flux of “new” water to the sea is the terrestrial 
hydraulic gradient (Figure 2-1). FSGD occurs as long as the hydraulic gradient is directed 
seaward and the coastal aquifer is connected to the ocean. However, temporal variations 
of the hydraulic gradient between land and sea (Figure 2-2) can drive seawater circulation 
in coastal aquifers (Michael et al., 2005). SGD rate dependence on seasonally varying 
groundwater level elevation was found in many regions (Knee and Paytan, 2011). 
Other crucial processes governing SGD are varying seaward pressure effects induced by 
wave setup or tidal pumping (Figure 2-3). Both processes drive seawater re-circulation 
through coastal sediments on different spatial and temporal scales. Wave setup flushes 
beach sediments on the centimeter range, tidal pumping flushes on the meter range. In 
response to the characteristics of these processes the magnitude of SGD is known to vary 
on semi-diurnal, diurnal and seasonal timescales. Most studies reveal higher SGD rates 
during low tide compared to high tide (Swarzenski et al., 2006; Peterson et al., 2008; 
Taniguchi et al., 2008) as a consequence of the steeper seaward directed hydraulic gradi-
ent and the resulting lower hydrostatic pressure during low tide. The dependence on tidal 
dynamics is further manifested by the observations of higher SGD rates during spring 
tides in comparison to neap tides (e.g. Rapaglia, 2005).  
Further driving processes are water level differences across permeable barriers (Figure 
2-4), flow- and topography-induced pressure gradients (Figure 2-5), wave pumping (Fig-
ure 2-6); ripple and other bed form migration (Figure 2-7), fluid shear (Figure 2-8), den-
sity-driven convection (Figure 2-9), bioirrigation and bioturbation (Figure 2-10), gas bub-
ble upwelling (Figure 2-11), and sediment compaction (Figure 2-12). 
The reason why not only FSGD is of interest, but also RSGD is that the transition zone 
around the freshwater/seawater interface, known as the “subterranean estuary” (Moore, 
1999), has a significant effect on SGD composition. The subterranean estuary is charac-
terized by steep geochemical gradients regarding dissolved oxygen, pH, redox potential 
etc. That means during residence of seawater within the subterranean aquifer the fluid 
composition is altered as a consequence of chemical reactions between the mixture of 
seawater and fresh groundwater and the aquifer solids such as adsorption and desorption 
of ions, redox reactions, dissolution and precipitation of carbonates and remineralization 
of organic matter. The discharge of these fluids from the subterranean estuary causes a 
net flux of “new” material to the coastal zone. Processes in the subterranean estuary can 
initiate rapid changes in nutrient concentration and speciation (Kroeger and Charette, 
2008; Ibánhez et al., 2013), e.g. due to denitrification (Erler et al., 2014). As a result, the 
subterranean estuary can act either as a sink or a source of chemical constituents for the 
coastal sea. For instance, the modified transport pathway (e.g. longer residence times due 
to tidal forcing) and the distinct geochemical conditions in the subterranean estuary favor 
degradation and/or retention of contaminants originating from terrestrial sources 
(Robinson et al., 2007a). Hence, the processes in the subterranean estuary decrease the 
threat of contaminant discharge. Tamborski et al. (2017) investigated water residence 
times in two subterranean estuaries of Long Island Sound (New York, USA). They differ-
entiated between a terrestrial hydraulic gradient dominated site and a tidal pumping 
dominated site with higher residence times observed in the latter. The findings of this 
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study suggest further that water residence times increase with depth within the subter-
ranean estuary.  
3.1.2 Determination of SGD 
During the past two to three decades a couple of techniques have been developed for SGD 
quantification on several spatial and temporal scales. Seepage meters (Lee, 1977; 
Taniguchi et al., 2002) provide point information, tracer studies cover scales from small 
harbor basins to entire ocean basins (Moore et al., 2008) and water balance estimations 
reach up to the continental and global scale (Burnett et al., 2006).  
Seepage meters are usually made of plastic or steel drums with attached plastic bags that 
are inserted open end down into the sediment of a water body. These instruments are 
designed for collecting and measuring the change in volume over time, which is then con-
verted to the advective flux of water from the aquifer into a surface water body. Seepage 
meters have the potential to provide precise point information if a range of requirements 
(e.g. low wave action) is met (Burnett et al., 2006). Seepage meters have the advantage 
that the collected water can be analyzed geochemically, e.g. for separating FSGD and 
RSGD. Since SGD is very heterogenouos in space and time, a large number of seepage me-
ters is required for a representative estimation of SGD rates from the medium to the large 
scale. Recent developments include a “continuous-heat type automated seepage meter” 
(Taniguchi and Iwakawa, 2004) or a “dye-dilution seepage meter” (Sholkovitz et al., 
2003).   
Another approach for determining SGD is to utilize the generally distinct temperature gra-
dient between groundwater and seawater. Moore et al. (2002) utilized time-series of tem-
perature from a probe situated in a high-permeability zone 2 m below the sea bed for the 
quantification of groundwater discharge rates. Further, analysis of temperature patterns 
by remote sensing provides a cost effective method for large-scale screening for potential 
SGD sites. Wilson and Rocha (2012) used temperature anomalies over time for delineat-
ing cold water plumes off the Irish coastline. A similar approach resulted in localization of 
37 potential SGD sites along the Dead Sea coastline (Mallast et al., 2013). Mejías et al. 
(2012) conducted sea surface temperature and salinity mapping for SGD spot identifica-
tion along the Western Mediterranean Sea. Tamborski et al. (2015) used the spatial extent 
of a thermal anomaly area to calculate the FSGD in a diffuse SGD area into Long Island 
Sound (New York, USA), which was validated on ground using seepage meters and envi-
ronmental tracers. However, temperature anomalies are ambiguous since other pro-
cesses such as upwelling of deep, cold waters may generate similar patterns as caused by 
SGD. 
In numerical groundwater flow modelling, the findings of Hubbert (1940) lead to the con-
clusion that saline groundwater is not necessarily stationary, which was a progress to the 
Ghyben-Herzberg relationship. The subsequent generation of numerical models allowed 
to simulate movement of the freshwater/seawater interface in response to time-varying 
hydraulic gradients but was still prohibiting flow across the interface. During the last dec-
ade the influence of tidal pumping and density-driven flow was incorporated into numer-
ical models (Michael et al., 2005; Li et al., 2009; Walther et al., 2014). Other approaches 
include also flow-topography interaction (Walther et al., 2017) and effects of bioirrigating 
fauna in sediments (Santos et al., 2012 and references therein).  
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Regional applications include the determination of discharge from un-monitored near-
coastal catchments via streams and groundwater along the Swedish Baltic Sea Coast 
based on high resolution spatial data such as vegetation, soil texture, land-use and topog-
raphy (Jarsjö et al., 2008). Sawyer et al. (2016) presented water balance based estimates 
of groundwater discharge along the entire coastline of the US and utilized this information 
in combination with land-use in the hinterland for a vulnerability assessment by defining 
areas at risk for seawater intrusion and areas at risk for contamination of coastal waters, 
respectively.  
Environmental (i.e. naturally occurring) tracers are applied for local to regional scale SGD 
studies. The main advantage of tracer based approaches is that small scale variations are 
smoothed out over time and space since usually the inventory of a budget area is deter-
mined and analyzed. The main drawback of tracer studies is that they require a precise 
assessment of other sources and sinks of the tracer in the investigated system for provid-
ing a reliable result. Suitable environmental tracers reveal a distinct concentration gradi-
ent between fresh groundwater and seawater. For studying SGD, the most widely applied 
environmental tracers are the radionuclides radon (222Rn) and radium (223Ra, 224Ra, 226Ra, 
228Ra) as well as salinity (e.g. Stieglitz, 2005; Burnett and Dulaiova, 2006; Mejías et al., 
2012; Mwashote et al., 2013; Schubert et al., 2015). Several criteria must be assessed 
when applying environmental tracers for SGD quantification: boundary conditions (area, 
depth, volume of the water body), tracer sources and sinks, residence time of surface wa-
ter, and end-member concentration (Burnett et al., 2006). Besides SGD quantification, en-
vironmental tracers are also a common approach for localizing SGD, e.g. using radon map-
ping (Stieglitz, 2005; Mwashote et al., 2013; Stieglitz et al., 2013b). These environmental 
tracer techniques will be discussed in detail in chapter 5. 
3.1.3 SGD and the Water Balance 
Awareness of the relevance of groundwater discharge into coastal water bodies has de-
veloped in recent decades. Burnett et al. (2003 and references therein) and Zektser et al. 
(2006) present FSGD estimates of 5-10 % of the global river runoff. If this 5-10 % estimate 
is valid, global FSGD would be (1.8 to 3.7) * 1012 m³ a-1 based on a recent determination of 
the global river runoff of 37.3 ± 6.6 * 1012 m³ a-1 (Dai and Trenberth, 2002). However, this 
estimate can be much higher on a regional scale as shown for Kahana Bay (Hawaii, USA), 
where FSGD comprised 16 % of total river runoff (Garrison et al., 2003) or for Osaka Bay 
(Japan), where FSGD was 29 % of total SGD (Taniguchi et al., 2005). In karst or volcanic 
systems SGD is the dominant hydraulic connection between land and sea (Knee and 
Paytan, 2011). Total SGD (FSGD plus RSGD) was investigated in many tracer studies. 
Moore et al. (2008) estimated total SGD to the Atlantic Ocean using 228Ra as a tracer with 
2 to 4 * 1013 m³ a-1 which is 0.8 to 1.6 times that of the river discharge into the Atlantic 
Ocean. Normalized to the Atlantic Shoreline (85,000 km) the SGD is ~1,000 m³ d-1 per 
meter coastline. Kwon et al. (2014) estimated global SGD between 60° S and 70° N based 
on 228Ra with 12 ± 3 * 1013 m³ a-1 which is three to four times greater than the river runoff 
to the Atlantic and the Indo-Pacific Oceans. The estimated total SGD is significantly greater 
than global estimates of FSGD. Considering the estimate of Moore et al. (2008) the esti-
mate by Kwon et al. (2014) implies that 70 % of SGD occurs into the Indo-Pacific Oceans, 
which is somewhat higher than the riverine discharge into the Indo-Pacific (Kwon et al., 
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2014). The ratio of FSGD to RSGD is spatially highly variable with FSGD contributions to 
total SGD of up to 30 % (Knee and Paytan, 2011). 
Rocha et al. (2016) found RSGD of up to 35 m³ d-1 per meter coastline for Ria Formosa 
(Algarve, Portugal), a coastal lagoon at the Atlantic with a tidal range of up to 2.8 m, refer-
ring to the coastline of the inner part of the lagoon. FSGD for Ria Formosa were estimated 
with 0.3 m³ d-1 per meter coastline by Leote et al. (2008). Povinec et al. (2012) reported 
SGD of 5 to 56 m³ d-1 per meter coastline and FSGD of 26 m³ d-1 per meter coastline for 
the volcanic island of Mauritius. Taniguchi et al. (2008) determined total SGD into Manila 
Bay (Philippines) with 12.4 m³ d-1 per meter coastline, Burnett and Dulaiova (2003) re-
port total SGD of 12 to 43 m³ d-1 per meter coastline for Apalachee Bay, Gulf of Mexico 
(Florida, USA), Wu et al. (2013) estimated SGD into Xiangshan Bay (Zhejiang, China) with 
~70 m³ d-1 per meter coastline, Dulaiova et al. (2006) found SGD of over 200 m³ d-1 per 
meter coastline for Chao Phraya Estuary into the Gulf of Thailand, and Peterson et al. 
(2008) calculated SGD, mainly composed of RSGD greater than 315 m³ d-1 per meter 
coastline for Yellow River Delta (Shandong, China). Jarsjö et al. (2008) reported that FSGD 
accounted for ~20 % of the total freshwater discharge (of FSGD plus river discharge) 
along the Swedish Baltic Sea Coast. 
Prieto and Destouni (2011) proposed a linear relationship between annual average FSGD 
and total SGD (Eq. 1) derived from a meta-analysis of simulation results and field data. 
This relationship seems to offer a first order approximation of SGD characterization.  
SGD [m3d−1 per meter coastline] = 1.1 ∗ FSGD + 1.3    (Eq. 1) 
While being consistent for direct measurements via seepage meters, some tracer based 
applications (especially those based on radium) differed systematically from the sug-
gested relationship. This offset may be explained by the difficulties in defining accurate 
radium end-members for groundwater as a consequence of the high spatial and temporal 
variability of radium nuclides in groundwater in response to significantly varying salini-
ties. An issue that was recently investigated by Cerda-Domenech et al. (2017, see also 5.2). 
The often observed large difference of up to two orders of the SGD magnitude for the same 
locations between radium based and numerical modelling based results is also raised by 
McCoy and Corbett (2009) who hypothesize that many radium based studies may over-
estimate SGD due to inaccurate radium end-member characterization.  
Post et al. (2013) report on vast meteoric (i.e. originating from atmospheric precipitation) 
groundwater reserves on continental shelves. These groundwater reserves are made of 
fresh to brackish water with a dominating freshwater fraction (total dissolved solids <10 
g l-1, i.e. maximum ~30 % seawater). Many of those freshwater reserves were recharged 
during the Last Glacial Maximum (26,500 - 19,000 years before present) when a large 
fraction of the world´s shelf areas were exposed due to a lower sea level. Fresh ground-
water below the seafloor was found up to 100 km from the coast of Florida, which was 
linked to higher water table levels before the time of massive groundwater exploitation 
(Bakker, 2006). The shelf exposure increased the area which was available for infiltration 
of meteoric water and, in addition, lower temperatures decreased evapotranspiration. 
The combination of these both processes resulted in significant higher groundwater re-
charge rates compared to present conditions   ̶ at least on a regional level. Another favor-
ing factor for creation of offshore groundwater reserves were higher topographic energy 
during sea-level low stands which allowed deep incision of rivers as well as the existence 
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of paleo-channels filled with high permeable sediments acting as preferential flow sys-
tems. The total volume of continental shelf groundwater (TDS < 10 g l-1) along passive 
continental margins was estimated with 5 * 105 km³ (Post et al., 2013) which is about one 
tenth of the global volume of shallow (< 750 m below surface) groundwater (Berner and 
Berner, 2012). However, this estimate should be viewed as an order-of-magnitude calcu-
lation since considerable uncertainty arises from the lack of observational data.  
SGD is most often patchy, diffuse, temporally variable and may involve several aquifers 
(Burnett et al., 2006). Based on a literature review Taniguchi et al. (2002) reported that a 
general decrease of SGD rates over about three orders of magnitude was observed with 
increasing water depth (i.e. distance from the shoreline) in most studies. In seasonal cli-
mates SGD rates vary seasonally in response to temporal oscillations of the groundwater 
recharge rate. Michael et al. (2005) have demonstrated that peak SGD rates lag behind 
peak recharge rates one to five months (Figure 3). Stieglitz (2005) identified different 
modes of SGD along a 250 km coastline stretch of the Great Barrier Reef (Australia) in-
ferred from shore-parallel radon transects.  
Besides being a potential pathway for pollutants, SGD represents a loss of freshwater in 
coastal zones, an issue that is of particular interest in regions with at least seasonal water 
scarcity. Bakken et al. (2011) discussed its potential as a source for drinking water supply 
and conclude that no general technical, economical or environmental obstacles exist to 
exploit these resources. The utilization of fresh to brackish water resources could be an 
alternative to costly desalination of pure seawater and to groundwater exploitation from 
urban aquifers, which could trigger land subsidence and promote seawater intrusion.  
Figure 3: Simulation of FSGD and RSGD in response to seasonal oscillations of groundwater re-
charge. The parameter set was fixed with: aquifer thickness: 100 m, annual average recharge: 0.001 m d -
1; longitudinal dispersivity: 2 m; transversal dispersivity: 0.1 m.  Figures 3a) and 3b) differ with respect 
to hydraulic conductivity with a) 5 *10-4 m s-1 and b) 1 * 10-4 m s-1, respectively. Source: (Michael et al., 
2005). 
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3.2 Lacustrine Groundwater Discharge (LGD) 
Groundwater and lakes were historically viewed and managed as separate entities equiv-
alent to groundwater and seawater. Similarly to SGD, lacustrine groundwater discharge 
[LGD, Lewandowski et al. (2015)] has often been disregarded in lake water and nutrient 
budgets. During the past four decades an increasing number of publications dealt with 
groundwater lake interactions and increased the understanding of the physical, chemical 
and biological interaction (Winter et al., 1998; Rosenberry et al., 2015).  
3.2.1 Basic Processes 
In the lake-aquifer interface processes similar to those in the river-aquifer-interface 
(Krause et al., 2011), the hyporheic zone, occur. The hyporheic zone, which also refers to 
the lake-aquifer-interface, governs system metabolism and nutrient retention. However, 
in contrast to rivers, groundwater – lake water interactions are assumed to be signifi-
cantly smaller because virtually no hydraulic gradients exist across the lake surface or 
within the lake water column (Lewandowski et al., 2015). However, temporally limited 
reversal of the flow direction is reported due to seasonally varying hydraulic gradients 
between lake and aquifer (Schuster et al., 2003) or due to waves and seiches (Rosenberry 
et al., 2013).   
The governing factors for the LGD nutrient flux is the LGD water flux, groundwater nutri-
ent concentration before reaching the lake water-aquifer interface and the residence time 
within the hyporheic zone (Buso et al., 2009). The nutrient concentration in groundwater 
is a function of the geogenic background, anthropogenic input and degradation within the 
aquifer. Many studies have demonstrated that the composition of groundwater before 
reaching the interface differs significantly from that of the discharging groundwater 
(Dean et al., 2003). The high reactivity of the lake-aquifer-interface is induced by the high 
organic content, which may cause mineralization and subsequent alternation of the redox 
milieu and the resulting nutrient release. Reducing conditions can cause dissolution of 
redox-sensitive species which coincides with the release of sorbed phosphate. Further, 
biological activity as well as sorption/desorption processes may be promoted by high or-
ganic matter contents (Frape and Patterson, 1981; Lewandowski et al., 2015). Other pro-
cesses that drive the lake  ̶ groundwater interaction are diffusion of chemical compounds 
from the lake into the transition zone, and water exchange due to bioturbation and bioir-
rigation (Lewandowski et al., 2015). 
3.2.2 Determination of LGD 
Several methods for determining LGD exist including watershed-scale studies, lake-water 
budgets, combined lake-water and chemical budgets, well and flow-net analysis, ground-
water flow modelling, tracer studies, thermal methods, seepage meters and biological in-
dicators (Rosenberry et al., 2015). Several authors calculated discharge rates from hy-
draulic gradients between lake and groundwater and hydraulic properties of the aquifer 
and lake bed sediments (Kishel and Gerla, 2002; Rudnick et al., 2015). The major obstacle 
of this approach is that results are very sensitive to small differences of hydraulic heads 
and small-scale variations of the hydraulic conductivity which may fall in the range of 
measurement uncertainty. Numerical groundwater flow modelling (Wollschläger et al., 
2007) requires high quality a priori information that might not be available in many cases. 
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The only approach for direct measurement of LGD are seepage meters (Rosenberry et al., 
2008). While providing precise point-scale information a general drawback of seepage 
meters is that they may not be spatially representative since LGD is known to be highly 
heterogeneous for many lakes. Direct measurements are limited to specific areas or 
lakeshore sections, whereas mapping of geochemical tracers provides an integral signal 
of the entire water body.  
3.2.3 LGD and the Water Balance 
Groundwater discharge into lakes is often neglected in lake water balances due to diffi-
culties in its determination. However, several authors have shown that groundwater dis-
charge may dominate the lake water balance both for lakes with (e.g., Rosenberry and 
Winter, 2009; Kidmose et al., 2013) and without (e.g., Stets et al., 2010; Zhou et al., 2013) 
surface water inlets or outlets. Based on a review of 127 lake-groundwater interaction 
studies Rosenberry et al. (2015) reported median groundwater discharge velocities of 
0.74 m d-1 and median outflow (flow from the lake into the aquifer) rates of 0.60 m d-1. 
The total range of the estimated groundwater discharge rates was 0.05 to 1240 l m-2 d-1 
(Lewandowski et al., 2015). The groundwater contribution to the lakes water budget 
ranged from 0 % to 95 % (110 studies analyzed) with a median of 31 %. The authors 
critically remark a potential bias of these values since most studies were explicitly tar-
geted at quantifying groundwater discharge rates, therefore, they may be conducted in 
settings were significant groundwater discharge occurs. Further, Rosenberry et al. (2015) 
found a negative relationship between lake area and groundwater discharge rate for lakes 
greater than 100 ha. McBride and Pfannkuch (1975) described an exponential decrease 
of seepage rates with increasing distance offshore in lakes, which is similar to the obser-
vations made for SGD (see 3.1.3).  
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4 THE EFFECT OF GROUNDWATER DISCHARGE ON SURFACE WATER 
QUALITY 
The concentration of chemical constituents such as nutrients or metals in groundwater is 
usually higher than in the receiving surface water body. Therefore, even small volumetric 
contributions of groundwater discharge result in significant matter fluxes into the receiv-
ing surface water bodies (Slomp and Van Cappellen, 2004). Groundwater discharge is po-
tentially a key control for supplying limiting nutrients to surface waters which governs 
primary production.  
4.1 Nutrient Input 
Many ecosystems rely on groundwater discharge as a significant source of nutrients. 
Johannes (1980) emphasized the importance of SGD on marine ecosystems by influencing 
productivity, biomass, species composition and zonation. In general, nitrogen is consid-
ered the limiting nutrient in most marine and some freshwater systems, whereas in fresh-
water ecosystems phosphorous is considered the limiting nutrient (Lewandowski et al., 
2015). However, some species might also be silicon limited (Rocha et al., 2002). Conse-
quently, many studies that focus on groundwater-borne nutrient fluxes investigate the 
inorganic nitrogen species (nitrate, nitrite, and ammonium), phosphate and silicate. 
Nitrogen and foremost nitrate is generally significantly elevated in groundwater com-
pared to coastal waters. Nitrate concentrations are particularly elevated in areas which 
are affected by human activities. Nitrate loads originate predominantly from non-point 
sources such as agricultural crop and live-stock production. The concentration of nitrate 
in river runoff is highly variable, but usually lower than in groundwater. This implies that 
even if groundwater discharge rates are lower than river runoff, the related nitrogen loads 
of groundwater discharge may still be relevant for aquatic ecosystems. The second key 
macronutrient in groundwater, phosphate, originates predominantly from dissolution of 
the minerals making up the aquifer substrate, decomposition of organic matter in soils, 
wastewater or sewage plumes, or inorganic fertilizers (Knee and Paytan, 2011). Silica 
originates from rocks, sediments, and soils and its concentration is mainly determined by 
the aquifer mineral characteristics (Knee and Paytan, 2011). 
Several studies have highlighted the dependence of coastal ecosystems on groundwater-
borne nutrient fluxes. Santos et al. (2010) demonstrated that the apparent paradox of high 
gross productivity of coral reefs in spite of low nutrient concentrations may be explained 
by accounting for seawater circulation through coastal aquifers (RSGD). RSGD acts as an 
important source for nitrogen and phosphorous that is required for sustaining productiv-
ity within coral reefs. Stieglitz et al. (2013a) reported significant export of solutes by RSGD 
circulating through animal burrows in a mangrove forest on Hinchinbrook Island (Aus-
tralia). Rocha et al. (2016) identified RSGD as main source of nitrogen input into Ria For-
mosa Lagoon (Algarve, Portugal). Rodellas et al. (2014) demonstrated a relationship of 
SGD occurrence and phytoplankton biomass for an oligotrophic Mediterranean Bay 
(Palma Beach, Balearic Islands, Spain). The phytoplankton community seems to be sus-
tained by the SGD-derived input of nutrients and micronutrients. The authors hypothesize 
that especially inputs of dissolved iron are important since iron is often a limiting bioac-
tive element for many marine organisms. 
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However, ecosystems do not only benefit from groundwater-borne nutrient input. On the 
contrary, changes in groundwater discharge rate or composition may also be a key threat 
for surface water ecosystems since it may lead to eutrophication and excessive phyto-
plankton growth (e.g. harmful algal blooms - Figure 4). When aquatic plants die, the de-
composition of organic matter depletes the water of oxygen. This process can result in 
hypoxic or anoxic zones featuring a serious threat to all aquatic life (Knee and Paytan, 
2011). Excessive nutrient fluxes from land-based sources (agricultural waste, sewage, fer-
tilizers) are mainly induced by urbanization, the lack of sewage treatment, agricultural 
development and the loss of wetlands and other natural controls. The flows of reactive 
nitrogen have doubled globally, and flows of phosphorus have tripled since the 1960s 
predominantly originating from synthetic fertilizer (MEA, 2005). The detrimental impact 
of discharging nutrient- or contaminant-laden groundwater on the surface water quality 
is of particular relevance along shorelines that are impacted by intense agriculture, indus-
try or urbanization.  
For instance, Tolo Harbour (Hong Kong, China) has experienced frequent algal blooms 
during the last 30 years. Although the majority of nutrient loads from point sources were 
eliminated, phytoplankton density still increased. Lee et al. (2012) demonstrated that nu-
trient (dissolved inorganic nitrogen (DIN), phosphate, silicate) input via SGD was much 
more significant than nutrient input via river discharge for Tolo Harbour indicating a 
causal relationship between SGD nutrient loads and algal blooms. Hu et al. (2006) trace 
the occurrence of a harmful algal bloom (‘red tides’) off west-central Florida (USA) from 
January 2005 to January 2006 back to SGD-derived inputs of DIN which exceeded those 
from local rivers (Figure 5). The authors hypothesize that the unusual high number of 
Figure 4: Harmful algal blooms (HAB) in the near-
coastal sea. HABs such as the “red tide” are a consequence 
of excess nutrient concentrations in the ocean, which are 
associated with SGD. Source: (Knee and Paytan, 2011).  
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hurricanes (e.g. hurricane Katrina in August 2005) resulted in high runoff and above nor-
mal SGD rates. The algal bloom resulted in the generation of widespread hypoxic (“dead”) 
zones (dissolved oxygen < 2 mg l-1) that caused mortalities of benthic communities, fish, 
turtles etc. Many other studies which relate SGD-borne nutrient loading and algal blooms 
exist globally, e.g., Laroche et al. (1997) hypothesized that algal bloom initiation off East-
ern Long Island (New York, USA) was regulated by nitrogen supply primarily governed 
by temporal variability of groundwater flow. Rocha et al. (2015) came to similar conclu-
sions for Kinvarra Bay (Ireland) where SGD-derived nitrogen inputs are suspected to 
cause occasional hypoxia.   
The phenomenon of enhanced nutrient supply via groundwater discharge is also a com-
mon feature in lakes with high urban or agricultural land-use intensity. In contrast to 
coastal water bodies where near-coastal water is quickly mixed with offshore waters, the 
longer water residence time in lakes is a key control on the lakes water quality. Since the 
water residence time governs the exposure time to chemical substances introduced into 
the lake this parameter is a determinant for ecological health. Meinikmann et al. (2013) 
and Meinikmann et al. (2015) demonstrate the role of groundwater-derived phosphorous 
for the eutrophication of Lake Arendsee (Saxony-Anhalt, Germany). In the case of Lake 
Arendsee, groundwater accounts for more than 50 % of the external phosphorous input. 
Kidmose et al. (2013) present similar findings for phosphorous loading via groundwater 
to Lake Væng (Jutland, Denmark). Nakayama and Watanabe (2008) show the importance 
of the groundwater-derived nitrogen inputs for the eutrophication of Lake Kasumigaura 
(Honshū, Japan) and Romo et al. (2013) demonstrated the dependence of harmful algal 
blooms occurrence on water residence time for Lake Albufera (Valencian Community, 
Spain).  
  
Figure 5: Spatial distribution of red tides (Karenia brevis) before (a) and after 
(b) hurricane Katrina on the west Florida shelf . The magnitude is inferred from 
MODIS fluorescence height line. Source: (Hu et al., 2006) 
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4.2 Metals and Other Constituents 
Pollution from land-based sources (heavy metals, coliform bacteria, herbicides, pesti-
cides, oil and chemicals) are caused by several reasons such as the lack of awareness as 
well as increasing pesticide and fertilizer use (Dayton et al., 2005). Concentrations of met-
als are elevated in groundwater compared to surface waters in many locations. This is a 
result of aquifer geology or land-use activities (e.g. waste disposal). SGD- and LGD-related 
fluxes of metals such as barium, iron, strontium, mercury and copper are often significant 
compared to river discharge or atmospheric deposition. These metals are important mi-
cronutrients but can also be toxic to plants, animals and humans if certain concentrations 
are exceeded. For instance, copper may interfere with nitrogen fixation in cyanobacteria; 
high concentration of cadmium, zinc, cobalt and manganese can depress phytoplankton 
growth, and mercury bioaccumulates in top predators and humans (Knee and Paytan, 
2011). The flux of mercury transported via groundwater to Waquoit Bay (Massachusetts, 
USA) was estimated as an order of magnitude higher than the atmospheric deposition rate 
for the northern U.S. (Bone et al., 2007). Laurier et al. (2007) demonstrated that mussels 
growing in high groundwater discharge areas of the Seine Bay exhibit higher levels of 
mercury than those growing in areas with low groundwater discharge. Beck et al. (2007) 
discussed SGD fluxes of dissolved organic carbon (DOC), silica, cobalt, nickel, silver, alu-
minum, copper, lead, and manganese and reported great uncertainty for determining the 
representative groundwater concentration (end-member) induced by biogeochemical re-
actions within the subterranean estuary (see 3.1.1). 
Groundwater discharge may also be a significant source for DOC as demonstrated by 
Burnett et al. (2007) who found SGD-borne DOC fluxes into the upper Gulf of Thailand 
which were 20-30 % of those from Chao Phraya River. DOC concentrations in groundwa-
ter may be correlated with higher concentrations of metals since DOC increases the mo-
bility of some metals (Knee and Paytan, 2011). As a consequence of metal mobilizing the 
groundwater-derived DOC can affect biogeochemical cycling in surface water bodies.  
Another important issue is acid mine drainage, i.e. input of sulfur and iron into post-min-
ing lakes (Knöller and Strauch, 2002; Knöller et al., 2004), both of which represent a seri-
ous problem for lake water quality. These processes result in lake acidification, which re-
quires costly remediation measures such as lime neutralization.  
Fecal coliform bacteria may enter groundwater via sewage through waste water treat-
ment or disposal and may be linked to an increased risk of water-borne illness for bathers 
(Knee and Paytan, 2011). Several authors found indications for a possible link between 
fecal coliform bacteria concentrations in coastal waters and SGD occurrence (Paytan et 
al., 2004; Boehm and Weisberg, 2005). Other constituents that may be transported via 
groundwater into surface water bodies are caffeine, pharmaceuticals (e.g. estrogenic hor-
mones) and chemicals found in personal care products.  
Pesticides are widely applied in agricultural, residential or recreational areas for elimi-
nating weeds, plant diseases or unwanted insects. Pesticides may leach into the ground-
water and can subsequently be transported to surface water bodies. Although represent-
ing a potential risk for environmental and human health, pesticides are not much in the 
focus of groundwater-related matter fluxes until now. However, Gallagher et al. (1996) 
reported several pesticide species in groundwater discharge into Chesapeake Bay (Vir-
ginia & Maryland, USA).  
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Volatile organic compounds (VOC), of which several are carcinogenic, are common in 
groundwater. However, several processes in the aquifer remove VOC from groundwater, 
which reduces the VOC concentrations in groundwater before discharging into the sea. 
However, SGD-derived discharge of VOC is hypothesized especially in areas where VOC 
sources are close to the shore (Knee and Paytan, 2011). 
All the findings presented in this chapter highlight the need to consider groundwater-de-
rived matter fluxes for an appropriate water management of lakes and the coastal sea. 
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5 ENVIRONMENTAL TRACER TECHNIQUES APPLIED IN PART II 
Tracer based studies focusing on SGD and LGD utilize chemical substances that show a 
distinct concentration gradient between groundwater and the receiving surface water. 
Suitable tracers are, for instance, the radionuclides of radon and radium (e.g. Burnett et 
al., 2003; Peterson et al., 2008; Baudron et al., 2015). SGD and LGD quantification is usu-
ally derived from inference on mass balances which are accounting for all tracer sources 
and sinks within the considered system and relating the mass balance’s residue to 
SGD/LGD input. Finally, for converting the tracer flux to a water flux, the resulting 
SGD/LGD-tracer flux is divided by the tracer concentration in the SGD/LGD end-member, 
which describes the average flux-weighted composition. Consequently, the identification 
and characterization of the SGD/LGD end-member is the most sensitive step in tracer 
mass balancing regarding its uncertainty (Delsman et al., 2013). End-member character-
ization is often prone to considerable uncertainty when utilizing radionuclides due to 
their large spatial and temporal variability of the chemical substance. Cerda-Domenech et 
al. (2017) demonstrated that particularly radium is temporal-highly variable (up to a fac-
tor of 19 for 223Ra) in a micro-tidal coastal aquifer as a consequence of a dynamic fresh-
water/seawater interface in response to varying hydrological conditions. The fluctuating 
salinity causes ion adsorption and desorption processes of radium with other cations (see 
5.2). In contrast, radon varied only by a factor of 3 during the same period as a conse-
quence of the small dependence of radon concentration in groundwater on salinity.  
Although, some authors attempted to separate FSGD and RSGD geochemically (Taniguchi 
et al., 2006; McCoy et al., 2007; Rocha et al., 2016), many authors assume a similar end-
member concentration for FSGD and RSGD instead (Oliveira et al., 2003; Dulaiova et al., 
2006; Dimova and Burnett, 2011; Stieglitz et al., 2013b), which is a result of unavailability 
of more detailed data and/or due to the fact that the differentiation between FSGD and 
RSGD was not being envisaged as important. However, as already stressed in 3.1 the com-
position of FSGD and RSGD is different, eliciting distinct effects on the receiving ecosys-
tem. Hence, the separation of both components is essential to assess the geochemical con-
tribution of SGD to coastal waters (Mulligan and Charette, 2006; McCoy and Corbett, 
2009). Amongst others, the main cause has been suggested (Beck et al., 2007; Rocha et al., 
2016) to be the lack of differentiation between both components of SGD. The ensuing 
oversimplification has led many studies to attribute total nutrient loads into coastal sys-
tems to the product of nutrient concentration found in fresh groundwater and total SGD 
rates, therefore, providing misleading results (McCoy and Corbett, 2009). 
In the following, this chapter provides the theoretical fundamentals regarding the main 
environmental tracers that will be applied in Part II of this thesis: radon, radium and the 
stable isotopes of water. 
5.1 Radon 
Radon is a colorless, odorless, radioactive noble gas. Radon occurs naturally and is soluble 
in water. Besides its application as environmental tracer, high radon-in-air concentra-
tions pose a potential health risk since short-lived radon decay products may be deposited 
in the lung, where alpha particle emissions can disrupt DNA structure within the lung 
cells. Elevated indoor radon concentrations are the second most important cause of lung 
cancer after smoking (WHO, 2009). Three relevant naturally occurring isotopes of radon 
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exist (219Rn, 220Rn, 222Rn). The isotopes 219Rn and 220Rn have half-lives of 4 s and 56 s re-
spectively, whereas 222Rn has a half-live of 3.8 d. These characteristics make 222Rn an ap-
propriate tracer for studying time-varying environmental processes on a multi-day to 
multi-week time scale. 222Rn (hereafter referred to as radon) belongs to the 238U decay 
chain and is generated by radioactive decay of its parent nuclide 226Ra, which is present 
in virtually any mineral material. Therefore, radon is ubiquitous in the natural environ-
ment due to constant production in any rock, soil or aquifer matrix. Radon is easily meas-
urable by nuclear techniques even in very small amounts (Barbosa et al., 2015). 
5.1.1 Radon as Environmental Tracer 
The suitability of radon as a naturally occurring aquatic tracer has been proven in a con-
siderable number of scientific studies. Related applications include the investigation of 
submarine groundwater discharge (e.g. Burnett and Dulaiova, 2003; Stieglitz, 2005; 
Burnett and Dulaiova, 2006), the investigation of groundwater migration (Schubert et al., 
2011) and contamination (Schubert, 2015), the interaction of groundwater and terrestrial 
surface waters (e.g. Schmidt et al., 2009; Schubert et al., 2011) and the determination of 
water residence times in water treatment facilities (Treutler et al., 2007). Further appli-
cations of radon in geosciences comprise its utilization as a precursor of earthquakes (e.g. 
Woith, 2015) or volcanic activity (e.g. Cigolini et al., 2005). 
The quantification of groundwater discharge by using radon is conducted by a radon mass 
balance (RMB) since several sources and sinks of radon exist in the environment (Figure 
6). After accounting for all sources and sinks of radon the residual radon flux that is re-
quired to equilibrate the mass balance is attributed to groundwater assuming a steady 
state. Under consideration of the radon concentration in groundwater the groundwater-
borne radon flux is converted to a water flux. Thus, the reliability of the resulting water 
flux is highly dependent on the correct quantification of radon sources and sinks in the 
Figure 6: The radon mass balance.  Sources of radon (green symbols) are groundwater discharge, 
diffusion from sea/lake bottom porewater, radioactive production by 226Ra decay and river dis-
charge. Sinks of radon (yellow symbols) are radioactive decay, degassing into the atmosphere and 
(if applicable) mixing with offshore waters.  
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system. Radon production and riverine radon flux can be easily calculated from 226Ra con-
centration in the water body as well as the river water discharge and radon concentration 
in the river water, respectively. The calculation of the radon decay loss, degassing loss, 
mixing loss and diffusive gain will be briefly described in 5.1.2 to 5.1.5. 
5.1.2 Radon Decay 
Radon decay occurs due to its radioactive nature and can be easily calculated for any given 
time interval and radon concentration since the decay rate solely depends on the ob-
served radon inventory of the water body (RnIw, [Bq m-2]) and the physically defined ra-
don decay constant λRn (0.181 d-1). Eq. 2 illustrates the calculation of the radon decay flux 
(Fdec) for a time-step width of one day. 
𝐹𝑑𝑒𝑐 [
𝐵𝑞
𝑚2𝑑
] =
𝑅𝑛𝐼𝑤∗(1−𝑒
(−𝜆𝑅𝑛∗1𝑑))
1𝑑
      (Eq. 2) 
5.1.3 Radon Degassing 
The flux of radon across the water/air interface depends on the molecular diffusion 
caused by disequilibrium between radon concentration in water and air. An equilibrium 
between water and air is only reached if the concentration in air is roughly three to six 
times higher than in water due to radon partitioning (see 5.1.6). The drivers of radon de-
gassing from water bodies are 1) turbulence, mainly driven by wind speed and 2) the con-
centration gradient of radon between water and air (Eq. 3). In this equation kRn is the 
radon transfer velocity [cm h-1], K [-] is radon partitioning coefficient between radon in 
water (Rnw, [Bq m-3]) and radon in air (Rnair, [Bq m-3]). The term 
𝟐𝟒
𝟏𝟎𝟎
 is required to convert 
units from cm h-1 to m d-1.  
𝐹𝑎𝑡𝑚 [
𝐵𝑞
𝑚2 𝑑
] = 𝑘𝑅𝑛 ∗
24
100
∗ (𝑅𝑛𝑊 −  𝐾 ∗ 𝑅𝑛𝑎𝑖𝑟)         (Eq. 3)  
The challenging step for calculating the atmospheric flux is the precise determination of 
kRn. Gilfedder et al. (2015) compared several empirical models for estimating kRn and an-
alyzed how sensitive the resulting groundwater flux is with respect to model selection for 
determining kRn. The best fit was produced by the model of MacIntyre et al. (1995) that is 
also widely used for RMB modelling (e.g. Burnett and Dulaiova, 2006; Wu et al., 2013). In 
equation 4 v10 [m s-1] represents the wind speed measured at 10 m height. Since this equa-
tion was developed for CO2, normalization to radon by multiplication with the ratio of the 
Schmidt numbers Sc [-] of radon and CO2 is required. The Schmidt number of a certain gas 
depends on water temperature and salinity and is expressed as the ratio of the kinematic 
viscosity of a fluid [m² s-1] and the diffusion coefficient Dw of the gas in this fluid [m² s-1]. 
The empirical parameter c [-] depends on the wind speed and equals 0.5 for wind speeds 
> 3.6 m s-1 and 0.66 for wind speeds < 3.6 m s-1, respectively.  
𝑘𝑅𝑛[
𝑐𝑚
ℎ
] = 0.45 𝑣10
1.6 ∗ (
𝑆𝑐𝑅𝑛  
𝑆𝑐𝐶𝑂2
)
−𝑐
          (Eq. 4) 
MacIntyre et al. (1995) stated a coefficient of determination of 0.66 for predicting gas 
fluxes based on their model, which means that the MacIntyre et al. (1995) model is able 
to explain 66 % of gas flux variability. Consequently, the derived uncertainty for Fatm cal-
culations is 34 %. It is important to note that wind induced radon degassing is a non-linear 
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process, i.e. wind speeds of 10 m s-1 will result in radon degassing fluxes which are signif-
icantly higher than the double of what wind speeds of 5 m s-1 would generate. This cir-
cumstance necessitates the calculation of radon degassing fluxes using wind speed data 
with a high temporal resolution (e.g. hourly) rather than with daily averages to avoid an 
underestimation of radon degassing. 
5.1.4 Radon Diffusion 
The diffusive radon flux from the porewater of the sea or lake bottom substrate into the 
surface water body is a result of the radon concentration gradient between high-radon 
porewater and low-radon surface water. A common approach is an depth-independent 
flux model (Martens et al., 1980) that relates the diffusive flux at the sediment-water in-
terface to the radon concentration gradient between porewater (RnPW [Bq m-3]) and sur-
face water (RnW [Bq m-3]), the diffusion coefficient of radon in water Dw [m² s-1], porosity 
n [-] and λRn. The multiplication with 86,400 seconds is required to convert to a daily flux 
rate (Eq. 5). The diffusion coefficient of radon in water depends on temperature (T) and 
salinity (S), e.g. for T = 5°C and S = 0 Dw amounts to 6.80 * 10-10 m² s-1 and for T = 5°C and 
S = 35 Dw amounts to 6.39 * 10-10 m² s-1 (Schubert and Paschke, 2015).  
𝐹𝑑𝑖𝑓 [
𝐵𝑞
𝑚2𝑑
] =  √𝐷𝑤 𝑛 𝜆𝑅𝑛 (𝑅𝑛𝑝𝑤 − 𝑅𝑛𝑤) ∗ 86400    (Eq. 5) 
An alternative for estimating diffusive radon fluxes are sediment equilibration experi-
ments (e.g. Corbett et al., 1998), which analyze the radon concentration build-up of ini-
tially radon free water after equilibration with sediment (from sea or lake bottom) grab 
samples.  
5.1.5 Radon Mixing 
The radon mixing flux is caused by horizontal advective and diffusive processes in the 
water column resulting in the dilution of the radon concentration. These processes are 
governed by coastal current driven transport as well as by wave and tidal mixing. The 
tidal effect causes a seaward directed transport of high radon water during low tide and 
a landward directed transport of low radon water during high tide.  
The quantification of the radon mixing loss, i.e. offshore directed radon flux requires a 
mixing rate of the investigated water body. The mixing flux can be calculated similarly to 
the decay loss (eq. 3) by only replacing λRn with the radon mixing rate mix [d-1]. The mixing 
rate is the inverse of the mean residence time, which can be estimated using 224Ra/223Ra 
in groundwater and seawater (see 5.2) or the tidal prism approach (see 9).  
 
5.1.6 Radon Detection 
Radon-in-water concentrations can be measured on-site by means of radon-in-air detec-
tors (e.g. RAD7 by Durridge Inc., AlphaGuard by Saphymo GmbH) after extraction of radon 
from water into an air loop (Lane-Smith et al., 2002; Schubert et al., 2006). In the home 
lab radon-in-water can be measured by liquid scintillation counting (Treutler et al., 2007) 
or by gamma spectroscopy of the radon daughters polonium-214 and bismuth-214 
(Belloni et al., 1995). The on-site detection of radon provides several advantages such as 
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quick results, avoidance of sample transport and no need for decay correction since the 
temporal offset between sampling and measuring is negligible.  
Radon-in-water concentrations are derived from the detected radon-in-air concentra-
tions by allowing for the temperature and salinity dependent radon partitioning coeffi-
cient (K), which amounts e.g., at a temperature of 20 °C for seawater (salinity of 35) to 
about 0.211 and for freshwater (salinity of 0) to about 0.249 (Schubert et al., 2012). Under 
steady state conditions the detected radon-in-air concentrations (Rnair [Bq l-1]) can be eas-
ily converted into the related radon-in-water concentrations (Rnw [Bq l-1]) by applying 
Eq. 6.  
𝑅𝑛𝑤 [
𝐵𝑞
𝑚³
] =  𝑅𝑛𝑎𝑖𝑟  ∗  𝐾          (Eq. 6) 
 
5.1.6.1 On-Site Detection I: RAD 7 
For on-site radon detection the mobile radon-in-air monitor RAD7 is frequently used. The 
RAD7 allows determination of radon-in-air concentrations by detecting its short-lived 
progeny polonium-218 using a passivated implanted planar silicon (PIPS) alpha detector.  
For radon extraction a Teflon hollow-fibre degassing cartridge (MiniModule® by Mem-
brana GmbH) was employed (Figure 7). The module consists of bundled fine membrane 
tubes made of hydrophobic polypropylene showing a porous sponge-like structure with 
a nominal pore size of 0.04 µm. Radon transfer through the membrane occurs by diffusion 
through the air filled pores. The active water/air interface area within the module 
amounts to 0.92 m². The total air filled volume of the detection setup (including MiniMod-
ule®, a desiccant column, RAD7 and tubing) is about 1.6 l. The RAD7 is usually applied for 
stationary time-series measurements and mapping of radon since it allows the discrimi-
nation of the alpha energy spectrum. Hence, inference with other radiation sources is re-
duced. This measurement principle results in less internal corrections required compared 
to the AlphaGuard (see 5.1.6.2) resulting in lower background noise (e.g., due to 210Pb). 
Figure 7: Sketch of the experimental setup for continuous radon-
in-water measurements.  Water is pumped continuously through the 
extraction module. Inside the module radon diffuses via a membrane 
into an air stream that is connected to the radon detector.  
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On the contrary, longer response times of the RAD7 (equilibration time 30-40 min) com-
pared to the AlphaGuard (equilibration time 5-10 min) require the correction of the re-
sponse time if the RAD7 is applied for radon-in-water mapping. 
5.1.6.2 On-Site Detection II: AlphaGuard 
Radon concentration in grab samples was measured with the mobile radon-in-air monitor 
AlphaGuard PQ 2000 (Saphymo GmbH) as described in Schubert et al. (2006). The radon 
concentration of the water sample was calculated from the recorded equilibrium radon 
concentration in the gas stream by accounting for the volumes of the water sample (0.265 
l) and the air loop of the Alpha Guard (0.7 l). The Alpha Guard is usually applied for radon 
detection of groundwater and porewater since this instrument does not rely on the detec-
tion of 218Po decay but directly on counting radon decay. This principle reduces the in-
struments response delay significantly, i.e. the time lag between radon-in-water anomaly 
and recorded anomaly. Thus, the Alpha Guard allows measuring grab samples in a shorter 
time compared to the RAD7. Consequently, the AlphaGuard is preferentially used if a large 
number of grab samples has to be analysed. 
5.2 Radium 
Four naturally occurring isotopes of radium exist: 223Ra (t1/2 = 11.4 d), 224Ra (t1/2 = 3.7 d), 
226Ra (t1/2 = 1600 a) and 228Ra (t1/2 = 5.7 a). Similarly to radon, radium isotopes originate 
from radioactive decay within mineral matrix. The radium isotopes belong to the 235U 
(223Ra), 232Th (224Ra, 228Ra) and 238U (226Ra) decay chains. All radium isotopes are pro-
duced by radioactive decay of thorium isotopes (227Th, 228Th, 230Th and 232Th). Radium is 
tightly bound to the aquifer mineral matrix in freshwater. However, for brackish to saline 
porewater the radium concentration increases significantly (Figure 8). This phenomenon 
is a consequence of the salinity dependent desorption of radium (Webster et al., 1995) 
due to ion exchange processes. Figure 8 reveals the steep increase of radium concentra-
tion with higher salinities. The maximum radium concentration is typically observed for 
Figure 8: Dependence of radium concentration in 
groundwater on salinity. Salinity is expressed as % 
seawater. Source: Webster et al. (1995).  
PART I: Groundwater Discharge into Surface Water Bodies   
Environmental Tracer Techniques Applied in Part II 
38 
 
intermediate, i.e. brackish salinities. Since radium is very low in fresh groundwater, ra-
dium isotopes are currently not applied as tracers in freshwater environments. 
5.2.1 Radium Detection 
For the determination of 223Ra and 224Ra, water was collected (for seawater about 60-100 
l, for groundwater about 2.5 l) followed by radium adsorption on MnO2 coated acrylic 
fibers (Mn-fibers). These Mn-fibers quantitatively extract radium from seawater at water 
flow rates of < 1 l min-1 (Moore and Reid, 1973). In addition, further radium sampling was 
performed by placing mesh bags containing Mn-fiber in seawater for ~ 1 h. Since the 
volume of seawater in contact with the Mn-fiber is not known, only 224Ra/223Ra ratios can 
be reported for these mesh bag samples. 
In the home lab Mn-fibers were washed with radium-free tap water and afterwards 
partially dried with filtered, compressed air to remove excess water. Thereafter, the 
samples were measured for 223Ra and 224Ra using a Radium Delayed Coincidence 
Counting System [RaDeCC, Moore and Arnold (1996)]. For efficiency calibration of the 
RaDeCC, 227Ac and 232Th standard solutions were used, and the calibration followed the 
procedures described in Scholten et al. (2010) and Moore and Cai (2013). Counting errors 
were propagated following Garcia-Solsona et al. (2008). 
Concentrations of 226Ra and 228Ra are measured using a gamma ray spectrometer. First, 
the Mn-fibers are washed with hydrochloric acid to quantitatively remove the long-lived 
radium isotopes. Then, the radium samples are co-precipitated with BaSO4, aged for at 
least two weeks to allow equilibrium of the long-lived radium isotopes with its daughters 
and finally are measured (Moore, 2006). 
5.2.2 224Ra/223Ra Ratio 
The offset of radium ratios (e.g. 224Ra/223Ra) between the discharging groundwater and 
seawater is a widely applied approach to estimate the mean water residence time (Moore, 
2000; Moore, 2006; Garcia-Solsona et al., 2010; Rodellas et al., 2014). This method as-
sumes that the average 224Ra/223Ra in SGD (ARSGD, [-]) is known and there are no other 
inputs of 224Ra and 223Ra as the water moves offshore. After discharging into the sea the 
224Ra/223Ra ratio solely changes as a function of time due to radioactive decay (Eq. 7 and 
Figure 9A). The change of the 224Ra/223Ra ratio is a result of the different decay rates of 
both radionuclides. Therefore, based on the 224Ra/223Ra ratios (ARSW, [-]), the point in 
time of every seawater sample can be derived when the water was in contact with the 
aquifer matrix for the last time (Figure 9B). The difference in decay rates 𝜆𝑅𝑎224 − 𝜆𝑅𝑎223  
is 0.129 d-1. 
τ [𝑑] =  
ln(
𝐴𝑅𝑆𝑊
𝐴𝑅𝑆𝐺𝐷
)
(𝜆𝑅𝑎224−𝜆𝑅𝑎223)
          (Eq. 7) 
As mentioned above this approach is only applicable if the discharged parcel of water 
constantly moves offshore without additional input of radium. This assumption may be 
violated in some settings such as in estuaries, an issue which will be raised in chapter 9. 
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5.3 Stable Water Isotopes 
Stable water isotopes are widely applied in environmental science, e.g. in catchment hy-
drology or paleoclimatology (Gibson et al., 2016a). In the natural environment three sta-
ble isotopes of oxygen and two stable isotopes of hydrogen exist. Stable oxygen isotopes 
are 16O, 17O and 18O with an abundance of 99.76 %, 0.04 % and 0.20 %, respectively. Stable 
hydrogen isotopes are 1H and 2H (Deuterium) with an abundance of 99.985 % and 0.015 
%, respectively (Clark and Fritz, 1997). The isotope ratios of 18O/16O and 2H/1H are con-
ventionally expressed in delta notations of their relative abundances as deviations in per 
mil (‰) from the Vienna Standard Mean Ocean Water (VSMOW) [‰] with Robs being the 
observed isotopic ratio and RVSMOW the reference isotopic ratio (Eq. 8).  
𝛿 = [(𝑅𝑜𝑏𝑠/𝑅𝑉𝑆𝑀𝑂𝑊) − 1] ∗ 1000       (Eq. 8) 
The isotopic enrichment in meteoric waters (i.e. precipitation) is characterized by a linear 
relationship of 𝛿2𝐻 = 8 ∗ 𝛿18𝑂 + 10 (Craig, 1961). During the precipitation process the 
heavier isotopes rain out preferentially because of their lower saturation vapor pressures. 
Thus, the atmospheric vapor, as the initial material, is steadily depleted (more negative δ-
values) in the heavy isotopes, whereas precipitation is typically enriched (more positive 
δ-values) relative to the atmospheric vapor.  
The fractionation during evaporation includes equilibrium and non-equilibrium pro-
cesses. Equilibrium processes assume an equilibrium at the water/air interface, where 
the air is saturated (air humidity 100 %) and the vapor is assumed to be in isotopic equi-
librium with water (Craig and Gordon, 1965). Non-equilibrium (kinetic) fractionation oc-
curs as molecular diffusion across the water/air interface depending on the water vapor 
saturation deficit (Gat, 2000). A detailed description of the relevant processes for estimat-
ing groundwater discharge into surface water bodies is given in chapter 10. 
Figure 9: A) Radioactive decay of 223Ra and 224Ra and evolution of the 224Ra/223Ra activity ratio. B)  
Radium ages of surface waters on the continental shelf in the South Atlantic Bight in July 1994.  The 
radium ages were determined based on 224Ra/223Ra ratios. Source: A) own illustration, B) Moore (2000). 
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Samples for the analysis of stable water isotopes were filtered through a 0.2 µm syringe 
filter and filled into gas-tight 1.5 ml glass vials. Stable isotope analyses of 18O and 2H were 
carried out using laser cavity ring-down spectroscopy (Picarro L2120-i, Santa Clara) with-
out further treatment of the water samples. Samples were normalized to the VSMOW scale 
using replicate analysis of internal standards calibrated to VSMOW and SLAP (“Standard 
Light Antarctic precipitation”) certified reference materials. The analytical uncertainty of 
the 18O measurement is ± 0.1 ‰, for H an analytical error of ± 0.8 ‰ has to be consid-
ered. 
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6 OBJECTIVE OF THIS THESIS 
The main objective of this doctoral thesis is to present improvements of methods for 
groundwater discharge localization and quantification based on environmental tracer 
techniques. Several shortcomings and weaknesses in current approaches were identified, 
which are sketched briefly in this chapter and will be discussed in the respective chapters 
of Part II in more detail.  
The localization of groundwater discharge is often conducted by means of continuous wa-
ter based mapping of radon. All mobile radon detectors show a distinct response delay of 
several minutes between the radon-in-water signal and the radon-in-air signal recorded 
by the instrument. Moreover, the absolute magnitude of the radon-in-water signal is only 
reflected after a comparatively long period of constant concentrations (depending on the 
instrument ~10-40 min). In general, short-term fluctuations are smoothed out and are 
not fully reflected by the instrument. Chapter 7 focuses on the quantification of this re-
sponse delay based on lab experiments. The ultimate goal is to present an algorithm that 
allows calculation of the radon-in-water time-series by inverse modelling of the recorded 
radon-in-air time-series. The modelled time-series should match the input signal, and 
therefore, quantitatively correct for the response delay and the signal smoothing effect. 
In addition to the response delay, tidal oscillations also affect the radon mapping results. 
This is a consequence of the dependence of SGD on tidal variations (see 3.1). This issue 
will be raised in chapter 8, where a simple approach is presented for testing the site spe-
cific sensitivity of radon-in-water concentration on tide-induced water-level fluctuations 
which is then used for correcting the observed radon time-series. 
Radon mass balances are a common approach for quantifying SGD rates. Many studies 
have shown that degassing and mixing with offshore waters are the most important and   ̶  
at the same time   ̶  the most uncertain terms in radon mass balancing. Studies that apply 
radon mass balancing usually account for radon degassing during the period of sampling 
only. That means degassing that occurred during the days prior to sampling is entirely 
ignored. However, the degassing during the preceding days has a considerable effect on 
the observed radon inventory due to the systems memory effect. Ignoring this effect may 
finally lead to substantial inaccuracy of groundwater discharge rates. In chapter 8 the cal-
culation of radon degassing under consideration of the wind speed prior to sampling will 
be presented. Further, the mixing of radon with offshore waters is mostly derived from 
radon-time-series measurements by introducing several assumptions such as zero SGD 
during maximum mixing loss. In chapter 8 the derivation of a mixing factor from radium 
derived water residence time estimation is proposed. Another shortcoming regards the 
definition of the SGD radon end-member under consideration of its uncertainty. Most 
studies do only run mass balance calculations for the conversion of radon flux to water 
flux with the arithmetic mean or the range (e.g. minimum and maximum value) of the 
sampled SGD radon concentrations. However, this procedure may provide inadequate de-
lineation of SGD uncertainty. In chapter 8 the calculation of a probability density function 
for the SGD radon end-member is proposed by utilizing the information from all available 
groundwater samples. Further, uncertainty propagation is suggested by conducting sto-
chastic simulations through the entire radon mass balance. The novelties regarding radon 
mass balancing presented in chapter 8 are also applied in chapters 9 and 10. 
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The assessment of the effect of SGD on the receiving waters necessitates the differentia-
tion between FSGD and RSGD since both SGD components have distinct chemical compo-
sitions. This FSGD/RSGD differentiation requires the application of multiple tracers. Be-
sides radon, salinity has proven to be a suitable tracer. Radon mass balances can be used 
to determine total SGD. In systems, where FSGD represents the only source of freshwater, 
the salt balance can be applied straightforwardly for estimating FSGD. The difference be-
tween the radon mass balance derived total SGD and the salt balance derived FSGD should 
give the RSGD – under consideration of the inherent uncertainties. This approach will be 
presented in chapter 8 for the study area False Bay/Gordons Bay. However, in systems 
with more than one source of freshwater   ̶  such as in estuaries with considerable dis-
charge of river water    ̶ this stepwise approach of radon and salt balancing is ambiguous 
unless the river discharge is precisely known. In chapter 9 the simultaneous utilization of 
radon and salt data for deriving the respective end-member fractions in a four end-mem-
ber system (seawater, river water, FSGD, RSGD) using a constrained optimization ap-
proach is presented. 
Another shortcoming of many studies is that FSGD estimates are often not validated with 
hydrological and hydrogeological data of the budget area. In chapter 8 the estimation of 
FSGD is discussed in comparison to the mean groundwater recharge rate in the 
groundwater capture zone of the SGD budget area.   
In chapter 10, two tracer techniques that reflect the average groundwater discharge into 
lakes on different time-scales will be presented. The simultaneous study of stable water 
isotopes and radon provides the chance to study long-term average conditions and cur-
rent trends (three to four weeks) of groundwater discharge rates. An approach will be 
presented for achieving a reliable result of the long-term average groundwater dis-
charge rate with a low sampling effort that is applicable in regions with a dense meteor-
ological monitoring network and a nearby monitoring station of stable water isotopes in 
precipitation. 
Further, this thesis provides an overview of groundwater discharge quantification for dif-
ferent water body types. The investigated water bodies comprise an open bay (chapter 
8), an estuary (chapter 9) and a groundwater-fed lake (chapter 10). Thus, methodological 
requirements and specifics of each investigated water body type can be discussed in com-
parison.  
Finally, it should be stressed that this thesis presents two SGD case studies in southern 
Africa, a region of the world where data on SGD is not available to date (Taniguchi et al., 
2002; Burnett et al., 2006).  
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PART II: APPLICATIONS 
7 QUANTIFICATION OF THE RESPONSE DELAY OF THE RADON DETECTOR 
RAD7 
This chapter is largely based on a research paper published in The European Physical Jour-
nal – Special Topics 
Initial submission: 4 March 2015 
Revised submission: 23 April 2015 
Publication: 10 June 2015 
 
Quantification of the response delay of mobile radon-in-air detectors 
applied for detecting short-term fluctuations of radon-in-water con-
centrations 
 
Authors: Petermann, E. & M. Schubert1  
1 - Helmholtz Centre for Environmental Research – UFZ, Dept. Groundwater Remediation, Permoserstraße 15, 04318 Leipzig,  
      Germany 
 
Abstract: Radon-in-water concentration time-series that are detected by means of radon-
in-air detectors usually demonstrate a distinct response delay between radon-in-water 
concentration and the related radon-in-air records. This response delay results in rec-
orded radon-in-air time-series that are not fully reflecting short-term radon-in-water 
fluctuations. The response delay is due to (i) the water/air transfer kinetics of radon and 
(ii) the delayed decay equilibrium between 222Rn and its progeny 218Po, which is actually 
being measured by most radon-in-air monitors. In the discussed study a laboratory ex-
periment was designed with a defined radon-in-water input function, recorded the radon-
in-air response signal and analyzed the two time-series. Radon-in-air records showed a 
delay of ~ 10 min relative to the radon-in-water concentrations using the membrane 
module at a water flow rate of 1 l min-1. However, for reconstructing the original radon-
in-water signal based on the detected radon-in-air time-series a numerical model was de-
veloped considering all delay causing processes. It was shown that the applied model al-
lows reconstructing the input signal without any time delay and with correct concentra-
tions for all concentration fluctuations lasting longer than about 10 min. In conclusion it 
can be stated that the developed numerical model allows a precise determination of ra-
don-in-water concentration time-series based on radon-in-air records even if short-term 
fluctuations occur. 
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7.1 Introduction 
Most of the applications utilizing radon as an environmental tracer necessitate the detec-
tion of radon concentration time-series, i.e. the continuous monitoring of radon-in-water 
concentrations. That is generally being done by the continuous extraction of radon from 
a permanent water pump stream by means of a radon extraction unit. The radon is ex-
tracted into a defined air volume that is circulating in a closed loop through the applied 
extraction unit and a radon-in-air monitor (Lane-Smith et al., 2002; Schmidt et al., 2008; 
Schubert et al., 2008). 
Under steady state conditions the recorded radon-in-air concentration is directly linked 
to the radon-in-water concentration at any given point in time. Consequently, the radon-
in-water concentration can be directly derived from the recorded radon-in-air concentra-
tion after making allowance for water-air-partitioning (see 5.1.6). However, after a sud-
den change in the radon-in-water concentration the concentration equilibrium between 
water and air is only re-established after a certain time causing a distinct response delay 
of the detection instrument. That response delay is defined as the required time shift to 
achieve maximum correlation between the peak concentration in the water and the peak 
concentration in the recorded radon-in-air time-series. Since the response delay is calcu-
lated by performing a cross-correlation, the mid of the input signal rather than its initial 
onset acts as reference point for determining the response delay. 
The response delay is caused by the combined effect of two simultaneously occurring pro-
cesses: (1) radon degassing from the water into the closed air loop is delayed due to the 
kinetics of the related water/air phase transition (“kinetic delay”) and (2) most mobile 
radon monitors do not rely on direct radon decay detection but on detection of the decay 
of the short-lived alpha-decaying radon progeny polonium (218Po), thus entailing a further 
response delay due to the delayed decay equilibration of the two radionuclides (“decay 
delay”). The magnitude of the kinetic delay depends on the design of the selected detec-
tion setup. Experiments and theoretical assumptions revealed that a kinetic delay of at 
least 12 min has to be expected for reaching concentration equilibrium (Schubert et al., 
2011). This value is valid for optimum detection setups, i.e. setups characterized by a large 
water/air interface and a small circulating air volume. The decay delay on the other hand 
is solely defined by the 218Po decay constant. 
Due to the resulting total response delay, short-term radon concentration fluctuations in 
the water are not fully reflected in the recorded radon-in-air time-series. This inaccuracy 
implies a considerable source of error for applications in which short-term radon-in-wa-
ter concentration fluctuations are likely to occur. In this chapter a physical model is pre-
sented that quantifies both kinetic delay and decay delay for a standard radon-in-water 
detection setup using a RAD7 radon detector. The approach allows the derivation of exact 
radon-in-water concentration time-series from the recorded radon-in-air concentration 
time-series even if short-term radon fluctuations occur, i.e. fluctuations during which the 
radon concentration equilibrium between water and air is not fully reached. 
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7.2 Methods  
7.2.1 Detection Setup 
In the experimental setup a continuously flowing water stream was pumped through the 
extraction module and an attached temperature probe (HOBO data logger, Onset Com-
puter Corporation) and was finally discharged. The temperature recordings allow a pre-
cise determination of the water-air-partitioning coefficient of radon (Schubert et al., 
2012). The 1.6 l air volume was pumped with ~1 l min-1 in a closed loop through the setup 
with the air stream being maintained by the RAD7 internal pump. 
All laboratory experiments were carried out with the setup schematically displayed in 
Figure 7. Tap water with a radon concentration of about 1 Bq l-1 was used as background 
signal. A constant tap water flow rate of ~ 1.1 l min-1 was maintained during the experi-
ment. In addition, a reservoir of water highly enriched in radon (hereafter referred to as 
“radon water”) was connected to the tap water inflow by means of a three-way-tap for 
allowing sudden changes in the radon concentration of the continuous water stream. The 
radon concentration of the radon water was analyzed by means of a liquid scintillation 
counter (LSC) (Schubert et al., 2014); it showed a concentration of 276 Bq l-1. The radon 
water was added to the continuous tap water stream by means of an adjustable peristaltic 
pump in rates of ~ 50 ml min-1, ~ 100 ml min-1 and ~ 150 ml min-1 resulting in radon 
concentrations of the combined water stream between 1 Bq l-1 (pure tap water) and ~ 35 
Bq l-1 (1.1 l tap water plus 150 ml radon water). Accordingly, radon “peaks” of different 
magnitudes could be generated each of them lasting between 2 min and 50 min. As com-
promise between allowing high temporal resolution and keeping the RAD7 counting error 
at a reasonable level, a 5 min counting cycle was chosen. The total runtime of the experi-
ment was 400 min.   
In a second step, the response delay was quantified and related mass transfer coefficients 
were calculated for radon extraction via the RADaqua [Durridge Inc., Lane-Smith et al. 
(2002)] as well as for a range of different water flow rates. The tested water flow rates 
were 0.8, 1.5, 2.5 and 3.6 l min-1 for the RADaqua extraction unit and 0.5, 1.0, 1.5 and 1.9 
l min-1 for the Membrana membrane module. Each water flow rate was measured twice 
to increase the reproducibility of the results. 
7.2.2 Modeling Approach 
Water stream and air loop are defined as two components of one system. It is assumed 
that radon is solely introduced into the system by the water stream and that polonium 
within the RAD7 is solely generated by decay of that radon. 
At steady state, radon concentrations in water and air are in equilibrium (after making 
allowances for water/air partitioning). In case of a change of the radon-in-water concen-
tration, a radon concentration disequilibrium is established between water and air. The 
disequilibrium causes a radon flux (FRn[Bq l-1 s-1]) between the two components. Conse-
quently, the radon-in-air concentration is a function of the radon-in-water concentration 
and the time available for concentration equilibration. Within the RAD7 detection cham-
ber radon is continuously decaying at a specific rate generating polonium (radon decay 
constant λRn = 2.098 * 10-6 s-1). Simultaneously, the polonium is continuously decaying at 
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a specific rate (λPo = 3.729 * 10-3 s-1). The RAD7 relies on counting of the polonium disin-
tegrations as a proxy for the radon-in-air concentration; hence the polonium concentra-
tions (Po [Bq l-1]) are equivalent to the RAD7 records. 
The response delay between radon-in-water concentration time-series (input function) 
and radon-in-air time-series recorded by the RAD7 is caused by the combined effect of 
kinetic and decay delay (see Figure 10). The kinetic delay is a function of the related mass 
transfer coefficient r (in the experimental setup in this study 1.3 * 10-3 s-1) that defines the 
speed of radon concentration equilibration between water and air and depends on the 
applied detection set-up (see section 5.1.6.1). The decay delay is a function of the polo-
nium decay constant. In the exemplary plots shown in Figure 10 concentration equilibra-
tion between water and air is not reached. Hence, the radon-in-air time-series is not only 
delayed but does also not represent the input function quantitatively.  
7.2.2.1 Kinetic Delay 
The radon flux between water and air can either be directed from water to air or vice 
versa depending on the direction of the concentration gradient. The magnitude of FRn [Bq 
l-1 s-1] is determined by the radon concentration gradient between water and air and the 
temperature and salinity dependent radon partitioning coefficient K. The kinetics of the 
process is driven by the mass transfer coefficient r [s-1]. The mass transfer coefficient de-
pends on the applied detection setup, particularly on the water/air interface area and the 
volume of the circulating air loop. The radon flux can be mathematically described as the 
product of the radon concentration disequilibrium between water and air and r for any 
time step t [s] as shown in Eq. 9.  
Figure 10: Comparison of radon-in-water concentrations (input function), resulting ra-
don-in-air concentrations (time lag due to kinetic delay) and recorded values by the 
RAD7. Recorded values are based on polonium disintegrations (time lag due to kinetic delay 
plus decay delay). For a better comparison with radon-in-water concentrations, the radon-
in-air concentrations were corrected for water/air partitioning of radon ( Eq. 2). 
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FRnt  [Bq l
−1s−1] =  (Rnwt – (Rnairt ∗  K)) ∗  r      (Eq. 9) 
Accordingly, Rnair and FRn can be iteratively calculated for every time step (Eq. 9) using 
Rnw as input data. A constraint for this approach is that Rnair is known for t0 (usually Rnair 
at t0 = 0) and  
Rnairt [Bq l
−1] =  Rnairt−1  ∗  e
– (λRn∗Δt)  +  FRnt ∗ Δt    (Eq. 10)  
Eq. 10 describes the radon concentration in the air loop at time step t as the sum of the 
radon which is not yet decayed from the previous time step t-1 plus the positive (or neg-
ative) radon flux into (or out of) the air loop.  
7.2.2.2 Decay Delay 
The decay delay considers that the RAD7 does not rely on direct radon detection but on 
the detection of its short-lived progeny polonium. The equilibration time between 222Rn 
and 218Po is defined by λPo and amounts to about 15 min (5 half-lives of polonium). The 
polonium (activity) concentration is expressed with Po [Bq l-1] representing the sum of all 
decaying polonium atoms within the RAD7 detection chamber (VRAD7=1.6 l) within a given 
time.  
Pot [Bq l
−1] =  
PoIt
𝑉𝑅𝐴𝐷7
         (Eq. 11) 
The polonium inventory PoI [Bq] within the RAD7 detection chamber is calculated by ac-
counting for the following assumptions: (1) polonium is solely generated by decay of ra-
don (PoI = f (Rnair, t)); (2) polonium decays as a function of λPo (Eq. 11).  
PoIt [Bq] =  PoIt−1 ∗  𝑒
−(λPo ∗𝛥𝑡)   +  Rnairt ∗ VRAD7    (Eq. 12) 
The polonium inventory at time t (Eq. 12) is determined by the amount of polonium that 
has not decayed since the previous time-step (t-1) plus the polonium produced by radon 
decay at time step t.  
7.2.2.3 Determination of the Mass Transfer Coefficient 
The mass transfer coefficient was optimized by applying an adaptive and iterative grid 
search optimization. In the optimization procedure the optimal value was defined as the 
best fit (maximum correlation) between input function and modelled time-series. 
7.2.3 Experimental Design 
The radon-in-water time series (input function) was experimentally produced by injec-
tions of radon water lasting for 2 to 50 min (see Table 1; Figure 11). Signal 1 represents a 
constant elevated radon input for 50 min; signals 2, 3 and 4 represent constant inputs for 
2 min, 10 min and 5 min, respectively. Signals 5 and 6 were designed as step-wise concen-
tration increase followed by step-wise decrease with an overall duration of 25 min each. 
The radon-in-air concentrations were recorded with a 5 min counting cycle. 
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Table 1: Input signals and corresponding recorded and modeled data referring to Figure 12. 
Signal 
Duration 
 
Input Radon-in-
Water concentra-
tion 
Recorded Radon-in-Air con-
centration 
Modeled Radon-in-Water con-
centration 
[min] [Bq/l] 
% of input con-
centration 
Time lag of 
peak [min] 
% of input sig-
nal 
Time lag of 
peak [min] 
1 50 13.7 103 +9.5 107 0.0 
2 2 35.6 16 +5.0 20 -0.5 
3 10 12.9 51 +8.0 75 -1.0 
4 5 25.0 33 +6.5 50 -1.0 
5 25 35.7 68 +9.5 96 0.0 
6 25 35.4 69 +9.0 88 -0.5 
Overall 395   +9.5  -1.0 
7.2.4 Pre- and Post-Processing of Data 
Every single record was allocated to the midpoint of each measurement cycle. Data noise 
which results from the analytical uncertainty (counting error of ~7 % for 1 σ as a conse-
quence of the selected short 5 min counting cycle) was reduced by applying a weighted 
running mean (step width of three measurements) with a weighting vector of 
0.15/0.70/0.15. Subsequently, the radon-in-air records were transformed to a time-series 
with a time-step width of 1 s using a cubic spline interpolation. 
For reconstructing the radon-in-water concentration time-series from the recorded ra-
don-in-air concentration time-series the equations presented in chapter 7.2 were used. 
Starting with the pre-processed radon-in-air time-series (Po) as input data the equations 
can be iteratively solved for nPo, Rnair, RnFlux and finally Rnw backwards in time from tn to 
t1. To enable an inverse calculation the processed radon-time-series was reversed. Finally, 
the reconstructed radon-in-water concentration time-series was smoothed by applying a 
running mean with filter width of 10 min to achieve an increase of numeric stability, i.e. a 
reduction of signal oscillations. 
7.3 Results 
7.3.1 Experimental Data 
Figure 11 clearly illustrates that the recorded radon-in-air concentrations do not directly 
reflect the radon-in-water input signal. Instead, the input signal is highly modified. The 
plots show (1) a delay of the recorded peaks relative to the input function and (2) reduced 
peak heights for all input signals, but signal 1, for which the recorded radon-in-air con-
centration reaches full equilibrium with the input function after about 30 min. Hence, it 
can be stated that the applied detection set-up possesses an equilibration time of about 
30 min (kinetic and decay delay).  
All recorded peaks corresponding to input signals shorter than 30 min (signals 2 to 6) do 
not reach the equilibrium concentration of the input signal. The delayed occurrence of the 
recorded radon-in-air peaks relative to the input function was quantified by a cross-cor-
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relation analysis. The highest correlation between the recorded signal and the input func-
tion was achieved after the recorded time series was shifted for ~10 min (R² = 0.72) rel-
ative to the input signal.  
 
7.3.2 Forward Model 
The forward model demonstrated the highest accordance (R² of 0.988, root mean square 
error = 0.73 Bq l-1) with the recorded data by using a radon mass transfer coefficient of r 
= 1.3 * 10-3 s-1. Thus, the forward model was assessed as sufficiently precise, especially 
under consideration of the relatively analytical uncertainty of ~7 %. The accurate repro-
duction of the recorded data by the forward model was shown independently from length, 
quantity and shape of the input signal. 
As a result of the data assessment the developed forward model was evaluated as trans-
ferable to other RAD7 time-series records due to its capability of precisely simulating a 
recorded time-series based on a defined input function (Figure 12). 
  
Figure 11: Input signal compared to the recorded values and the forward model. The radon-
in-air concentrations (recorded values) show a distinct delay of ~10 min relative to the radon -in-
water concentration (input signal). The modeled radon-in-air (forward model) demonstrates a high 
accordance with the recorded radon-in-air concentration. For a better comparison with radon-in-
water concentrations, the radon-in-air concentrations were corrected for water/air partitioning of 
radon (Eq. 6). However, if individual peaks are analyzed separately they show differing response 
times. Peaks 2, 3 and 4 demonstrate response times of 5 min,  8 min and 6.5 min (see Table 1, Figure 
12).  
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7.3.3 Inverse Model 
Figure 13 presents the results of the inversely modeled radon-in-water concentrations 
based on the recorded radon-in-air time-series. The two data sets reveal a high con-
sistency. The onsets of the modeled signal peaks were consistent with the real input sig-
nals. Hence, the model allowed correction of the response delay. Furthermore, the con-
centrations of the input signals were reflected by the modeled signal with an adequate 
precision (within ±15 % of the input signal magnitude) regarding signals 1, 5 and 6 (i.e. 
all signals that were maintained for 25 min or longer). 
In contrast, the inversely modeled results of the input signals 2, 3 and 4, which were main-
tained for 2 min, 10 min and 5 min, respectively, reached only 20 %, 75 % and 50 % of the 
equilibrium concentration, respectively (Table 1; Figure 13). Still, the modeled concentra-
tions for these signals simulate the actual input signal much better than the recorded val-
ues. The overall root mean square error (RMSE) was reduced from 8.2 Bq l-1 to 3.7 Bq l-1 
which implies an overall improvement in accuracy of about 55 %. 
  
Figure 12: Input signal length compared to the response lag of the 
recorded signal relative to the input signal. The response lag rep-
resents the required time shift to achieve maximum correlation be-
tween recorded and input data. The numbers refer to the signal and 
peak numbers of Figure 11 and Figure 13. 
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7.3.4 Effect of Different Radon Extraction Types and Water Flow Rates 
In continuation of the presented lab experiments, a range of water flow rates as well as 
another type of radon extraction (RADaqua) was analyzed (see 7.2.1). The results re-
vealed that the membrane module responds significantly quicker than the RADaqua at the 
same water flow rate. For example, a water flow rate of 1 l min-1 resulted in a response 
delay (time lag) of ~10 min for the membrane module and ~17 min for the RADaqua (Fig-
ure 14). Generally, an increase in water flow rates causes a decrease of the response delay. 
This phenomenon is a result of the sustained radon concentration gradient between wa-
ter and air, i.e. the extraction unit is supplied by more “new” radon from the water pump 
stream at higher flow rates. Consequently, radon transfer coefficients are generally in-
creasing with higher water flow rates. For applying the inverse model described in this 
chapter, the radon transfer coefficients were determined for both extraction units at the 
tested water flow rates (Figure 15). Linear and exponential regression models were fitted 
to the determined transfer coefficients to provide transfer coefficients for water flow 
rates which were not tested. 
 
 
 
 
Figure 13: Input signal, RAD7 records and inversely modeled radon-in-water concentrations.  The 
inversely modeled radon-in-water concentrations are well in accordance with the input radon -in-water 
signal. Independently from magnitude or duration of the input si gnal, the modeled radon-in-water con-
centration peaks are consistent with the input signal anomalies regarding the respective onsets. The ra-
don-in-air concentrations were corrected for water/air partitioning of radon for a better comparison with 
radon-in-water concentrations (Eq.6).  
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Figure 15: Radon transfer coefficients of the RAD7 applied for two types of radon 
extraction, the membrane module and the RADaqua.  The radon transfer coefficient 
was determined for a range of water flow rates for both setups. Li near (solid lines) and 
exponential regression models (dashed lines) were fitted to the observed data. 
Figure 14: Response delay (time lag) between input peaks and RAD7 record peaks . 
The membrane module favors a quicker response than the RADaqua extraction. Further, 
an increase of water flow rates accelerates radon water/air equilibration, and thus de-
creases the response delay (time lag).  
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7.4 Discussion 
The results clearly demonstrated that radon-in-water concentration time-series cannot 
be directly derived from radon-in-air concentration time-series if short-term (< 30 min) 
concentration fluctuations occur. If a tracer application necessitates a high temporal data 
resolution further data processing of the recorded RAD7 time-series is required for allow-
ing (1) correction of the response delay between radon-in-water concentrations and cor-
responding radon-in-air records and (2) decreasing the erroneous modification (i.e. re-
duction) of the peak magnitude. 
The response delay of about 10 min, which has been determined for the applied detection 
set-up, can serve as a rough estimate for the required shift of the recorded concentration 
peaks (e.g. for preliminary on-site data evaluation). For the applied detection set-up the 
input signal is best represented if the whole recorded data is shifted for 10 min. Nonethe-
less, response times below 10 min were observed for peaks related to short input signals 
of ≤ 10 min. Quicker response times which are attributed to shorter input signals are in-
terpreted as a consequence of limited time available for the concentration equilibration 
between water and air. Hence, the shorter an input signal, the more is the response delay 
dominated by the decay delay. However, a precise determination of radon-in-water con-
centration time-series based on radon-in-air records necessitates the exact quantification 
of the response delay. The presented model allows for the combined effects of kinetic de-
lay and decay delay, which are causing the overall response delay. Hence, the precise de-
termination of radon-in-water concentrations based on radon-in-air concentration rec-
ords was achieved by applying the model. With this approach signals that lasted for 25 
min and 50 min were reconstructed with sufficient precision in terms of the temporal 
onset and the accuracy of the concentration. The anomalies lasting 2 min, 5 min and 10 
min were precisely reconstructed regarding the temporal onset. Though, the radon con-
centration of the input signal was not reached. Besides the detection delay, this is a result 
of the required data smoothing and of the applied counting cycle length of 5 min both of 
which inhibit a resolution below 5 min per se. However, steep gradients of radon-in-water 
concentrations within 5 min are unlikely to occur in natural system and, thus, are not of 
relevance for most practical applications.  
Under field conditions attention needs to be paid on maintaining a constant water flow 
and air flow rate, since both are influencing the kinetic delay (Dimova et al., 2009). Further 
lab-based experiments, which were conducted for a range of water flow rates supported 
the findings of faster equilibration with increasing water flow rates. For minimizing the 
detector’s response delay the water flow rates should be selected as high as possible. For 
on-site data interpretation the varying response delays for different types of radon ex-
traction need to be considered. These findings allow the application of the inverse model 
on radon data recorded by the RAD7 for water flow rates ranging from 0.8 to 3.6 l min-1 
and from 0.5 to 1.9 l min-1 for radon extraction via the RADaqua and the membrane mod-
ule, respectively (Figure 15).  
This study is of relevance for related applications such as the investigation of groundwa-
ter discharge into surface water bodies based on radon-in-water concentration patterns 
that are mapped by continuous radon measurements. The utilization of the suggested 
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model resulted in a significant improvement of radon-in-water concentration determina-
tion. Hence, a more precise localization of radon anomalies and of the related groundwa-
ter discharge areas is allowed. 
7.5 Conclusions 
The main findings of the discussed study are: 
(1) The peaks in the recorded time-series are delayed relative to the radon-in-water input 
function with a time lag of about 10 min at a water flow rate of 1 l min-1. This delay can 
serve as a rule of thumb for preliminary on-site data evaluation. At the same water flow 
rate the response delay is ~17 min for radon extraction via the RADaqua. The higher the 
water flow rate, the shorter the response delay. 
(2) The presented model allows reconstruction of the temporal onset of radon-in-water 
anomalies based on radon-in-air records. The temporal onset of the modeled peaks was 
highly consistent with the radon-in-water anomalies of the real input signal. 
(3) Radon-in-water concentration fluctuations which lasted longer than 10 min were pre-
cisely derived by the inverse model with respect to timing and magnitude. Radon-in-wa-
ter concentration fluctuations lasting less than 10 min could only be fully reconstructed 
with respect to its timing. Still, these fluctuations were significantly better represented by 
the inverse model compared to the RAD7 records. 
(4) Mass transfer coefficients were determined experimentally for the applied detection 
setup using two different types of radon extraction and for water flow rates of 0.8 to 3.6 l 
min-1 (RADaqua) and 0.5 to 1.9 l min-1 (membrane module). 
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8 SUBMARINE GROUNDWATER DISCHARGE INTO A BAY 
 
Novel Approaches for Localization and Quantification of Submarine 
Groundwater Discharge by Combining the Environmental Tracer Ra-
don (222Rn) and Hydro(geo)logical Modelling 
 
Authors: Petermann, E., Stollberg, R.1, Gebel, M.2, Scholten, J.3, Knöller, K.4, Lorz, C.2, Glück, 
F.5, Riemann, K.6, Weiß, H.1 & M. Schubert1  
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5 - Leibniz Institute for Baltic Sea Research Warnemünde, Biological Oceanography, Seestrasse 15, 18119 Rostock, Germany 
6 – Umvoto Africa Ltd, 8 Beach Rd, Muizenberg, Cape Town, 7945, South Africa 
 
Abstract: Submarine Groundwater Discharge into the near-coastal sea in False Bay 
(South Africa) was investigated by a combined approach of environmental tracer tech-
niques with emphasis on radon and hydro(geo)logical modelling. In this study, the appli-
cation of a recently developed radon mapping data processing approach by Petermann 
and Schubert (2015) is presented. This radon data processing improves spatial resolution 
and accuracy for the localization of positive radon anomalies and, hence, SGD locations. 
Quantitative studies using a radon mass balance for determining SGD water fluxes were 
conducted at an identified SGD location. Methodological novelties comprise the calcula-
tion of the radon mixing rate, an effective radon degassing rate and SGD radon end-mem-
ber determination. A radon flux of 53.6 Bq m² d-1 (25-75 %ile: 44.2 - 63.3 Bq m-² d-1) was 
observed which is equivalent to a SGD water flux of 8,400 m³ d-1 (25-75 %ile: 3,300 - 
21,300 m³ d-1) or 3.4 m³ d-1 per m coastline (25-75 %ile: 1.3 - 8.5 m³ d-1 per m coastline). 
Differentiation between FSGD and RSGD was conducted utilizing a salt mass balance 
which indicated FSGD of 2,300 m³ d-1 (25-75 %ile: 1,700 - 3,400 m³ d-1) or 0.9 m³ d-1 per 
m coastline (25-75 %ile: 0.7 - 1.4 m³ d-1 per m coastline). Consequently, RSGD was 6,600 
m³ d-1 (25-75 %ile: 1,100 - 19,500 m³ d-1) or 2.7 m³ d-1 per m coastline (25-75 %ile: 0.5 - 
7.8 m³ d-1 per m coastline). The plausibility of these results has been proven using a hy-
drogeological model for SGD localization. A hydrological model was applied for quantify-
ing groundwater recharge in the FSGD capture zone, which was delineated by the ground-
water flow model. 
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8.1 Introduction 
Previous studies using radon mapping for SGD localization do not quantitatively correct 
for the radon detectors response delay (Dimova et al., 2009), which may result in mislo-
calisation of SGD. This response delay is either not considered at all (e.g. Mejías et al., 
2012; Mwashote et al., 2013) or conducted in a semi-quantitative way by associating the 
radon observation at the end of a counting cycle with the geographical position that was 
passed by the boat some time before (e.g. 15 min which is equivalent to five 218Po half-
lives; e.g. Baudron et al. (2015)). Moreover, to the author´s knowledge, the effect of tidal 
stage on radon in seawater mapping was never quantitatively considered. However, for 
comparing radon mapping results that were observed during different tidal stages or for 
using mapping results for SGD quantification this effect requires consideration.  
Radon mass balancing (RMB) is a standard tool for SGD quantification. Previous experi-
ence has shown that RMB derived SGD estimates are highly sensitive to the radon degas-
sing flux term and the mixing flux term. Therefore, uncertainties in determination of de-
gassing and mixing rate limit the accuracy of SGD water flux estimates using RMB. The 
mixing loss is usually deducted from the maximum decrease of radon inventories between 
two consecutive time-steps in time-series observations (e.g. Burnett and Dulaiova, 2003; 
Wu et al., 2013). However, this approach is only applicable for time-series observations 
because changes over time are required and, introduces several assumptions (such as 
zero groundwater flux during maximum mixing loss). In most studies, the degassing rate 
of radon is calculated based on wind speed observations during the sampling campaign 
using the Macintyre (MacIntyre et al., 1995) equation (e.g. Baudron et al., 2015). However, 
considering degassing only during sampling does not account for the effect of degassing 
prior to sampling that also has an effect on the observed radon inventory. This is a conse-
quence of RMB disequilibrium after intense degassing (e.g. storms). Radon source fluxes 
may not be sufficient for balancing the degassing loss immediately, but rather require a 
couple of days for balancing. Another shortcoming in many studies is that uncertainties 
in RMB parameter estimation (radon in groundwater, seawater, marine sediment 
porewater, air) and radon flux term estimation (e.g. Cook et al., 2008) are not quantita-
tively considered (e.g. Wen et al., 2013; Baudron et al., 2015). For instance, running cal-
culations with mean values only does not account for heterogeneous (non-Gaussian) pa-
rameter distribution in natural systems. The conversion of the SGD radon flux derived 
from a RMB to SGD water flux requires the SGD end-member that should represent the 
flux-weighted average SGD. A subsequent partitioning of SGD into a FSGD and a RSGD 
component is not envisaged by many authors. However, chemical composition of FSGD 
and RSGD and related effects on the ecosystem are different, thus, separation of both com-
ponents is essential to assess the geochemical contribution of SGD to coastal waters 
(Mulligan and Charette, 2006; McCoy and Corbett, 2009). 
In this chapter a revised approach for SGD localization and quantification using the envi-
ronmental tracer radon is presented. An inverse modelling approach (Petermann and 
Schubert, 2015; see chapter 7) on continuous radon mapping data was applied. This pro-
cedure quantitatively corrects for the detectors response delay and the tidal effect. To the 
author’s knowledge, this is the first time that this approach was applied to real field data. 
The novelties regarding the RMB comprise the calculation of (1) an ‘effective radon de-
gassing rate’ that also considers degassing that occurred prior to the sampling campaign 
and (2) a mixing rate that is derived from radium based water apparent age estimates. 
The uncertainty of the radon flux terms and SGD water fluxes was quantified by conduct-
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ing stochastic simulations (Monte Carlo simulations) based on probability density func-
tions of RMB parameters and the SGD end-members. FSGD was estimated independently 
using a salt mass balance which in turn also allowed RSGD estimation by attributing the 
difference between total SGD and FSGD to RSGD. These field based investigations were 
flanked by hydrological and hydrogeological model results which were used for valida-
tion. The localization of FSGD was validated by analysing the net seaward groundwater 
flow along the coastline of the budget area. The quantity of FSGD was validated by com-
parison with modeled groundwater recharge rates within the budget areas groundwater 
capture zone which was delineated by a groundwater flow model.  
8.2 Study Area 
The overall False Bay catchment, Western Cape Province, South Africa (ca. 1,400 km²) 
(Figure 14) shows an altitude ranging from the sea level up to 1,511 m. The climate is 
mediterranean with an annual average temperature of 16.3 °C, monthly mean summer 
temperatures of 21 °C, monthly mean winter temperatures of 13 °C (World 
Meteorological Organization, 2006) and annual precipitation varying between 400 and 
800 mm [for Cape Town; Adelana et al. (2010)]. The amount and spatial distribution of 
rainfall and temperature changes significantly within the catchment due to topographic 
effects; precipitation may double in the mountainous parts. The study area belongs to the 
Cape Fold Belt and its lithology is characterized by exposed bedrocks along the Cape Pen-
insula and the eastern flank of the bay that mainly consists of quartzitic sandstone, silt-
stone and shale of the Table Mountain Group (TMG; Ordovician to Silurian) as well as un-
derlying greywacke, phyllite and quartzitic sandstone of the Malmesbury Group (Neo-
proterozoic) (Meyer, 2001). The coastal plain of the Cape Flats is made up by unconsoli-
dated sediments of the Sandveld Group (Tertiary to Quaternary) (Adelana et al., 2010). 
The mountainous hinterland is widely associated with granitic intrusions (Neoprotero-
zoic). Several streams, e.g. the Lourens River, are discharging the sub-catchments. On the 
Cape Flats, small groundwater-fed coastal lakes (e.g. Sandvlei, Zeekoevlei, Rondevlei) ex-
ist which are characterized by a partly poor water quality (Haskins, 2015). 
A large part (40 %) of False Bay catchment is covered with Fynbos vegetation, the natural 
shrub- and heathland. Agricultural uses cover 29 % of the area; the urbanized area en-
compasses 24 %. The population of the wider Cape Town metropolitan area accounts for 
3.7 million inhabitants (Statistics South Africa, 2015). The land-use pattern in the sub-
catchment of Sir Lowry’s Pass River that discharges into the SGD budget area is compara-
ble to False Bay’s land uses.  
Most of Cape Town’s waste water and storm water is passed en route through the Cape 
Flats to discharge into False Bay. In effect, the waste water is ‘imported’ to the False Bay 
catchment via the Western Cape Water Supply System. These ‘imported’ volumes of water 
exceed by far the volumes that enter by surface and river runoff. Both the land-use activ-
ities in the catchment and the lined and unlined stormwater canals pose a significant con-
taminant threat to both the natural surface waters and the groundwater. 
False Bay itself has a coastline of 110 km, covers an area of ~900 km² and shows an aver-
age water depth of 40 m (Figure 14). The tides have a semidiurnal character with a tidal 
range of up to 2 m at spring tide. False Bay was chosen as greater study area for two rea-
sons: (1) the False Bay area suffers from both water shortages during the dry season and 
(2) signs of contamination of the coastal sea originating from untreated sewage disposal 
that is often transferred to the sea as storm water runoff from informal settlements. First, 
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radon mapping along the False Bay coastline was conducted for localization of potential 
SGD. The focal point of the quantitative surveys was on an area of interest (AOI), carefully 
selected based on the larger scale data, with ~2.5 km of coastline close to Gordons Bay 
(Figure 14). 
 
8.3 Methods 
8.3.1 Analytical Techniques 
8.3.1.1 Radon-in-Seawater Sampling 
Radon-in-seawater was measured from a vessel moving at an average speed of ~4 km h-1. 
The vessel cruised as close to the shoreline as possible, i.e. in water depths between 1 and 
10 m depending on the submarine morphology. A handheld GPS was used for recording 
the cruise track. Simultaneously, the radon concentration was recorded by using two mo-
bile radon-in-air monitors RAD7. The water depth was monitored via the echo sounder of 
the vessel. Additionally, high resolution bathymetry data (South African Council for 
Geoscience, 2015) was used for further data processing.  
A permanent water pump stream was sustained with a water flow rate of 2 l min-1 which 
was connected to a membrane radon extraction unit (MiniModule®, Membrana GmbH) 
where radon diffuses at a defined rate through a permeable membrane into a closed air 
Figure 14: Overview of the study area False Bay and its catchment. Elevation, lithology, bathymetry 
and urban areas in False Bay area are shown. The model domain of the hydro(geo)logical models is located 
in the eastern part of the catchment (bold black line). Labels indicate locations  with later reference. Q – 
Quaternary, T – Tertiary, S – Silurian, O – Ordovician, Ne – Neoproterozoic. Data Sources: Bathymetry - 
South African Council for Geoscience (2015); Digital Elevation Model – Van Niekerk (2014).  
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loop as a consequence of radon partitioning between water and air. Counting cycles of 10 
min were applied for mapping of the entire False Bay coastline and a counting cycle of 5 
min for the detailed mapping.  
8.3.1.2 Sampling of Groundwater and Marine Porewater 
Point samples of groundwater (porewater) were taken from depths between 0.5 m and 2 
m below the surface by means of a piezometric push-point sampler in areas with sus-
pected SGD occurrence. The shallow groundwater composition at the freshwater/sea-
water interface was assumed to better represent the radionuclide composition of SGD 
than groundwater taken from wells in the hinterland. This assumption allows for the per-
manent change of radionuclide concentration of groundwater as the water flows through 
the aquifer matrix material with varying radon production and emanation rates. Marine 
porewater samples off the shoreline were taken with the help of scuba divers. Thereby, 
three lances were inserted 30 cm into the sediment close to each other. A syringe was 
connected to each of the lances via a flexible hose for the sake of sampling.  
8.3.1.3 Radon and Radium in Groundwater and Porewater 
As described in 5.1.6.2. and 5.2.1. 
8.3.2 Radon Mapping Data Processing 
The correction of the response delay was conducted as described in Petermann and 
Schubert (2015; see chapter 7). 
In tide affected coastal settings radon concentration usually oscillates cyclically on a tidal 
time scale. In general, higher radon concentrations are observed during low tide and vice 
versa (see 3.1.1). Since radon mapping lasts in most cases at least several hours, various 
coastal sections are passed during different tidal stages. Consequently, radon concentra-
tion data have to be normalized to an average seawater level to achieve comparability of 
radon concentration during the entire mapping campaign. The tidal effect on the radon 
concentration was monitored at a fixed location in Gordons Bay harbor (see Figure 14). 
8.3.3 Radon Mass Balance  
Relevant radon sinks in the system which was investigated in this study are decay (Fdec), 
mixing (Fmix) and atmospheric degassing (Fatm). Radon sources are SGD flux (FSGD), diffu-
sive inputs from the sea floor (Fdif) and radioactive production within the water column 
(Fprod). After calculating all source and sink terms [Bq m-2 d-1], the radon flux [Bq m-2 d-1] 
that is required to balance the RMB, i.e. to sustain a constant radon inventory is attributed 
to SGD (Eq. 13).  
𝐹𝑆𝐺𝐷[𝐵𝑞 𝑚
−2𝑑−1] = 𝐹𝑑𝑒𝑐 + 𝐹𝑚𝑖𝑥 + 𝐹𝑎𝑡𝑚 − 𝐹𝑑𝑖𝑓 − 𝐹𝑝𝑟𝑜𝑑     (Eq. 13) 
Radon input from any other sources (e.g. streams) was assumed to be negligible since 
visual inspection revealed that discharge of the small ungauged creek running into the 
area of interest was minor during the field campaigns (< 0.01 m³ s-1). In the next step, the 
SGD radon flux can be converted to SGD water flux [m d-1] providing that the radon con-
centration of SGD (RnSGD, [Bq m
−3]) is known.  
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8.3.3.1 Mixing Loss 
The net mixing loss from estimations of the mean water apparent age was derived from 
the 224Ra/223Ra concentration ratios in the seawater (ARSW) and the related SGD end-
member (ARSGD) (see 5.2.2). The determination of the water apparent age (τ, [d]) assumes 
no other radium inputs as the water moves offshore. Consequently, after discharging into 
the sea the 224Ra/223Ra solely changes as a function of time since decay rates of 223Ra 
(λRa223, [d-1]) and 224Ra (λRa224, [d-1]) differ. Therefore, the time elapsed since a parcel of 
water was last in contact with the aquifer matrix, i.e. the mean water apparent age, can be 
derived using Eq. 7 (see 5.2.2).   
The daily net mixing rate was defined as the inverse of the water apparent age (Eq. 14).  
𝑚𝑖𝑥 [𝑑−1]  =  
ln (0.5)
𝝉
         (Eq. 14) 
8.3.3.2 Radon Degassing Loss 
The empirical model developed by MacIntyre et al. (1995) (see 5.1.3) which is widely used 
for RMB (Burnett and Dulaiova, 2006; Wu et al., 2013) was used for radon degassing cal-
culation. Since radon concentration requires time to regenerate after intense degassing 
events, depletion in radon will persist for a couple of days. Consequently, for quantifying 
the influence of atmospheric radon flux, several days prior to the radon sampling cam-
paign need to be considered rather than only the average atmospheric radon flux during 
the measurement itself. The effect of a degassing event on the observed radon concentra-
tion is more significant the closer the degassing event has occurred prior to sampling. A 
weighting factor that quantifies the influence of a degassing event on the radon concen-
tration during the actual measurement was defined for the time step t [d]. The weighting 
factor wt was calculated based on the radon decay constant λRn [0.181 d-1] and the water 
mixing rate mix [d-1] that are expected to be the primary drivers of the systems radon 
regeneration speed (Eq. 15). 
𝑤𝒕 [−] = 𝑒
(−(𝜆𝑅𝑛+𝑚𝑖𝑥)∗𝑡)          (Eq. 15) 
The effective radon degassing rate that affects the observed radon inventories during a 
sampling campaign is calculated following Eq. 16. 
𝐹𝑎𝑡𝑚 [𝐵𝑞 𝑚
−2𝑑−1] =
∑  [𝑤𝑡 ∗𝐹𝑎𝑡𝑚𝒕]
𝑡𝑚𝑎𝑥
𝑡=0
∑  𝑤𝑡 
𝑡𝑚𝑎𝑥
𝑡=0
       (Eq. 16) 
8.3.3.3 Decay, Production and Diffusive Fluxes 
Radon production and decay in seawater are solely functions of the concentrations and 
decay constants of 226Ra and 222Rn. The diffusive radon flux is mainly driven by the radon 
concentration gradient between seawater and marine porewater and was calculated from 
a depth independent model (see 5.1.4) first introduced by Martens et al. (1980). More 
detailed descriptions on calculations of Fdec, Fprod and Fdif can be found elsewhere (e.g. 
Burnett and Dulaiova, 2003; Lambert and Burnett, 2003; Wu et al., 2013). 
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8.3.3.4 Uncertainty Quantification 
The RMB approach requires estimation of input parameters for determining radon and 
SGD flux. These estimates are often based on a limited number of samples taken during 
field campaigns due to time and cost restrictions. Therefore, considerable uncertainty 
arises from small sample size in combination with spatial heterogeneous parameter dis-
tribution. Additional uncertainty is introduced by analytical uncertainty (‘measurement 
error’), although this uncertainty component is assumed to be of minor order compared 
to spatial heterogeneity. Stochastic simulations (Monte Carlo simulations) of the RMB 
were conducted based on probability density functions (pdf) for propagating uncertainty 
of input parameters into radon and SGD flux uncertainty. In detail, a large number of 
model realizations (in this study 10,000) were run with varying input parameter settings. 
The parameter setting for each realization was randomly sampled from the pdf of the re-
spective parameter. Hence, a range of possible results was computed allowing for uncer-
tainty quantification of the model output. Analytical uncertainty of observations was as-
sumed to be Gaussian distributed, whereas RMB parameters such as radon concentration 
in groundwater was assumed to be lognormally distributed in space (Zikovsky and Chah, 
1990) such as many other parameters in geosciences (Limpert et al., 2001). 
8.3.4 Salt Mass Balance 
A salt mass balance was applied aiming at estimating the fraction of freshwater (fFSGD) 
within the area of interest (AOI), which will be defined later on (8.4.1.2 and 8.4.2.1.1). 
FSGD is assumed as the only source of freshwater input to the AOI. Precipitation and dis-
charge from the small runlet as well as evaporation were assumed to be negligible during 
the sampling campaign. Therefore, the fraction of freshwater equals the fFSGD. Further, it 
was assumed that RSGD has no net-effect on AOI water salinity. The fFSGD was determined 
from the AOI salinity dilution due to FSGD relative to the salinity of the seawater end-
member (Eq. 17). 
𝑓𝐹𝑆𝐺𝐷[−] = 1 −
𝑆𝑎𝑙𝐴𝑂𝐼
𝑆𝑎𝑙𝑆𝑊
           (Eq. 17) 
In the next step, the flux of FSGD (FFSGD) that is required to sustain the calculated fFSGD was 
determined. FFSGD need to be equal to the water mixing loss under steady-state conditions 
if mixing is assumed as the only process that removes freshwater from the AOI. Under 
consideration of the mixing rate (8.3.3.1) and the water volume of the AOI (VAOI) the mix-
ing loss and FSGD can be estimated as follows (Eq. 18). 
FSGD[m3d−1 ] = (1 − 𝑒−𝑚𝑖𝑥∗1𝑑) ∗ 𝑉𝐴𝑂𝐼 ∗ 𝑓𝐹𝑆𝐺𝐷      (Eq. 18) 
8.3.5 Hydrological Model 
A hydrological model was applied with the goal of providing estimates of percolation 
rates, i.e. groundwater recharge rates, and surface runoff for the catchments of Lourens 
River and Sir Lowrys Pass River (model area in Figure 14). In addition, groundwater re-
charge rates serve as input for the hydrogeological model. The WebGIS based software 
STOFFBILANZ (Gebel et al., 2012; Gebel et al., 2013; Gebel et al., 2014) was applied. This 
model was designed to compute diffuse matter flux in catchments, for simulating surface 
runoff and deep percolation with a daily resolution. Required input data are daily rainfall 
rates, soil hydraulic properties, land cover and the actual growing state of agricultural 
crop plants.  
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8.3.6 Hydrogeological Model 
A numerical groundwater flow model was developed for identifying locations along the 
coastline where net groundwater discharge occurs (similar to FSGD). In addition, ground-
water flow modelling was used to delineate the subterranean catchment or capture zone 
from where groundwater volumes are discharging into the AOI. The model dimension is 
principally following the catchment’s margins used for the hydrological model described 
in 8.3.5. Thus, a transient, density-coupled, three-dimensional finite element model was 
set up for the model area (Figure 14) covering an area of ~ 210 km². 
The groundwater flow model was developed by using hydrogeological structural data 
provided by the Groundwater Resource Assessment project (Department of Water Affairs 
and Forestry, 2004) containing information about the general hydrogeological setting of 
the study region as well as spatial estimates regarding geological bedrock units, weath-
ered materials and younger sediments. Moreover, detailed geological data was provided 
by the Council of Geoscience, South Africa, and has been used for compiling a differenti-
ated hydrostratigraphy for the entire model domain, subsequently used for the flow 
model parameterization in horizontal and vertical scale regarding representative hydrau-
lic conductivity parameter distributions. Spatial and temporal information on groundwa-
ter levels were limited since a continuous and detailed groundwater monitoring is not 
existent. Nevertheless, available water level data was applied for a steady-state model cal-
ibration and a sufficient model calibration was reached. The flow model needed to be 
transferred into a time-variant flow model for considering probable seasonality of SGD 
fluxes. Sea-level variations were implemented by using the local tidal characteristics. The 
transient model was run for a modelling period of 365 d. Results of the model state vari-
able subsequently served as initial conditions for a followed simulation run, which was 
repeated until “stable” inter-annual variabilities of the state variables were reached.  
8.4 Results 
8.4.1 SGD Localization 
8.4.1.1 Large scale radon mapping 
Radon mapping in the coastal sea along the entire shoreline of False Bay from Cape Pen-
insula along the Cape Flats up to Cape Hangklip was conducted in May 2009. Radon data 
were corrected for the response delay. Additionally, a sensitivity analysis was conducted 
based on time-series measurements (March 2014) of radon and water level fluctuations 
in the coastal sea for tide correction (Figure 15).  
This analysis revealed a high inversely correlated dependence of radon concentration on 
water level (r = -0.84, R² = 0.71, p < 0.001). An exponential regression model was selected 
for tidal correction since it allows for relative corrections of the observed data rather than 
absolute corrections, i.e. avoidance of negative corrected concentrations. Rncor is the tide-
corrected radon concentration [Bq m-³], Rnobs is the observed radon concentration [Bq m-
³] and tide [m] is the deviation from the mean water level. An exponential regression co-
efficient of -0.61 produced the best data fit (Eq. 19) which was used for tidal correction. 
This relationship between tide and radon was assumed to occur along the entire False Bay 
coastline since tidal range and tidal onset are approximately the same along False Bay´s 
coastline. 
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Rncor    =   (Rnobs)/e
(−0.61∗tide)          (Eq. 19 ) 
Tide data recorded in Simon’s Town on Cape Peninsula (Figure 15; data derived from the 
University of Hawaii, Sea Level Center) was used for tide correction. Radon concentration 
was low (< 20 Bq m-3) along the bedrock coastline of the Cape Peninsula and the eastern 
flank of the False Bay that is formed by rock varieties of TMG and Malmesbury Group 
(Figure 15). Significantly higher concentrations were observed along the middle and east-
ern part of the Cape Flats (up to 55 Bq m-3) with peak concentration in the area off Gor-
dons Bay and Strand. In contrast, no elevated radon concentration was observed along 
the western part of the Cape Flats. Areas with elevated radon concentration are inter-
preted as SGD influenced.  
8.4.1.2 Small scale radon mapping 
A second radon mapping with a higher spatial resolution was performed in March 2014 
to confirm the results of the large scale mapping and to increase understanding of spatial 
variations of SGD. Figure 16 shows the observed radon concentrations (A) as well as dif-
ferent data processing approaches (B, C and D). First, the raw RAD7 records were inter-
polated between consecutive ends of counting cycles to obtain spatial continous data (Fig-
ure 16A). Figure 16B shows the same signal as in Figure 16A but shifted for 25 min which 
is expected the minimum equilibration time for the given setup. Thus, the interpolated 
radon concentration was attributed to the location passed by the boat 25 min before. In 
consequence, the radon anomaly moved towards the south of the AOI compared to Figure 
16A. Figure 16C shows the response delay corrected radon signal based on the raw data 
Figure 15: Radon mapping along False Bay coastline.  The eastern section of the Cape Flats reveal ele-
vated radon concentrations indicating SGD, whereas the western section of the Cape Flats and the eastern 
and western flank of False Bay reveal low radon concentrations. 
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(Figure 16A). The radon anomaly is now located between the anomalies of Figure 16A 
and Figure 16B in the inner Gordons Bay. Radon concentrations increased in Figure 16C 
as a result of inverse modelling that removed the radon detectors signal smoothing effect 
(Petermann and Schubert, 2015). Figure 16D shows tide correction applied in addition to 
the response delay corrected signal. Since mapping was conducted at ebb tide most of the 
time, concentrations increased after correction (8.3.2). Spatial radon patterns changed 
slightly in comparison to Figure 16C due to the correction of different tidal stages during 
mapping. The results of this cruise confirm the findings of the large-scale mapping with 
highest radon enrichment found in the coastal waters off Gordons Bay. At this time, re-
sponse delay and tide corrected radon concentration of up to 100 Bq m-3 was found in 
inner Gordons Bay. The radon concentration was decreasing with increasing water depth 
due to dilution of the radon signal.  
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8.4.1.3 Hydrogeological Modelling 
The average hydraulic heads calculated by the hydrogeological model (Figure 17) reveal 
insights into the general groundwater flow pattern. The hydraulic gradient is much 
steeper south and east of the AOI indicating FSGD occurrence. In contrast, distances be-
tween hydraulic head contour lines are much wider in the north indicating less FSGD. Fur-
ther, the groundwater capture zone, i.e. the source area of groundwater that discharges 
into the AOI (Figure 17), was delineated by applying backward particle tracking. The cap-
ture zone, of which parts can be seen in Figure 17, has a spatial extent of 9.3 km². Further, 
to check the plausibility of radon mapping results, relative FSGD contribution simulated 
Figure 16: Radon mapping data for Gordons Bay. A) Interpolated raw data, B) Interpolated raw data 
shifted backwards for 25 minutes, C) Corrected for response delay, D) Corrected for response delay and 
tidal effect.  
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by the hydrogeological model along the AOI coastline was analyzed. The AOI coastline was 
divided into ten sections of equal length; for each section the relative contribution of FSGD 
was calculated. It is clearly visible that the southern part of the AOI receives the main 
share of FSGD. One single section receives 57 % of total FSGD within the AOI, whereas 
each of the coastal sections in the northern part of the AOI receives less than 1 % of total 
FSGD. This FSGD pattern is consistent with hydraulic head contour lines; high FSGD rates 
correlate with steeper hydraulic gradients. However, as noticed in 8.3.6 input data are 
scarce. Therefore, the exact localisation of FSGD is associated with uncertainty. 
8.4.2 SGD Quantification 
8.4.2.1 Radon Mass Balance 
8.4.2.1.1 Area of Interest and Radon in Water Inventory 
The extent of the area of interest (AOI) for which the RMB was calculated was derived 
from radon mapping results presented in 8.4.1.2. The AOI is characterized by elevated 
radon concentrations; it is bordered by two harbors and has an area of 0.85 km². The 
average water depth is 1.4 m and the coastline has a length of 2.5 km. The radon inventory 
of the AOI was derived from the March 2014 mapping results (Figure 16) delivering a 
spatially integrated value. Radon mapping data were spatially interpolated for the extent 
of the entire AOI using universal kriging. Subsequently, the radon inventory for each point 
was calculated under the assumption of a vertically well-mixed water body. The mean 
Figure 17: Radon mapping and hydrogeological modelling results for Gordons Bay area. The relative 
contribution of SGD is presented along the coastline of the area of interest (RMB budget area) for several 
coastal sections in comparison to radon mapping results (Figure 16D). Hydraulic head isolines (5 m inter-
vals) are presented as well as the near-coastal part of the groundwater capture zone.  
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radon concentration of the entire AOI water body was calculated by summing up all prod-
ucts of radon inventories and the corresponding water depth and, finally, dividing this 
sum by the AOI water volume. The mean radon concentration in surface seawater was 50 
Bq m-3, the mean inventory of the entire AOI water body was 58 Bq m-2. 
8.4.2.1.2 Radon Flux Calculations 
Mixing loss 
The mean apparent water age of discharged groundwater within the AOI was determined 
from the 224Ra/223Ra ratio in seawater (RaSW, Appendix A) and groundwater (RaGW, Ap-
pendix A) observed in March 2014. The 224Ra/223Ra in groundwater was 16.0 ± 3.1 
(n = 2); the 224Ra/223Ra in seawater ranged from 7.4 to 13.7 (n = 9) with a mean of 9.7 ± 
2.2. The mean water apparent ages were calculated following eq. 7 and ranged from 1.2 
to 6.7 d for the individual samples. The mean water apparent age for the AOI was 4.0 ± 2.5 
d considering the uncertainty of the SGD end-member as well as seawater end-member 
variability. The mixing rates derived thereof (eq. 14) have a median of 0.24 d-1 (25-75 
%ile: 0.17 - 0.37 d-1). Thus, the median radon loss due to mixing was 12.1 Bq m-² d-1 (25-
75 %ile: 8.9 - 18.1 Bq m-² d-1). 
Degassing Loss 
The effective radon degassing loss, i.e. the atmospheric radon flux, was calculated consid-
ering wind speed history for a period of 5 days prior to the actual sampling campaign. 
Wind speed data were provided in hourly resolution by the South African Weather Service 
(2015) for the observatory Strand that is located only 2 km from the AOI (Figure 15). An 
atmospheric radon concentration of 30 Bq m-³ was observed in March 2014. The degas-
sing flux was modelled assuming constant radon-in-air and radon-in-water concentra-
tions as well as a constant mixing rate during this 5 day period. Figure 18 illustrates the 
weighting factor, wind speed, atmospheric radon flux and the resulting weighted atmos-
pheric radon flux for a 5-day-period prior to the March 2014 measurement (see 8.3.3.2). 
The weighting factor shows an exponential increase the closer it gets to the actual meas-
urement period when it reaches a value of 1 (100 % impact on atmospheric radon flux). 
The weighted atmospheric radon flux results from the sum of all products of atmospheric 
flux and corresponding weighting factor divided by all weights (Eq. 16). The mean degas-
sing loss was 32.2 Bq m-² d-1 (25-75 %ile: 25.2 - 39.2 Bq m-² d-1).  
Rn Decay Loss 
Radon decay was 10.7 Bq m-2 d-1 based on observed radon inventories and the radon de-
cay rate.  
Diffusive Flux 
An average radon concentration of ~100 Bq m-³ (n = 29) was observed in marine porewa-
ter resulting in a mean diffusive radon flux of 0.1 Bq m-2 d-1. In addition to marine porewa-
ter sampling, marine sediments for 226Ra concentration was also analyzed using gamma 
spectroscopy. The mean 226Ra concentration in sea bottom sediments was 5,100 Bq kg-1 
which is equivalent to a mean radon porewater concentration of 3,400 Bq m-³. The offset 
between the observed and the potential radon concentration inferred by 226Ra concentra-
tion of marine sediments indicates a significant depletion of radon in the uppermost sea 
bottom sediments. This depletion is interpreted as a consequence of intense mixing due 
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to seawater circulation resulting in the continuous replacement of high radon-porewater 
by infiltration of low radon seawater.  
Radon Production in Seawater 
The average 226Ra concentration in coastal seawater was 1.8 Bq m-³ (n = 6). Consequently, 
the radon production for the AOI amounts 2.6 Bq m-² d-1. 
8.4.2.1.3 SGD Radon End-member 
The SGD radon end-member was derived from groundwater samples (n = 17) taken along 
the land/sea interface adjacent to the AOI (Figure 16A and Figure 19B). These samples 
revealed a salinity range from 0 to 34, i.e. from freshwater to seawater and a radon con-
centration range from ~ 1,000 Bq m-³ to ~ 50,000 Bq m-³. Samples with radon concentra-
tions below the detection range were excluded from end-member characterization be-
cause it can be assumed that they are predominantly composed of seawater (Appendix A, 
GW 3 and GW 5) or rainwater (Appendix A, GW 7 and GW 11) and do not reflect the typical 
SGD composition. In the next step, 13 selected samples were used for determining the SGD 
end-member. First, an empirical probability density function (pdf) was produced utilizing 
these 13 samples and the associated analytical uncertainty. Under the assumption of a 
lognormal distribution of radon in groundwater (see 8.3.3.4) a log-normal pdf was fitted 
to the empirical pdf (Figure 19C). The mean SGD radon concentration derived from the 
fitted pdf was 4,800 Bq m-3 (25-75 %ile: 2,100 Bq m-3 - 11,500 Bq m-³). 
 
Figure 18: Determination of atmospheric radon flux for the sampling campaign in March 
2014. The atmospheric radon flux (red) is derived from the wind speed (black), both are in-
versely correlated. The weighting factor (green dashed line) shows an exponential decrease 
with increasing temporal distance to the sampling campaign at which the weighting factor is 
1.  The weighted atmospheric flux (blue, dashed line ) represents the product of atmospheric 
flux and weighting factor.  
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8.4.2.1.4 SGD Radon Flux 
The SGD radon flux was calculated with 53.6 Bq m-² d-1 (25-75 %ile: 44.2 - 63.3 Bq m² d-1). 
On the loss side, degassing was the most important sink followed by mixing and decay. On 
the source side, both diffusion and production are virtually negligible compared to the 
radon flux attributed to SGD. The SGD radon flux was converted to SGD water flux by di-
viding by the SGD radon end-member. The SGD estimate is 9.8 mm d-1 (25-75 %ile: 3.8 - 
24.8 mm d-1) or 8,400 m³ d-1 (25-75 %ile: 3,300 - 21,300 m³ d-1) or 3.4 m³ d-1 per m coast-
line (25-75 %ile: 1.3 - 8.5 m³ d-1 per m coastline). 
8.4.2.2 Differentiation of FSGD and RSGD  
For differentiation between FSGD and RSGD a salt balance was applied. In March 2014 a 
mean salinity of 34.5 was observed in the AOI and a salinity of 34.8 in seawater further 
offshore. This yields a freshwater share (fFSGD) of 0.9 % in the AOI assuming the salinity of 
freshwater to be 0. Under consideration of a mixing rate of 0.24 d-1 (25-75 %ile: 0.17 - 
0.37 d-1) and an AOI volume of 1.19 * 106 m³ the daily freshwater flux (FFW, [m³ d-1]) that 
is required to sustain the fFSGD of 0.9 % (equal to a freshwater volume of 10,800 m³) was 
calculated with 2,300 m³ d-1 (25-75 %ile: 1,700 -  3,400 m³ d-1) or 0.9 m³ d-1 per m coast-
line (25-75 %ile: 0.7 - 1.4 m³ d-1 per m coastline). Subsequently, RSGD was estimated by 
subtracting the salt balance based FSGD flux from the RMB based total SGD flux. Thus, 
Figure 19: Determination of the SGD Radon end-member. A) Groundwater sample lo-
cations along the land-sea interface (n=17). B) Radon vs. salinity plot of groundwater 
samples. C) Observed radon concentration (including its uncertainty)  and fitted proba-
bility density function (log-normal). 
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RSGD was 6,600 m³ d-1 (25-75 %ile: 1,100 - 19,500 m³ d-1) or 2.7 m³ d-1 per m coastline 
(25-75 %ile: 0.5 - 7.9 m³ d-1 per m coastline). 
8.4.3 Groundwater Recharge 
The groundwater recharge rate was modelled with 218 mm a-1 (see 8.3.5) using the model 
STOFFBILANZ (see 8.3.5). Significant seasonal variations of groundwater recharge are 
present, e.g. 54 % of total precipitation and 93 % of groundwater recharge occurred dur-
ing winter (June to August). On an annual basis 23 % of precipitation is available for 
groundwater recharge. The mean groundwater recharge rate in the FSGD capture zone 
was 5,200 m³ d-1. 
8.5 Discussion 
8.5.1 SGD Localization 
Radon mapping results were generally consistent with the hydrogeological model, both 
indicate the major share of SGD occurrence in the southern part of the AOI. However, both 
methods do not perfectly match, possibly as a consequence of uncertainty in the ground-
water flow model due to limited data availability and/or turbulent water mixing in the 
surf zone, which could have modified the radon concentration pattern. 
SGD in Gordons Bay may be a consequence of high groundwater recharge in the moun-
tainous hinterland and the general hydrogeological setting which is characterized by a 
steep hydraulic gradient (Figure 17) and the outcropping of the Malmesbury Shale in Gor-
dons Bay area. The Malmesbury Shale acts as aquitard and forces the groundwater in the 
overlying aquifer to rise and to discharge into the sea. The western section of the Cape 
Flats shows much lower near-coastal radon concentrations possibly due to higher 
groundwater abstraction around an agricultural site (Philippi) and the discharge of 
groundwater into coastal lakes (e.g. Zeekoevlei, Sandvlei) (Figure 15). In these surface 
water bodies evaporation is significantly elevated, which impedes seaward groundwater 
flow. Along Cape Peninsula and Cape Hangklip (Figure 15) SGD is decreased due to low 
hydraulic conductivity of rocks and hence, low groundwater recharge rate. Additionally, 
the small (surface) catchment areas along the two False Bay flanks also limit groundwater 
recharge. However, interpreting radon mapping data requires consideration that radon 
concentration in seawater is a function of both, SGD rate and SGD end-member radon con-
centration. Hence, the magnitude of a positive radon anomaly does not necessarily corre-
late with SGD rate. 
8.5.2 SGD Quantification 
The total SGD flux of 8,400 m³ d-1 (25-75 %ile: 3,300 - 21,300 m³ d-1) or 3.4 m³ d-1 per m 
coastline (25-75 %ile: 1.3 - 8.5 m³ d-1 per m coastline) relies solely on RMB and the correct 
conversion of radon fluxes to water fluxes. The uncertainty of SGD flux estimate results 
primarily from SGD end-member uncertainty. Differentiation between FSGD and RSGD 
was based on a salt balance. For this approach, FSGD was assumed as the only source of 
freshwater input into the AOI. In fact there was discharge from a small rivulet, although 
of minor order (Q < 0.01 m³ s-1). Therefore, the estimated FSGD of 2,300 m³ d-1 (25-75 
%ile: 1,700 - 3,400 m³ d-1) or 0.9 m³ d-1 per m coastline (25-75 %ile: 0.7 - 1.4 m³ d-1 per 
m coastline) should rather be seen as an upper limit. However, the dominance of FSGD 
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over surface water discharge in contributing freshwater to the AOI is clearly confirmed 
even if surface water discharge was at the upper limit of the observed threshold (0.01 m³ 
s-1), which would be equivalent to surface water discharge of up to 850 m³ d-1. FSGD was 
compared to the local groundwater recharge as a plausibility check of the tracer based 
estimate. The hydrological model revealed a mean groundwater recharge rate of 5,200 
m³ d-1 for the AOI groundwater capture zone. For a hydrological system in interannual 
steady state, groundwater recharge should be equivalent to FSGD. In the case of Gordons 
Bay, the groundwater recharge rate is more than the double of the estimated FSGD. Alt-
hough, both, FSGD and groundwater recharge rate, are associated with considerable un-
certainty, the fact that FSGD is significantly lower than groundwater recharge is reasona-
ble due to a couple of reasons. First, SGD is affected by seasonal oscillations. Tracer based 
studies reflect the conditions during the sampling campaigns itself and a couple of days 
prior to that. The presented study was based on sampling campaigns that were conducted 
in March, thus the ending of the drier season which is characterized by low groundwater 
recharge rates during the previous months. Thus, March should be roughly the time of 
peak low SGD in False Bay based on the findings of Michael et al. (2005) who found sea-
sonal oscillations of both FSGD and RSGD lagging three to five months behind peak re-
charge rates. In False Bay area roughly 90 % of groundwater recharge occurs from June 
to August, hence peak SGD can be expected from September to November and vice versa 
lowest SGD from February to May. Second, two processes may have affected groundwater 
storage inhibiting groundwater discharge into the sea, (1) unmonitored groundwater ab-
straction (mainly from private households) and (2) groundwater-stream interaction. Ad-
ditional uncertainties are: (1) FSGD might occur beyond the outer margin of the AOI 
(3.1.1), (2) uncertainty of precipitation input data to the hydrological model and (3) in-
terannual variability of precipitation and groundwater recharge rate (the hydrological 
model was calculated for 2012, the tracer based study was conducted in 2014).  
Further, the tracer based SGD result was compared to a general relationship of FSGD to 
total SGD proposed by Prieto and Destouni (2011). Based on a regression analysis of mod-
elling results from multiple authors for different study sites and varying tidal ranges they 
found a relationship of SGD = 1.1 FSGD + 1.3 m³ d-1 per m coastline. Consequently, RSGD 
equals 10 % of FSGD plus 1.3 m³ d-1 per m coastline. By inserting the estimated median 
FSGD rate of 0.9 m³ d-1 per m coastline into this equation the RMB based total SGD rate 
(median of 3.6 m³ d-1 per m coastline) is slightly underestimated with 2.3 m³ d-1 per m 
coastline. However, considering the uncertainty of SGD estimates this difference seems to 
be not significant. Nevertheless, these results suggest that coefficients of the linear model 
proposed by Prieto and Destouni (2011) may need to be adapted for False Bay and that 
RSGD:FSGD ratio is above average in this study assuming that the Prieto & Destouni rela-
tionship reflects average conditions. 
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8.5.3 Implication of Results and Outlook 
SGD locations represent possible entry points for contaminants into the sea. This implies 
that contamination of an aquifer feeding SGD is critical for the coastal water quality which 
is a prerequisite for aquatic ecosystem health, tourism and fishing industry. Besides dis-
charge via surface waters, pollutants from untreated sewage water may enter the 
groundwater in False Bay area and can be transported to the coastal sea via SGD. In con-
trast, zones of low FSGD represent areas of increased vulnerability to seawater intrusion 
(Sawyer et al., 2016). The estimated FSGD and RSGD quantities can be utilized for esti-
mating matter fluxes from AOI capture zone into Gordons Bay. Furthermore, it should be 
stressed that the investigations presented in this study are limited to SGD occurring at the 
near-shore scale. Future research efforts should also focus on assessment of SGD at the 
embayment and shelf scale (3.1.1). 
8.6 Conclusion 
Main findings of the discussed study are: 
1. Radon mapping data has been successfully corrected for the response delay and 
the tidal effect based on the method proposed by Petermann and Schubert (2015). 
The identified SGD location derived thereof is in good agreement with results from 
the numerical groundwater flow model. 
2. The SGD rate was derived from a radon mass balance which utilizes radon map-
ping results as spatially integrated information for the calculation of the radon in-
ventory. New approaches for calculating the radon mixing loss and the radon de-
gassing loss were presented. 
3. The estimated FSGD flux is well in accordance with modelled groundwater re-
charge rates for the corresponding groundwater capture zone considering sea-
sonal SGD oscillations. Further, comparison with modelling results suggests that 
RSGD:FSGD ratio is above average in Gordons Bay area with respect to the Prieto 
and Destouni (2011) relationship. 
The presented approaches for radon parameter estimation and radon flux calculation 
contribute to methodological progress in localizing and quantifying SGD and in determin-
ing the related uncertainty applying the environmental tracer radon. These approaches 
are transferable to other groundwater-surface water systems such as lakes, estuaries or 
lagoons for localizing and quantifying groundwater discharge. 
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9 SUBMARINE GROUNDWATER DISCHARGE INTO AN ESTUARY 
This chapter is largely based on a research paper published in the Journal of Geophysical 
Research - Oceans 
Submission: 20 April 2017 
Publication: 6 February 2018 
 
Coupling end-member mixing analysis and isotope mass balancing 
(222Rn) for differentiation of fresh and re-circulated submarine 
groundwater discharge (SGD) into Knysna Estuary, South Africa 
Authors: E. Petermann, K. Knöller2, C. Rocha3, J. Scholten4, R. Stollberg1, H. Weiß1, and M. Schubert1  
1 Dept. Groundwater Remediation, Helmholtz Centre for Environmental Research – UFZ, Permoserstraße 15, 04318 Leipzig,  
  Germany  
2 Dept. Catchment Hydrology, Helmholtz Centre for Environmental Research – UFZ, Theodor-Lieser-Straße 4, 06120 Halle, Germany  
3
 Biogeochemistry Research Group, School of Natural Sciences, Geography Department, Trinity College Dublin, Museum Building,    
  Dublin 2, Ireland 
4 Institute of Geosciences, Dept. of Sedimentology, Coastal and Shelf Research, University of Kiel, Otto-Hahn-Platz 1, 24118 Kiel,    
  Germany 
 
Abstract: Quantification of submarine groundwater discharge (SGD) is essential for eval-
uating the vulnerability of coastal water bodies to groundwater pollution and for under-
standing water body material cycles response due to potential discharge of nutrients, or-
ganic compounds or heavy-metals. Here, an environmental tracer based methodology for 
quantifying SGD into Knysna Estuary, South Africa is presented. Both components of SGD, 
(1) fresh, terrestrial (FSGD) and (2) saline, re-circulated (RSGD) were differentiated. An 
end-member mixing analysis was conducted for radon (222Rn) and salinity time series of 
estuary water over two tidal cycles to determine fractions of seawater, riverwater, FSGD 
and RSGD. The mixing analysis was treated as a constrained optimization problem for 
finding the end-member mixing ratio that is producing the best fit to observations at every 
time-step. Results revealed highest FSGD and RSGD fractions in the estuary during peak 
low tide. Over a 24 h time-series the portions of FSGD and RSGD in the estuary water were 
0.2 % and 0.8 % near the estuary mouth and the FSGD/RSGD ratio was 1:3.3. A median 
FSGD of 46,000 m³ d-1 / 1.5 m³ d-1 per m shoreline and a median RSGD of 150,000 m³ d-1 
/ 5.0 m³ d-1 per m shoreline were determined which suggests that SGD exceeds river dis-
charge by a factor of 1.2 to 2.4. By comparison to other sources, this implies that SGD is 
responsible for 28 to 75 % of total DIN fluxes into Knysna Estuary. 
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9.1 Introduction 
In this chapter, SGD into Knysna Estuary (Western Cape, South Africa) was studied to gain 
an in-depth understanding of short-term SGD dynamics with emphasis on the differenti-
ation between FSGD and RSGD and associated nitrogen loads. Estuaries are semi-enclosed 
coastal water bodies which have a free connection with the open sea and within sea water 
is measurably diluted with fresh water derived from land drainage (Pritchard, 1967). 
Moreover, estuaries are characterized by specific hydraulic, morphologic and biologic 
characteristics such as storage and transport of water and sediments, dual flow direction, 
a funnel shape, a brackish environment and high biomass productivity as well as high bi-
odiversity (Savenije, 2012). 
Estuaries and coastal lagoons are especially affected by SGD related matter fluxes due to 
greater water residence times compared to open shorelines. The Knysna Estuary belongs 
to the Garden Route National Park and forms a sensitive eco-system that is home to en-
dangered endemic species such as the Knysna seahorse (Claassens, 2016). The Knysna 
Estuary ranks amongst the largest estuaries along the southern coast of South Africa and 
possesses the highest overall conservation importance of all South African estuaries 
(South African National Parks, 2017). In addition, it belongs to the top recreational areas 
along South Africa’s south coast associated with typical demands of the tourism sector 
such as coastal development and drinking water supply. These characteristics emphasize 
the importance of a detailed understanding of Knysna estuaries water and matter budg-
ets. Data on groundwater-estuary interaction were limited to a water balance based esti-
mation of FSGD of 1.6 * 105 m³ a-1 from Leisure Island (Figure 20) that is located within 
the estuary (Johnstone, 2009). Overall, the Knysna Estuary is considered as a naturally 
nutrient poor system (Allanson et al., 2000) largely due to the semi-diurnal tidal inflow of 
nutrient poor seawater.  
In this study, the radioactive isotopes 222Rn, 223Ra and 224Ra, the stable water isotopes 
δ18O and δ2H as well as salinity were employed as tracers. The water residence time was 
determined using two independent approaches. End-member (EM) composition of sea-
water, river water, FSGD and RSGD was utilized by time-variant end-member mixing anal-
ysis (EMMA) of radon and salinity time-series to elucidate the varying EM mixing ratios 
in the estuary water. Many studies do not quantitatively separate between FSGD and 
RSGD (see 3.1.2). Though, this differentiation is essential for assessing the effect of SGD 
on the receiving ecosystems. The successive determination of total SGD via a salt balance 
as a first step and the determination of FSGD via a salt balance as a second step works in 
systems such as Gordons Bay (chapter 8) with negligible effect of river discharge on the 
salt and radon budget. However, in a four end-member system such as the Knysna Estuary 
the situation becomes more complicated since river discharge dilutes the salinity of estu-
ary water and also contributes significant loads of radon which affect the radon budget. 
Thus, the application of a salt balance for FSGD determination was hampered since two 
low salinity end-members were present. Consequently, radon and salinity were not ana-
lyzed successively, but instead simultaneously by solving the mixing model for four end-
members and two observed variables.  
The SGD-derived radon flux to the estuary was inferred from a radon mass balance (RMB). 
The radon flux was then converted to FSGD and RSGD water fluxes utilizing the 
FSGD:RSGD ratio inferred from EMMA. Finally, the water balance of the estuary was 
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linked to the DIN (dissolved inorganic nitrogen) balance to exemplify the effect of SGD on 
estuary biogeochemical budgets. 
9.2 Materials and Methods 
9.2.1 Study Area 
The Knysna Estuary (Figure 20) is located along South Africa’s southern coastline, which 
opens to the Indian Ocean. It extends along a fault in sandstone that allowed the sea to 
flood a broad, near-coastal valley (Largier et al., 2000). Knysna Estuary is influenced by 
the inflow of freshwater from the Knysna River and continuous mixing by tidal seawater 
exchange. The bathymetry of the lagoon [digitized based on a report of the Council for 
Scientific and Industrial Research (1976)] is mostly shallow with an average water depth 
of only 1.8 m, although tidal scour holes with depths up to 13 m exist. Along the navigable 
channel water depths range from 2 to 5 m below mean low water (Largier et al., 2000).  
As a consequence of the shallow water depth and the tidal range of up to 2.4 m at spring 
tide the estuary surface area ranges from 5.6 km² to 17.2 km² for ebb and flood at spring 
tide, respectively. The average estuary area is 11.4 km² for mid-tide water level. Conse-
quently, extensive areas of intertidal mud- and sandflats are exposed during ebb tide. The 
Knysna River which feeds Knysna Estuary has a length of 60 km and yields a mean annual 
Figure 20: Study site Knysna Estuary.  (a) Bathymetry and locations of time-series measurements at South 
African National Parks office (SAN) and Featherbed Reserve (FB), groundwater and buoy samples as well 
as radon mapping track. The coastline refers to mean average sea level. (b) Regional setting of Knysna 
Estuary in South Africa. 
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runoff of 3 m³ s-1, but about 1 m³ s-1 most of the year (Largier et al., 2000). A gauging 
station for streamflow monitoring exists at 33.99833°S, 23.0030° W (‘Charlesford Weir’, 
station K5H003) at the up-stream end of the estuary. Knysna Estuary is vertically well-
mixed during low to medium river runoff conditions. However, very high river runoff may 
cause a transient stratification of river-borne freshwater overlying the incoming seawater 
[Largier et al., 2000]. The Knysna Estuary catchment (420 km²) is characterized by an 
oceanic climate. Mean annual temperature of Knysna is 17 °C; the annual precipitation is 
928 mm (Pitman et al., 1981) evenly dispersed throughout the year. The mountainous 
catchment reaches elevations up to 1300 m above sea level. 
The catchment is located in the southern portion of the Cape Fold Belt, which is signifi-
cantly folded and predominantly striking west-east. Its geological framework is mainly 
set by Paleozoic and Mesozoic fractured rocks in the north and east and intergranular 
Cenozoic deposits in the west, southwest and along its coastal plain. The main area of the 
catchment is formed by Paleozoic rocks of the Table Mountain Group which involves mas-
sive quarzitic sandstones of the basal Ordovician Peninsula Formation, the Silurian pri-
marily argillaceous Cedarberg Formation and sandstones of the topmost Silurian/Devo-
nian Nardouw Subgroup. Overlaying the geological system, the regional vegetation is 
dominated by natural woodland and shrubland (fynbos) with a share of 75 %. Smaller 
portions of the catchment are covered by forest plantations (17 %), urban area (4 %) and 
agricultural uses (3 %). 
9.2.2 Sampling Design 
Field campaigns were conducted from 29 September to 8 October 2014 and from 26 Sep-
tember to 2 October 2015. Point samples (Figure 20) of groundwater, river water and 
seawater were taken aiming at end-member characterization. Groundwater samples 
were taken from depths between 0.5 - 2 m by means of piezometric push-point samplers 
at suitable and accessible locations as close to the shoreline as possible to best capture 
the composition of the discharging water (Appendix B, GW 1 – GW 13). The groundwater 
samples were analyzed for salinity, δ18O, δ2H and 222Rn, 223Ra and 224Ra. River water was 
sampled for salinity, δ18O, δ2H and 222Rn at Charlesford Weir upriver (not shown in Figure 
20). Radon and salinity of estuary water were measured continuously during a boat cruise 
(Figure 20, “Rn mapping track”) aiming at quantifying the estuary tracer inventories. 
Mapping of salinity, δ18O and δ2H was conducted for identifying spatial and temporal (ebb 
vs. flood tide) variability of these parameters along the mapping track by utilizing navi-
gating buoys (Figure 20, “buoy samples”). The 224Ra/223Ra ratio in estuary water was 
measured at the buoys for estimating the water residence time. Time-series of water level, 
radon and salinity were recorded at two locations, the private nature reserve ‘Featherbed’ 
(FB) near the estuary mouth and at the entrance of a small harbor operated by SAN Parks 
(South African National Parks) located roughly 4.5 km landward from the estuary mouth 
(Figure 20).  
  
PART II: Applications   
Submarine Groundwater Discharge into an Estuary 
77 
 
9.2.3 Analytical Techniques 
9.2.3.1 Radon Measurements 
Measurements of radon in estuary water, groundwater and river water were conducted 
as described in 8.3.1.1, 8.3.1.2 and 8.3.1.3. Time-series of radon were recorded at two 
fixed locations (SAN and FB, Figure 20) with the same detection set-up as described in 
8.3.1.1 but counting cycle length was set at 30 min to reduce analytical uncertainty. 
9.2.3.2 Radium and Stable Water Isotope Measurements 
Radium measurements of estuary water and groundwater were conducted as described 
in 5.2. Measurements of stable water isotopes were carried out as described in 5.3. 
9.2.3.3 DIN 
Pore and surface water samples were filtered directly in the field through ultra-filtration 
membrane filters (Rhizon SMS, Eijkelkamp Agriresearch Equipment®; pore diameter of 
0.1 μm), into sterile, non-additivated vaccutainers (Greiner VACUETTE® No Additive Vac-
cutainer), in quadruplicate. The membrane filters were intensively flushed with sample 
water prior to the collection of the filtrate to avoid NH4+ sorption artefacts, following 
Ibánhez and Rocha (2014). 
Concentrations of NO3-, NO2- and NH4+ in all water samples were determined with a 
LACHAT Quickchem 8500 Flow Injection Analysis system following standard colorimetric 
methods (Grasshoff et al., 2009) as adapted for automated sequential analysis by the man-
ufacturer. The method detection limits (μM) for each analyte determination, calculated 
following US EPA recommendations (e.g. Clayton et al., 1987), were: 0.08 (NO3-), 0.06 
(NO2-), 0.09 (NH4+). Analytical uncertainties for each nutrient species concentration are 
expressed as the standard deviation of the mean of four replicate determinations. 
In addition, the DIN concentration of water entering the groundwater body was simulated 
using the model STOFFBILANZ because the catchment wide model delivers a spatially in-
tegrating estimate. The model STOFFBILANZ (grid size 200 m * 200 m) simulates DIN 
concentration in the percolating water below the root zone based on information on cli-
mate, land use, crop and fruit types, yields, mineral fertilizers, farm manure, nitrogen fix-
ing by leguminous plants, atmospheric nitrogen deposition, and soil denitrification (Gebel 
et al., 2012; Gebel et al., 2017). However, it has to be considered that DIN does not behave 
conservatively in groundwater and, therefore, the model does represent the DIN potential 
or upper limit of possible DIN concentration in FSGD rather than the actual DIN concen-
tration of the discharging fluid. 
9.2.4 Water Residence Time 
In this study, residence time of water (τ, [d]) is defined as the mean time that a parcel of 
water (FSGD and RSGD) remains within the estuary after discharge before it is flushed to 
the open sea. Two independent approaches were used for estimating water residence 
time. The first utilizes the difference in decay rates of the short-lived radionuclides 223Ra 
and 224Ra which was described in 8.3.3.1. 
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However, we propose that the basic assumption of this approach, namely that a parcel of 
water is constantly moving offshore and no additional sources of radium are present, is 
not fully representative in the case of Knysna Estuary. It is rather hypothesized that ra-
dium accumulates in the Knysna Estuary to a certain extent due to its semi-enclosed char-
acter. This ‘new’ radium affects the 224Ra/223Ra activity ratio (AR) in the estuary water 
and prevents convergence of the activity ratio in the estuary (ARE) to 0 even if τ → ∞. If 
the volumetric discharge of ARSGD is assumed to be constant, ARE reaches a limiting value 
– at least on a multi-day time-scale, i.e. a steady-state between radium decay and radium 
input.  This limiting value solely depends on ARSGD if τ → ∞ and can be iteratively solved 
with 224Rat=1  = ARSGD and 223Rat=1  = 1 (𝐴𝑅𝑆𝐺𝐷 =
224𝑅𝑎
223𝑅𝑎
) and Δt =  1 d (Eq. 20). 
ARE[−] = lim
𝑡→∞
224Rat 
223Rat
= lim
𝑡→∞
224Rat−1∗𝑒
−𝜆224Ra∗∆𝑡+𝐴𝑅𝑆𝐺𝐷∗𝑒
−(𝜆224Ra+𝑚𝑖𝑥)∗
∆𝑡
2
223Rat−1∗𝑒
−𝜆223Ra∗𝛥𝑡+1∗𝑒
−(𝜆224Ra+𝑚𝑖𝑥)∗
∆𝑡
2
   (Eq. 20) 
If τ < ∞, ARE will lie between this limiting value and ARSGD. Eq. 21 describes AREt as a 
function of ARSGD and the mixing rate mix ( 𝑚𝑖𝑥 = 𝜏−1, ∆t = 1 d  with CRa224t=1 =
ARSGD and CRa223t=1 = 1).  This equation is iteratively evaluated for a range of mixing 
rates. The mean residence time was inferred from that mixing rate that results in the ARE 
closest to the observed ARE in Knysna Estuary. 
𝐴𝑅𝐸𝑡[−] =
224Rat 
223Rat
=
224Rat−1∗𝑒
−(𝜆𝑅𝑎224+𝑚𝑖𝑥)∗∆𝑡+𝐴𝑅𝑆𝐺𝐷∗𝑒
−(𝜆224𝑅𝑎+𝑚𝑖𝑥)∗
∆𝑡
2
223Rat−1∗𝑒
−(𝜆𝑅𝑎223+𝑚𝑖𝑥)∗∆𝑡+1∗𝑒
−(𝜆223𝑅𝑎+𝑚𝑖𝑥)∗
∆𝑡
2
   (Eq. 21) 
The second approach for determining water residence time is the tidal prism model. Tidal 
prism models are based on the magnitude of estuarine flushing by flood tide inflow and 
river runoff. The tidal prism is defined as the difference of estuary water volume between 
low tide and high tide (Luketina, 1998). The continuous model proposed by Sheldon and 
Alber (2006) was used which relates the estuary water volume at flood tide (VF) to tidal 
prism (VTP) under consideration of river runoff Q [m³ d-1], return flow ratio b [-] (Sheldon 
and Alber, 2006) and tidal period T (0.517 d-1) (eq. 22). Assumptions of the tidal prism 
model are a vertically well-mixed water body and a complete mixing during flood tide.  
τ[𝑑] =
𝑉𝐹
(1−𝑏)∗
𝑉𝑇𝑃
𝑇
+𝑄
           (Eq. 22)  
The factor b was determined from the tidal exchange ratio Ro with b = 1-Ro, by adapting 
the ‘Fraction of Freshwater” method (Sheldon and Alber, 2006) to radon data with RnF, 
RnE and RnS being the mean radon concentration during flood tide, during ebb tide and 
the radon concentration of offshore seawater, respectively (Eq. 23).   
𝑅𝑜[−] =
𝑅𝑛𝐹−𝑅𝑛𝐸
𝑅𝑛𝑆𝑊− 𝑅𝑛𝐸
          (Eq. 23) 
9.2.5 End-member Mixing Analysis 
End-member mixing analysis (EMMA) aims at explaining water chemistry of a sample as 
a mixture of different sources (end-members) (Christophersen et al., 1990). The concen-
tration si of the chemical compound i in a sample equals the sum of all contributions where 
fj is the fraction of the contributing EM j and cij is the concentration of species i in EM j (Eq. 
24). 
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∑ 𝑐𝑖𝑗𝑓𝑗
𝑛
𝑗=1 = 𝑠𝑖 ,          𝑖 = 𝑅𝑛, 𝑆𝑎𝑙        (Eq. 24) 
Constraints for EMMA (Eq. 25) are that all fractions sum up to 1 and each fraction is 
greater or equal to 0. 
∑ 𝑓𝑗 = 1
𝑛
𝑗=1     𝑎𝑛𝑑  𝑓𝑗 ≥ 0,       𝑗 =  1, … , 𝑛       (Eq. 25) 
The EMMA in this study considers four end-members (seawater, riverwater, FSGD, RSGD) 
of two observed variables (radon, salinity) during time-series measurements in estuary 
water (Figure 20). As a consequence of uncertainties which are arising from different 
sources (analytical, end-member identification and end-member characterization uncer-
tainty) the end-member mixing ratio was approximated by a numerical approach. A line-
arly constrained optimization method (R Core Team, 2013) that utilizes a Nelder-Mead 
algorithm was applied for finding iteratively that end-member mixing ratio with the best 
match for both, radon and salinity data. The optimal solution of EMMA at every time step 
t is defined as the lowest value of the objective function (Eq. 26). In other words, that 
mixing ratio with the minimal cumulative relative root mean square error (RRMSE) for 
radon and salinity data was computed.   
𝑅𝑅𝑀𝑆𝐸 =
|𝑠𝑅𝑛,𝑡 − ∑ 𝑐𝑅𝑛𝑒𝑓𝑓,𝑗 ∗ 𝑓𝑗,𝑡
𝑛
𝑗=1 |
𝑠𝑅𝑛𝑚𝑎𝑥 − 𝑠𝑅𝑛𝑚𝑖𝑛
+
|𝑠𝑆𝑎𝑙,𝑡 − ∑ 𝑐𝑆𝑎𝑙,𝑗 ∗ 𝑓𝑗,𝑡
𝑛
𝑗=1 |
𝑠𝑆𝑎𝑙𝑚𝑎𝑥 − 𝑠𝑆𝑎𝑙𝑚𝑖𝑛
     (Eq. 26) 
The denominators in both summands stand for the observed ranges of radon and salinity 
during the time-series measurements, which are used as weights for compensating the 
different scales and fluctuations of radon and salinity data.  
Monte Carlo simulation was applied to account for uncertainty in end-member character-
ization, i.e. 10,000 numerical realizations of EMMA for each time-step were conducted by 
random sampling from end-member probability density functions (pdf) to propagate end-
member characterization uncertainty into mixing ratio uncertainty. Since radon is decay-
ing at a constant rate, the time lag between discharge of a parcel water with a certain 
radon concentration and its recording results in a significant lower ‘effective’ radon con-
centration (𝑐𝑅𝑛𝑒𝑓𝑓,𝑗). This offset is considered by correcting the end-member radon con-
centration (𝑐𝑅𝑛,𝑗) for radioactive decay (𝜆𝑅𝑛 = 0.181 𝑑
−1) of radon and by parameterizing 
the time-lag between discharge and recording with the mean water residence time τ (eq. 
27). 
𝐶𝑅𝑛𝑒𝑓𝑓,𝑗 = 𝐶𝑅𝑛,𝑗 ∗ 𝑒
(−𝜆𝑅𝑛∗𝜏)         (Eq. 27) 
9.2.6 Radon Mass Balance 
In contrast to most studies which solve for a bulk SGD flux only, this study aims to distin-
guish between FSGD and RSGD. Combination of end-member mixing ratios supplied by 
EMMA and known SGD end-member concentrations allows conversion of SGD radon flux 
(𝐹𝑆𝐺𝐷) to SGD water flux. Afterwards, this SGD water flux can be differentiated into FSGD 
and RSGD since mixing ratios are known. The RMB for Knysna Estuary is defined as fol-
lows:  
𝐹𝑆𝐺𝐷 = 𝐹𝑑𝑒𝑐 + 𝐹𝑎𝑡𝑚 + 𝐹𝑚𝑖𝑥 − 𝐹𝑑𝑖𝑓 − 𝐹𝑆𝑊 − 𝐹𝑅𝑊     (Eq. 28) 
where FSGD (Eq. 28) refers to the sum of FSGD and RSGD derived radon. Table 2 summa-
rizes equations, variables and parameters which were required for the RMB. As described 
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in 8.3.3.2 the radon inventory in a water body is not only influenced by atmospheric de-
gassing (Fatm) during sampling, but also by radon degassing that occurred during the days 
prior to sampling. Therefore Fatm was calculated for a period of 10 d prior to sampling 
[wind speed data provided by South African Weather Service (2016)] as described in 
8.3.3.2 (Table 2).  
9.3 Results  
9.3.1 End-member Identification and Characterization 
The Knysna Estuary is fed by a river and flushed by tidal inflows twice daily. Hence, two 
EM are preset for the study area: river water and seawater. The remaining end-members 
were identified based on parameters δ18O, δ2H, radon and salinity (Figure 21, Appendix 
C). In the δ18O vs. δ2H space (Figure 21a) groundwater samples plot in two groups. Group 
1 samples plot with riverwater samples close to the local meteoric water line [LMWL: 
δ2H= 6.4 δ18O + 8.7; (Harris et al., 2010)] of Cape Town area (400 km west of the study 
area). These samples are marked by a δ18O and δ2H range from -3.5 ‰ to -4.5 ‰ and -14 
‰ to -21 ‰, respectively. Group 2 groundwater samples deviate significantly from the 
LMWL and plot along with estuary water and seawater samples. The enrichment of 2H 
and 18O isotopes and its deviation from the LMWL clearly indicates that these groundwa-
ter samples were affected by evaporation. The linear regression model of this evaporation 
line (EL) is δ2H = 4.2 δ18𝑂 + 1.6 (𝑟 = 0.98, 𝑅² = 0.96, 𝑛 = 70, 𝑝 < 0.0001). An EL slope 
of 4.2 is reasonable for the regional setting of Knysna in southern South Africa (Gibson et 
al., 2016a). The intersection of LMWL and EL typically represents the long-term mean 
annual precipitation, i.e. the groundwater recharge composition. Indeed, δ2H and δ18O lie 
close to the long-term annual values in precipitation for southern South Africa 
(International Atomic Energy Agency, 2006; Terzer et al., 2013). Groundwater samples 
plotting close to the EL are characterized by a δ18O and δ2H range from -2 ‰ to +2 ‰ 
and from -5 ‰ to +10 ‰, respectively. In addition, the separation of groundwater into 
two groups is supported by the radon and salinity data (Figure 21b-d). The groundwater 
samples plotting close to the EL show generally lower radon concentrations (Figure 21b) 
as well as significantly elevated salinities (Figure 21c). Two groundwater samples show 
salinities even exceeding seawater salinity, and are marked by a clear enrichment of 2H 
and 18O relative to seawater and estuary water. Figure 21d supports the differentiation of 
groundwater samples in two groups: “group 1” samples are marked by radon between 
2,000 and 10,000 Bq m-3 as well as salinities below 5, whereas “group 2” samples are 
marked by radon < 4,000 Bq m-3 as well as salinities between 20 and 65. Therefore, it was 
concluded that two groups of shallow groundwater in the banks of Knysna Estuary exist, 
namely; group 1: fresh, terrestrial groundwater which is assumed to be the source of 
FSGD and group 2: saline “groundwater” originating from estuary water that periodically 
infiltrates the bank sediments driven by tidal forcing and constitutes the major fraction of 
RSGD. 
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In the next step, the four defined end-members were defined with respect to radon and 
salinity which are the two variables used in EMMA. The seawater end-member was char-
acterized using the minimum observed radon concentration (2 Bq m-³) and the maximum 
observed salinity at incoming high tide (34.6) during time-series measurement at Feath-
erbed (Figure 20). The riverwater end-member was derived from a sample taken directly 
below Charlesford Weir on 26 Sep 2015 (Rn: 330 Bq m-³; salinity: 0.1). The salinity of 
FSGD was defined as 0.5, which is seen as a reasonable value for average salinity of fresh 
groundwater. The FSGD salinity end-member was not derived from groundwater obser-
vations since most FSGD samples revealed an admixture of a small fraction of estuary wa-
ter which altered sample salinity. The end-member for seawater and riverwater as well 
as the salinity of FSGD are assumed constant since characterization uncertainty of these 
Figure 21: Point samples from groundwater, river water, estuary water and seawater for end -mem-
ber identification and characterization.  (2a) shows δ18O vs. δD (δ2H) with the Global Meteoric Water 
Line (GMWL), the Local Meteoric Water Line of Cape Town area [LMWL (CPT)] and th e Evaporation Line 
(EL). (2b) δ18O vs. 222Rn, (2c) δ18O vs. salinity and (2d) salinity vs. 222Rn support the differentiation of 
two groups of groundwater along the Knysna Estuary shoreline.  
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parameters is assumed to be negligible compared to uncertainty of radon in FSGD and 
RSGD as well as salinity levels in RSGD.  
There was no data based evidence to define a single sample as representative for average 
FSGD or RSGD radon as well as RSGD salinity since mapping of radon and salinity of estu-
ary water revealed SGD as rather diffuse occurring at multiple locations. Therefore, the 
entire range of observed spatial variability was used to characterize the end-member. 
Probability density functions (pdf) were simulated and fitted to observed data (FSGD, 
n = 6; RSGD, n = 8; Figure 21). Characterization uncertainty of end-members is conven-
tionally approximated by a Gaussian distribution. However, Joerin et al. (2002) empha-
sized that end-member distribution do not always follow a Gaussian distribution, so that 
this approximation may lead to incorrect uncertainty estimations. The spatial distribution 
of radon concentration in groundwater is better represented by a lognormal distribution 
(Zikovsky and Chah, 1990) such as many other parameters in geosciences (Limpert et al., 
2001). Consequently, radon concentrations [Bq m-3] of FSGD (μ = 8.12, σ = 0.79) and 
RSGD (µ = 7.31, σ = 1.07) were fitted by a log-normal probability density function; salinity 
[-] of RSGD (λ = 3.48, k = 0.41) was fitted by a Weibull probability density function (3.3, 
Appendix C: Table 8). These non-normal distributions bring an additional advantage com-
pared to Gaussian distributions, namely, all values sampled from the pdfs are strictly non-
negative per definition which avoids numerical problems in EMMA and its physical inter-
pretation, respectively. 
Furthermore, the 224Ra/223Ra activity ratio for SGD (ARSGD) was required for estimating 
the water residence time. ARSGD observations range from 8.9 to 26.4 (Appendix D) and do 
not show any significant spatial pattern. Equivalently to the handling of radon concentra-
tion, ARSGD is assumed to be lognormally distributed in space (median of 13.9, see Appen-
dix C for details). 
9.3.2 Water Residence Time 
9.3.2.1 Apparent Radium Ages 
The observed 224Ra/223Ra activity ratios in Knysna Estuary (ARE) range from 5.2 to 13.2 
with a median of 10.3 [Figure 22 and Table 8 in Appendix C]. The median of the observed 
ARSGD (13.9) results in a limiting activity ratio (for 𝜏 → ∞) of 4.4 (Figure 22). The observed 
ranges of ARE and ARSGD cause a wide range of apparent residence times. If the median 
ARSGD is assumed as representative, residence times in the estuary vary between 0.5 and 
18 d (except for one outlier with τ >100 d (b6 in Figure 20, ARE =5.2)). Considering ARSGD 
variability results in a median apparent residence time of 3.5 d (25-75 %ile: 0.5 - 9.5 d). 
Thus, radium based residence time estimation is very sensitive to ARSGD, a parameter 
which is highly uncertain for the Knysna Estuary. In addition, uncertainty further in-
creases in the case of Knysna Estuary since continuous radium input requires considera-
tion. 
9.3.2.2 Tidal Prism Approach 
The estuary water volume was derived from GIS based analysis of bathymetry. A non-
linear relationship between normalized tide water level (WL) and estuary water volume 
(V) was found for tidal ranges between 0 and 2 m: V [106m3] = 20.66 + 2.59 ∗ WL −
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0.247 ∗ WL2 (R² = 0.99). The mean tidal fluctuations in the week before and during the 
sampling campaign 24 Sep – 30 Sep 2015 was ± 0.95 m (University of Hawaii, 2016) which 
results in an estuary water volume during flood tide of 22.9 * 106 m³ and a tidal prism of 
4.4 * 106 m³ (~8.8 * 106 m³ d-1). The mean runoff of Knysna River during the reference 
period was 1.4 m³ s-1 (1.2 * 105 m³ d-1) (Department Water and Sanitation, 2016) repre-
senting low to medium flow conditions.  
The return flow was calculated using the radon time-series at Featherbed (Figure 23b). 
Mean radon concentration was 6.2 Bq m-3 and 23.2 Bq m-3 during flood and ebb tide, re-
spectively. Seawater concentration (minimum concentration during ebb tide) was 2 Bq 
m-3. Given these data and following eq. 23 tidal exchange ratio (R0) is 0.8, which is equiv-
alent to a return flow factor of 0.2 (1-R0). That means 20 % of the water that exits the 
estuary mouth during ebb tide returns with flood tide, i.e. only 80 % of the tidal inflow 
contributes to mixing. The residence time of water within Knysna Estuary is ~3.3 d based 
on the mean tidal range before sampling and under assumption of a constant return flow. 
An uncertainty of 10 % was assumed for this approach.  
The two applied methods for water residence time estimation produced similar median 
results (radium-based: 3.5 d [25-75 %ile: 0.5 - 9.5 d]; tidal prism: 3.3 ± 0.3 d), whereas 
Figure 22: 224Ra/223Ra as a function of residence time . The boxplot indicates the variability of the ob-
served ARSGD end-member. The black dashed line describes Ra activity ratio for input of radium solely at 
t = 0, the solid line represents radium activity ratio for continous radium input. The grey shaded areas 
indicate variability of radium activity ratio depending on end-member uncertainty (25-75 %ile). The red 
dotted line and the surrounding shaded area indicate the limiting value of AR SW and its uncertainty (25-
75 %ile of end-member) for continous Ra input and 𝜏 → ∞. The apparent residence time for observed Ra 
activity ratio (dots, vertical error bars indicate analytical uncertainty) at different locations ( Figure 20, 
Appendix D) is calculated based on median AR SGD, the horizontal error bars refer to residence time in-
ferred from the 25-75 %ile of ARSGD. 
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the radium based estimate is attributed with considerable uncertainty. However, the find-
ings of this study were supported by Largier et al. (2000) who reported residence times 
within the Knysna Estuary ranging from less than 1 d within 2 km of the mouth to 18 d in 
the upper parts of the estuary during a period of low river runoff (< 1 m³ s-1). Considering 
these results, a spatially averaged residence time of 3.3 ± 0.3 d seems reasonable since the 
main share of water close to the estuary’s mouth is characterized by short residence 
times. 
 
9.3.3 Time-Series and End-Member Mixing Analysis 
Time-series observations at both stations, SAN Park (n = 57) and Featherbed Reserve (n = 
47), were conducted during pronounced tidal ranges, i.e. 1.15 m at SAN Park and 0.99 m 
at Featherbed Reserve. The semi-diurnal tidal oscillations showed a positive correlation 
with salinity (r = 0.93 at SAN, r = 0.89 at FB; p < 0.0001) and a negative correlation with 
radon (r = -0.93 at SAN, r = -0.78 at FB; p < 0.0001). Comparing the magnitude of salinity 
and radon changes at both stations reveals that fluctuations are even more distinct at SAN 
Park. At SAN Park salinity ranges from 30.5 to 34.5 with a mean of 33.1, whereas at Feath-
erbed the range covers 32.1 to 34.5 with a mean of 33.8. For radon the picture is similar, 
at SAN Park radon varies from 7 to 71 Bq m-3 with a mean of 30 Bq m-3, whereas at Feath-
erbed the radon range is smaller with variations from 2 to 50 Bq m-3 and a mean of 16 Bq 
m-3. These different dynamics are interpreted as a result of the greater distance from the 
Figure 23: Time-series measurements of radon, salinity and water level at SAN Park and 
Featherbed Reserve.  Radon raw data (red dots) are the arithmetic mean of two RAD7 devices 
which were employed in parallel; error bars represent the instruments analytical uncertainty (1 
σ). Radon data was processed using the algorithm described by Petermann and Schubert (2015) 
that accounts for the RAD7 response delay.  
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estuary mouth (4.5 km) to SAN Park. Consequently, SAN Park is more sheltered from sea-
ward influence. In contrast, Featherbed is located very close to the mouth and exposed to 
stronger seaward influence (Figure 20). Based on visual inspection of Figure 23 and the 
given data it can be stated that high-saline, low radon seawater is flushed into the estuary 
during flood tide. While during low tide low-saline, high radon water (SGD) discharges 
into the estuary resulting in an increased radon concentration and a decreased salinity 
(Figure 23). In addition, river water (low salinity, radon lower than in SGD, but higher 
than in seawater) is continuously introduced into the estuary. 
A combined EMMA and radon mass balance approach was applied for the quantification 
of the individual end-member contributions to the Knysna Estuary water budget using 
EMMA and RMB. Figure 24a and b reveal that all radon and salinity time-series data lie 
within the quadrangle that spans between the four end-members. Since all end-members 
differ significantly in their radon and salinity composition these two variables are reason-
able choices for EMMA. Both figures indicate that time-series data are closest to seawater 
end-member. Therefore, constraints on the fractions were set to support the optimization 
procedure (seawater fraction ≥ 0.7; fractions of river water, FSGD and RSGD ≤ 0.3). CRn,eff 
was parameterized using the mean residence time derived from the tidal prism model 
(3.3 ± 0.3 d).  
EMMA revealed that seawater was the largest fraction (if converted to % fractions are 
referred to as shares) at both locations at every time-step (Figure 25). The share of sea-
water for the median of all simulation runs ranged from 87.3 % to 99.2 % and from 91.5 % 
to 99.4 % at SAN Park and Featherbed, respectively. Seawater fraction showed a strong 
dependence on water level with higher fractions during flood and lower fractions during 
ebb tide (FB: r = 0.88; SAN: r = 0.95). This dependence was vice versa for riverwater (FB: 
r = -0.91; SAN: r = -0.91), FSGD (FB: r = -0.64; SAN: r = -0.85) and RSGD (FB: r = -0.68; SAN: 
r = -0.66). Note that all correlations in this section refer to the median of all simulations 
and are statistically significant (p < 0.0001). Riverwater shares ranged from 0.1 % to 10.4 
% and 0.2 % to 5.5 % at SAN Park and Featherbed, respectively. FSGD ranged from 0.0 % 
Figure 24: End-member composition and time-series measurements at SAN Park and Featherbed 
Reserve. (a) presents radon and salinity composition and related uncertainty (25 to 75 %ile) of the four 
end-members as well as time-series data. (b) presents the data within the rectangle of Figure 24a. 
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to 2.2 % at SAN Park and 0.0 % to 1.6 % at Featherbed. RSGD shares fluctuated from 0.5 
% to 1.9 % at SAN Park and 0.0 % to 2.3 % at Featherbed. Uncertainty bands (25-75 %ile) 
of riverwater and FSGD are narrow for small fractions but increase significantly for higher 
fractions. In contrast, uncertainty bands of RSGD are wide for all time-steps at both loca-
tions.  
In the next step EMMA results were linked with RMB by calculating the average fraction 
of the individual end-members over 24 h for both time-series locations. At SAN Park the 
median shares were 94.4 % seawater, 3.5 % riverwater, 1.2 % RSGD and 0.6 % FSGD. The 
stronger exposure to seaward influence of Featherbed was reflected by median shares of 
95.3 % seawater, 2.9 % riverwater, 1.1 % RSGD and 0.4 % FSGD.  
9.3.4 Radon Mass Balance and SGD  
The first step for RMB is generally the determination of a spatially averaged radon inven-
tory. Data from the radon mapping campaign (2 Oct 2015) were used in combination with 
high resolution bathymetric data to convert from radon concentration (Bq m-3) to radon 
inventory (Bq m-2) for every location. Radon mapping data was processed according to 
the procedure described by Petermann and Schubert (2015) (see chapter 7) to compen-
sate for RAD7 response delay. Radon concentrations ranged from 2 to 175 Bq m-3 (mean 
57 Bq m-3). The average radon inventory was calculated following eq. 29.  
Figure 25: Results of end-member mixing analysis.  End-member mixing ratios for a) SAN Park and b) 
Featherbed are represented by the median of all simulations (soli d black line) and the associated uncer-
tainty range (grey shaded area depicts 25 to 75 %ile range). The accuracy of the simulation results was 
illustrated by mean RMSE for salinity data of 0.2  % and 0.1 % and mean RMSE for radon data of 7.3 % and 
9.5 % at SAN Park and Featherbed, respectively.  
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After correcting for in-situ radon production by 226Ra decay (1.5 Bq m-3), the radon excess 
concentrations were multiplied with the corresponding water depth (zxy [m]) of the sam-
pling location for calculating the mean depth compensated radon concentrations which 
was 44 Bq m-3.  Finally, this depth compensated mean water body concentration was mul-
tiplied by the mean water depth of the estuary (zµ =1.8 m) resulting in an average radon 
inventory of 77 Bq m-². 
𝐼𝑅𝑛[𝐵𝑞 𝑚
−2] =
∑ (𝑅𝑛𝑥𝑦−
226𝑅𝑎)∗𝑧𝑥𝑦
𝑛
𝑠=1
∑ 𝑧𝑥𝑦
𝑛
𝑠=1
∗ 𝑧µ,       𝑠 = 1, … , 𝑛    (Eq. 29) 
 
The fluxes of Fdec, Fmix, Fatm, Fdif, FSW and FRW were summarized in Table 2. After all radon 
fluxes were determined, the flux required to balance the RMB was calculated with 36.7 Bq 
m-2 d-1 (25– 75 %ile: 32.4-41.1 Bq m-2 d-1). This radon flux is attributed to SGD. 
Table 2: Equations, parameters, variables and results of radon mass balance. Numbers in brackets refer 
to the 25 to 75 %iles. 
RMB Term 
[Bq m-2 d-1] 
Equations Parameters and variables Results 
Decay 
𝐹𝑑𝑒𝑐  
𝐹𝑑𝑒𝑐 = 𝐼𝑅𝑛 ∗ 𝑒
(−𝜆𝑅𝑛∗1𝑑) 
 
IRn - Rn Inventory 
λRn - Rn decay rate (0.181 d-1) 
IRn = 77 Bq m-2 
Fdec = 13.5 Bq m-2 d-1 
Mixing 
𝐹𝑚𝑖𝑥  
 
𝐹𝑚𝑖𝑥 =  𝐼𝑅𝑛 ∗ (1 − 𝑒
(−𝑚∗1𝑑)) 
m =
ln (0.5)
𝜏
 
m - mixing rate 
τ – mean residence time 
τ = 3.3 ± 0.3 d 
m = 0.21 ± 0.02 d-1 
Fmix = 14.1 Bq m-2 d-1 
(13.3 to 14.9 Bq m-2 d-1) 
Degassing 
𝐹𝑎𝑡𝑚 
𝐹𝑎𝑡𝑚 =
∑ 𝑤𝑡 ∗ 𝐹𝑎𝑡𝑚𝑡
𝑛
𝑡=1
∑ 𝑤𝑡
𝑛
𝑡=1
 
 
𝑤𝑡[−] = 𝑒
−(𝜆𝑅𝑛+𝑚)∗𝑡) 
 
𝐹𝑎𝑡𝑚𝑡 = (𝑅𝑛𝑠𝑢𝑟𝑓 − 𝑘
∗ 𝑅𝑛𝑎𝑖𝑟)
∗ 𝐾  
 
wt − weighting factor 
Rnair [Bq m-3] = Rn in air 
Rnsurf [Bq m-3] = Rn at estuary 
surface 
k [-] = Rn partitioning coeffi-
cient 
[Schubert et al., 2012] 
K [m d-1] = gas transfer coef-
ficient 
[MacIntyre et al., 1995, Gilfed-
der et al., 2015] 
wt = 0.04 to 1 
Fatm_t = 10.0 to 139 Bq 
m-2 d-1) 
Rnsurf  = 57 Bq m-3 
Rnair = 30 Bq m-3 
k = 0.23 
K = 0.2 to 2.8 m d-1 
Fatm = 18.3 Bq m-2 d-1 
(14.1 to 22.4 Bq m-2 d-1) 
 
Diffusion 
𝐹𝑑𝑖𝑓  
𝐹𝑑𝑖𝑓 = √𝑛 ∗ 𝐷 ∗ 𝜆𝑅𝑛 ∗
(𝑅𝑛𝑃𝑊 − 𝑅𝑛𝐸𝑆𝑇) ∗ 86400 s 
 [Martens et al., 1980] 
n [-] = porosity (0.35) 
D [m² s-1] = Diffusion coeffi-
cient of Rn in water (1.26 
*10-9 m² s-1) 
[Schubert and Paschke, 2015] 
RnPW [Bq m-3] = Rn in marine 
porewater 
RnEST [Bq m-3] = Rn in estuary 
water 
RnPW = 1,720 Bq m-3 
(1,100 to 2,500 Bq m-3) 
RnEST = 44 Bq m-3 
Fdif = 4.4 Bq m-2 d-1 (2.7 
to 6.4 Bq m-2 d-1) 
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River water 
𝐹𝑅𝑊 
𝐹𝑅𝑊 =
𝑅𝑛𝑅𝑊 ∗ 𝑄
𝐴
 
RnRW [Bq m-3] = Rn in river 
water 
Q [m³ d-1] = river runoff (1.2 
* 105m³ d-1) [DWS, 2016] 
A [m²] = mean surface area 
estuary (11.4 * 106 m²) 
RnRW = 330 Bq m-3 
 
FRW = 3.6 Bq m-2 d-1 
Seawater 
𝐹𝑆𝑊 
𝐹𝑆𝑊 =
𝑅𝑛𝑆𝑊 ∗ 𝑇𝑃
𝐴
  
   
RnSW [Bq m-3] = Rn in sea-
water 
TP [m³ d-1] = tidal prism (8.8 
* 106 m³ d-1) 
RnSW = 2 Bq m-3 
FSW = 1.6 Bq m-2 d-1 
The end-member fractions calculated at Featherbed provide an integral signal of the en-
tire Knysna Estuary due to its location close to the estuary mouth. The mean ratio in the 
estuary during the time period 27-28 September 2015 was 0.23:0.76 for FSGD:RSGD. Con-
sequently, the fraction weighted median radon concentration of SGD was 2,270 Bq m-3 
(25-75 %ile: 1,620 - 3,110 Bq m-3). Solving the RMB for the weighted SGD concentration 
results in a median flux of 16 mm d-1 (25-75 %ile: 11 - 23 mm d-1) or 180,000 m³ d-1 (25-
75 %ile: 120,000 - 260,000 m³ d-1) for the entire estuary. The total discharge can be dif-
ferentiated for FSGD and RSGD by simply splitting the SGD water flux according to the 
FSGD (0.23 %) and RSGD (0.76 %) shares at Featherbed. This results in median FSGD of 
41,000 m³ d-1 (25-75 %ile: 29,000 - 60,000 m³ d-1) and median RSGD of 140,000 m³ d-1 
(25-75 %ile: 90,000 - 200,000 m³ d-1) (Figure 26a). The determined share of SGD within 
the estuary water was generally small. At SAN Park total SGD share was considerably 
higher (median: 1.8 %; 25–75 %ile: 0.7 % - 3.6 %) compared to Featherbed (median: 1.0 
%; 25–75 %ile: 0.4 % - 2.5 %). 
9.3.5 DIN balance  
A DIN (dissolved inorganic nitrogen: NO3-N, NO2-N and NH4-N) balance was calculated for 
Knysna Estuary (Figure 26). The DIN concentration in the estuary water was measured 
during low and high tide (each n = 29) at the buoys (Figure 20, Table 10 and Figure 32 in 
Appendices E and G). The mean depth-weighted DIN concentration was 44 mg m-3 during 
low tide which reflects a significant elevation in comparison to 29 mg m-3 during high tide. 
The mean concentration was 36 mg m-3 accounting for the differences in water volume 
between high and low tide. These concentrations relate to DIN estuary budgets of 816 kg, 
664 kg and 731 kg for low tide, high tide and mean conditions, respectively.  
Subsequently, DIN sources and sinks were estimated by relating water fluxes of the four 
components of estuary water to the respective DIN concentrations. DIN concentration of 
RSGD was 160 mg m-3 which was derived from the median concentration of each DIN spe-
cies measured in the estuary bottom sediment porewater (depth 30 cm, n = 81). The 
riverwater DIN concentration was sampled at Charlesford Weir (2 October 2015) and 
amounted for 216 mg m-3. During the sampling campaign it was only possible to gather 
two fresh groundwater samples. These samples were taken on Leisure Island and at 
Featherbed Reserve at the groundwater/estuary interface and showed DIN concentra-
tions of 255 and 109 mg m-3, respectively. However, since the DIN concentration in 
groundwater is assumed to be highly variable in space, the model STOFFBILANZ was used 
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to model the DIN concentration in the water entering the groundwater body via percola-
tion in the Knysna River catchment (stoffbilanz.de/webland) to obtain a spatially repre-
sentative value at the percolation zone/groundwater interface. The DIN concentration of 
percolating water was simulated with 3,400 mg m-3. Since nitrogen species are not con-
servative and aquifer processes such as denitrification might decrease DIN concentration, 
the model provides an upper limit or the potential DIN concentration of FSGD. Conse-
quently, considerable uncertainty remains with respect to the fresh groundwater DIN 
end-member for which a range from 100 to 3,400 mg m-3 was assumed based on the spa-
tially not representative samples as a lower limit and the spatially representative model 
result which does not account for nitrogen processing within the aquifer as an upper limit. 
The DIN concentration of inflowing seawater was 17 mg m-3 derived from the median of 
the buoys 19 to 26 during high tide when the estuary water consisted almost entirely of 
seawater. Additionally, atmospheric deposition needs consideration as a source for DIN. 
This component was referred to the regional atmospheric deposition rate estimate of 10 
kg ha-1 a-1 (Dentener, 2006) which is equivalent to 31 kg d-1 DIN deposition on the water 
body of Knysna Estuary.  
The DIN fluxes into Knysna Estuary were calculated by multiplying water fluxes and DIN 
loads of the respective water components (Figure 26). Please note, the DIN flux via RSGD 
represents a net flux, i.e. it is compensated for DIN flux of infiltrating estuary water into 
the sediment (using the high tide DIN concentration). Further, inflowing seawater is not 
viewed as a source of DIN since the tidal DIN outflow flux exceeds the tidal DIN inflow 
flux. Consequently, net DIN input (FSGD, RSGD, river, atmospheric deposition) into 
Knysna Estuary was estimated with 81-232 kg d-1. These inputs divide into 27 kg d-1 via 
riverwater, 4-139 kg d-1 via FSGD, 18 kg d-1 via RSGD and 31 kg d-1 via atmospheric depo-
sition. The net tidal outflow reflects the difference between tidal DIN outflow (based on 
mean low tide DIN concentration) minus tidal DIN inflow (based on seawater DIN con-
centration). For the given tidal range during the sampling campaign the DIN tidal outflow 
was 168 kg d-1. 
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Figure 26: Water (a) and DIN (b) budget of Knysna Estuary . Water fluxes of FSGD and RSGD were esti-
mated using end-member mixing analysis and radon mass balancing. DIN concentrations in the estuary 
and tidal flows refer to measurements (n = 29) at high and low tide of the estuary water, DIN concentra-
tion of RSGD is derived from estuary bottom sediment porewater (depth 30 cm, n = 81), riverwater was 
sampled at Charlesford Weir. The DIN concentration range in FSGD refers to the sampled concentrations 
(lower limit) and to the modelled loads of percolating water in Knysna river catchment (upper limit). 
Atmospheric deposition rate of DIN was derived from Dentener (2006). 
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9.4 Discussion 
9.4.1 FSGD and RSGD  
The FSGD:RSGD ratio was 1:3.3 at Featherbed and 1:2 at SAN Park indicating an increased 
relative importance of RSGD closer to the mouth. The total FSGD (median of 41,000 m³ d-
1) compares well to 450 m³ d-1 based on water balance estimations for Leisure Island (0.9 
km²) (Figure 20) (Johnstone, 2009). These values seem reasonable as FSGD on Leisure 
Island is only fed by groundwater recharge on the island itself. For a comparison of FSGD 
rate and groundwater recharge rate the groundwater capture zone of the Knysna Estuary 
would need to be delineated using a numerical groundwater flow model which was be-
yond the scope of this study. Comparing SGD to river discharge (120,000 m³ d-1) (Figure 
26) it can be stated that roughly 21 to 36 % of freshwater input into the estuary was due 
to FSGD (25–75 %ile: 29,000 to 60,000 m³ d-1) and total SGD (25-75 %ile: 124,000 - 
260,000 m³ d-1) was a factor of 1.0 to 2.1 greater than river discharge during the study 
period. Seasonal oscillations of both FSGD and RSGD are likely, in which peak SGD rates 
of both components are expected to lag behind peak recharge rates (Michael et al., 2005), 
i.e. highest SGD rates in Knysna Estuary are expected for months September to December.  
Further, FSGD and RSGD rates were normalized to discharge per meter of coastline for 
comparability with other studies. The coastline of Knysna Estuary is roughly 30 km (inner 
coastline of the estuary) which results in median FSGD of 1.4 m³ m-1 d-1, median RSGD of 
4.5 m³ m-1 d-1 and median total SGD rate of 5.9 m³ m-1 d-1. The results of this study compare 
to findings for other regional settings as follows: Rocha et al. (2016) found RSGD rates of 
up to 35 m³ m-1 d-1 for Ria Formosa (Portugal), a coastal lagoon at the Atlantic with a tidal 
range of up to 2.8 m, referring to the coastline of the inner part of the lagoon. FSGD rates 
for Ria Formosa were estimated with 0.3 m³ m-1 d-1 by Leote et al. (2008). Povinec et al. 
(2012) reported SGD rates of 5 to 56 m³ m-1 d-1 and FSGD of 26 m³ m-1 d-1 for the volcanic 
island of Mauritius. Taniguchi et al. (2008) determined total SGD fluxes into Manila Bay 
(Philippines) with 12.4 m³ m-1 d-1, Burnett and Dulaiova (2003) found total SGD estimates 
of 12 to 43 m³ m-1 d-1 for Apalachee Bay, Gulf of Mexico (Florida, USA), Wu et al. (2013) 
estimated SGD into Xiangshan Bay, East China Sea with ~70 m³ m-1 d-1, Dulaiova et al. 
(2006) report SGD estimates of over 200 m³ m-1 d-1 for Chao Phraya Estuary into the Gulf 
of Thailand, and Peterson et al. (2008) calculated SGD, mainly composed of RSGD greater 
than 315 m³ m-1 d-1 for Yellow River Delta (China). These studies cover a wide range of 
hydrogeological and climatic settings resulting in different SGD patterns and magnitudes. 
For example, higher FSGD estimates for Mauritius are certainly a consequence of higher 
groundwater recharge rates in combination with differences in geology causing more fo-
cused SGD on Mauritius (lava tubes vs. fractured/pore aquifer type in Knysna). Higher 
RSGD rates for Ria Formosa may be a result of more pronounced tidal ranges, wave setup 
and higher proportion of sandy beach faces. In addition to that, most authors do not dif-
ferentiate between FSGD and RSGD, thus impeding a direct comparison of SGD estimates. 
However, it can be concluded that the results for Knysna Estuary are below most SGD 
estimates in the literature.  
Prieto and Destouni (2011) found a general relationship of FSGD to total SGD with SGD = 
1.1 * FSGD + 1.3 m³ m-1 d-1 based on a regression analysis of results from numerical sim-
ulations from multiple authors for different study sites and varying tidal ranges. Applying 
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this relationship to the results of this study yields total SGD of 2.8 m³ m-1 d-1 (using FSGD 
of 1.4 m³ m-1 d-1 as input) and FSGD of 4.2 m³ m-1 d-1 (when using the total SGD estimate 
of 5.9 m³ m-1 d-1). Thus, the results from Prieto and Destouni (2011) underestimate the 
total SGD and overestimate FSGD determined for Knysna Estuary. If the proposed rela-
tionship is considered as global mean relationship, then Knysna Estuary is characterized 
by higher relative importance of RSGD. 
Moreover, several authors (McCoy and Corbett, 2009; Prieto and Destouni, 2011) point to 
significant differences in SGD rates between land and sea based methods, i.e. a systematic 
difference of up to two orders of magnitude of SGD estimates for the same locations. Pos-
sible reasons for this difference are neglecting additional tracer inputs to the coastal sea 
or that processes such as free convection are not well represented by numerical models. 
Despite the discussed deviations from the Prieto and Destouni (2011) relationship their 
approach provides a reasonable first approximation of SGD for Knysna Estuary. 
9.4.2 DIN 
The mean depth-weighted estuary DIN concentration was 36 mg m-3 (equivalent to 731 
kg) which is a comparably low concentration, e.g. below the concentrations that are ob-
served in most coastal and open waters of the Baltic Sea, the Mediterranean Sea or the 
Greater North Sea (European Environment Agency, 2016) [EEA, 2016]. Higher DIN con-
centrations during ebb tide correspond to the inflow of high-DIN FSGD and RSGD at lower 
water levels and inflow of low-DIN seawater during flood tide, respectively. Despite the 
uncertainty of the fresh groundwater end-member, SGD was a significant source of DIN 
flux into Knysna Estuary. Total SGD accounts for 28-73 % of total DIN input to Knysna 
Estuary depending on the selection of the fresh groundwater end-member. These num-
bers are supported by the findings of other authors who identified SGD as a major path-
way of DIN (Garcia-Solsona et al., 2010; Ibánhez et al., 2013; Rodellas et al., 2014; Rocha 
et al., 2016).  
Stable isotopes of nitrogen in nitrate (δ15NNO3) indicate atmospheric deposition and soil 
microbial processes (decomposition of organic matter) as major sources of nitrate (Figure 
33, Appendix G) in groundwater along the Knysna Estuary shoreline which is in line with 
the near natural character of the catchment manifested by its land use. 
Comparing the DIN concentrations in fresh groundwater at the entry point to the estuary 
with the modelled DIN concentration in percolating water indicates significant nitrogen 
removal (~ 95 %) occurring during the subterranean transit pathway. Further efforts on 
spatially distributed sampling of fresh groundwater at the groundwater/estuary interface 
would be required to support this preliminary indication. Despite several components of 
this balance (DIN in FSGD, river and atmospheric deposition) are based on few data only, 
the DIN balance illustrates the relevance of SGD for estuary matter budgets. Future re-
search should also concentrate on nitrogen processing within the subterranean pathway 
by identifying drivers and controlling factors of nitrogen transformation. 
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9.5 Conclusions 
SGD into Knysna Estuary was investigated by combining end-member mixing analysis and 
radon mass balancing. This combined approach allowed to separate and quantify FSGD 
and RSGD contributions on tidal time-scales. Monte Carlo simulations allowed propaga-
tion of end-member uncertainty into mixing ratio uncertainty. The calculated uncertain-
ties of EMMA results for both SGD components were satisfying for water balance pur-
poses. However, RSGD uncertainty was larger due to greater RSGD end-member uncer-
tainty regarding both radon and salinity. The accuracy of the RSGD estimates could be 
increased by using additional chemical compounds (e.g., major ions) in EMMA. 
EMMA results revealed further that FSGD and RSGD had a mean share of 0.2 % and 0.8 % 
in the estuary water which is equivalent to a ratio of 1:3.3 for FSGD:RSGD. Time-series 
analyses indicated the dependence of FSGD and RSGD on tide-induced water level fluctu-
ations with higher shares during low tide. SGD is a significant component of the water 
balance of Knysna Estuary since SGD exceeded river discharge by a factor of 1.0 to 2.1. 
With a DIN load of 22-158 kg d-1 total SGD was a significant source (28-73 %) of DIN to 
Knysna Estuary. Longer observation periods are required for evaluating the effect of sea-
sonality and weather conditions on the water and DIN budget since the current study pro-
vides only a snapshot analysis.  
The results of this study highlight that groundwater protection is crucial for sustaining 
the current environmental state of Knysna Estuary since already low concentrations of 
DIN in groundwater cause FSGD to be a significant source of DIN. However, the pro-
nounced tidal flushing (DIN export of 168 kg d-1 during the study period) of the estuary 
strengthen its resilience against pollution of any kind. This study presents a methodology 
for FSGD and RSGD differentiation and emphasizes importance of this differentiation for 
nutrient balancing, which has rarely been the case in the literature. 
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10  LACUSTRINE GROUNDWATER DISCHARGE 
This chapter is largely based on a research published in Hydrological Processes 
Submission: 9 June 2017 
Publication: 1 February 2018 
Determination of groundwater discharge rates and water residence 
time of groundwater-fed lakes by stable isotopes of water (18O, 2H) and 
radon (222Rn) mass balances 
Eric Petermann, John J. Gibson2,3, Kay Knöller4, Thomas Pannier1, Holger Weiß1 and Michael Schu-
bert1  
1 Dept. Groundwater Remediation, Helmholtz Centre for Environmental Research – UFZ, Permoserstraße 15, 04318 Leipzig,  
Germany  
2 InnoTech Alberta, 3-4476 Markham Street, Victoria, BC, Canada 
3 Dept. of Geography, University of Victoria, P.O. Box 3060 STN CSC, Victoria, BC, Canada 
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Abstract: Lacustrine groundwater discharge (LGD) into lakes and the related water resi-
dence time are crucial parameters for quantifying lake matter budgets and assessing its 
vulnerability to contaminant input. The presented approach utilizes the stable isotope ra-
tios of water (δ18O, δ2H) and the radioisotope radon (222Rn) for determining long-term 
average and short-term snapshots in LGD. An isotope balance was conducted for the 0.5 
km² Lake Ammelshainer See (Saxony, Germany) based on measurements of lake isotope 
inventories and groundwater composition accompanied by good quality and comprehen-
sive long-term meteorological and isotopic data (precipitation) from nearby monitoring 
stations. The results from the steady-state annual isotope balances that rely on only two 
sampling campaigns are consistent for both δ18O and δ2H and suggested an overall long-
term average LGD rate which was used to infer the water residence time of the lake. These 
findings were supported by the good agreement of the simulated LGD driven annual cy-
cles of δ18O and δ2H lake inventories with the observed lake isotope inventories. However, 
radon mass balances revealed lower values which might be the result of seasonal LGD 
variability. For obtaining further insights into possible seasonal variability of groundwa-
ter-lake interaction, stable water isotope and radon mass balances could be conducted 
more frequently (e.g. monthly) in order to use the derived groundwater discharge rates 
as input for time-variant isotope balances. 
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10.1 Introduction 
The lakes ecosystem health and the fulfilment of human demands are highly dependent 
on its water quality, which is directly linked to the quality of discharging waters and the 
water residence time within the lake. Groundwater discharge into lakes or lacustrine 
groundwater discharge (LGD) is often neglected in lake water balances due to difficulties 
in its determination. However, several authors have shown that LGD may dominate the 
water balance, especially for lakes without surface water inlets (e.g., Stets et al., 2010; 
Zhou et al., 2013). Consequently, LGD may also play a crucial role in the lakes geochemical 
budgets, e.g. due to the input of nutrients (Nakayama and Watanabe, 2008) or of sulphate 
and iron into post-mining lakes [‘acid mine drainage’ (Knöller and Strauch, 2002; Knöller 
et al., 2004)], both of which represent a serious problem for lake water quality. Another 
key factor for lake water quality is its residence time. This parameter is a determinant of 
ecological health since water residence time governs the exposure time to chemical sub-
stances introduced into the lake. For instance, longer water residence times may favor the 
growth of harmful algal blooms (Romo et al., 2013).   
A brief overview on methods for determining LGD was given in chapter 3.2.2.  
Stable isotopes of water (Krabbenhoft et al., 1990; Knöller and Strauch, 2002; Knöller et 
al., 2004; Hofmann et al., 2008; Gibson et al., 2016a; Gibson et al., 2016b) and the radioi-
sotope radon (Corbett et al., 1997; Schmidt et al., 2008; Dimova and Burnett, 2011; Kluge 
et al., 2012; Dimova et al., 2013; Luo et al., 2016) or a combination of both (Schmidt et al., 
2009; Arnoux et al., 2017a; 2017b) are well-established in groundwater-lake interaction 
studies. For instance, Luo et al. (2016) and Dimova and Burnett (2011) reported on sig-
nificant temporal variation of LGD on a multi-day timescale based on radon for a Chinese 
desert lake and small lakes in central Florida (United States), respectively. Kluge et al. 
(2012) and Dimova et al. (2013) demonstrated LGD variability also on a seasonal time-
scale. Arnoux et al. (2017b) applied both radon and stable isotopes to determine intra-
annual LGD variability into a small glacial lake in Quebec (Canada).  
Stable isotope based LGD estimates are highly dependent on the relative air humidity and 
the isotopic composition of the atmospheric vapor and the evaporate (Knöller and 
Strauch, 2002; Hofmann et al., 2008). Radon based estimates depend mainly on the radon 
concentration of the groundwater end-member as well as on the quantification of atmos-
pheric radon losses and diffusive radon inputs. All of these parameters are prone to error. 
However, simultaneous use of stable water isotopes and radon decreases the uncertainty 
of LGD estimates as well as of the corresponding water residence time. It should be em-
phasized that both methods indicate LGD rates at different time scales. While the mean 
stable water isotope inventory reflects the average conditions during the entire water 
residence time (usually months to several years), radon based approaches rather reflect 
a snapshot of LGD rate representing a period of maximum of 20 days (five 222Rn half-lives, 
t1/2=3.8 d). 
In the presented study LGD rates and water residence times were determined for the 
0.5 km² groundwater-fed Lake Ammelshainer See (Saxony, Germany) based on field ob-
servations of the stable water isotope ratios (δ18O, δ2H) and the radionuclide radon 
(222Rn). Both approaches utilize gradients of these tracers between groundwater and lake 
water and rely on additional climatic and isotopic information. This study demonstrates 
the potential of combined δ18O / δ2H and radon mass balances to study LGD at different 
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time-scales. The key issue of this study is to demonstrate the power of stable isotope tech-
niques for estimating the long-term mean LGD rate and the corresponding water resi-
dence time of groundwater-fed lakes based on a relatively small amount of field data (lake 
isotope inventories and groundwater isotope composition) accompanied by good quality 
and comprehensive long-term meteorological and isotopic data (precipitation) from 
nearby monitoring stations. This approach requires the determination of the mean stable 
water isotope inventory of the lake as well as the estimation of the evaporate signature 
by using the lake, groundwater and precipitation signatures. The combination of the esti-
mated LGD rate with the meteorological and isotopic data allows the simulation of the 
annual cycle of the lake’s stable water isotope inventory which can subsequently be com-
pared to lake inventory observations at specific dates. The additional application of a ra-
don mass balance illustrates the potential for determining LGD rates at temporal snap-
shots which supports the study of temporal LGD variability.   
10.2 Material and Methods 
10.2.1 Theoretical Background 
10.2.1.1 Water Balance of Groundwater-Fed Lakes 
Groundwater-fed lakes (or “through-flow” lakes) gain water, aside from direct precipita-
tion on the lake, by continuous discharge of groundwater into the lake, which is balanced 
by a combination of evaporation and water exfiltration, i.e. outflow into the aquifer 
(Gibson et al., 2002). In absence of noteworthy surficial in- and outflows the hydrological 
balance can be written as 
𝜕𝑉
𝜕𝑡
= 𝑃 + 𝐺𝑖 − 𝐸 − 𝐺𝑜        (Eq. 30) 
where V is the volume of the lake, t is time, P is precipitation, Gi is LGD, E is evaporation 
and Go is groundwater outflow. 
10.2.1.2 Water Residence Time of Lakes 
Some confusion regarding the definition of residence time was recognized in the litera-
ture, which inhibits direct comparability of residence time estimates and is, thus, imped-
ing vulnerability assessment. Some authors use the water discharge rate (Knöller and 
Strauch, 2002; Gibson et al., 2016a) or the groundwater outflow rate plus evaporation for 
residence time calculation; other authors use the water outflow while excluding evapora-
tion (Hofmann et al., 2008). As pointed out by Quinn (1992) evaporation is indeed an out-
flow term regarding water molecules but it does not remove conservative dissolved sub-
stances from a lake. Whereas the first approach for calculating the residence time refers 
to a parcel of water, the latter refers to a conservative substance. In this study, latter def-
inition was used since it presents the more conservative approach in terms of vulnerabil-
ity assessment. The mean residence time of water (τ) can be calculated from Eq. 31 as-
suming a well-mixed lake.  
𝜏 =
𝑉
𝐺𝑜
           (Eq. 31) 
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10.2.1.3 Stable Isotope Mass Balance 
The use of δ18O and δ2H for determining LGD, groundwater outflow and lake water resi-
dence time is based on an isotope mass balance (IMB). For that purpose, the isotope com-
positions of all components of the lakes water balance are required with δL, δP, δGi, δGo and 
δE being the isotope composition of the lake, precipitation, groundwater discharge, 
groundwater outflow (exfiltrating lake water) and evaporation, respectively.  
The annual IMB (Eq. 32) follows Eq. 30 under the assumption of constant lake volume 
over time.  
𝑃𝛿𝑃 + 𝐺𝑖𝛿𝐺𝑖 = 𝐸𝛿𝐸 + 𝐺𝑜𝛿𝐺𝑜       (Eq. 32) 
While assuming the IMB in inter-annual steady state, seasonal fluctuations of δL as a result 
of temporally variable LGD and groundwater outflow rates and their respective isotope 
composition are considered (Eq. 33). Following Eq. 33 the dynamic IMB for a well-mixed 
lake can be written as  
𝛿𝐿𝑡+1 = 𝛿𝐿𝑡 +
[𝑃𝑡𝛿𝑃𝑡+ 𝐺𝑖𝑡𝛿𝐺𝑖𝑡 
− 𝐸𝑡𝛿𝐸𝑡− 𝐺𝑜𝑡𝛿𝐺𝑜𝑡
]
𝑉
      (Eq. 33) 
By assuming a quasi-steady state, i.e. a constant seasonal cycle, eq. 33 can be re-arranged 
and solved for Gi or GO. While δL, δP and δGi can be directly measured, δGo is usually assumed 
to equal δL. In contrast δE cannot be easily measured. However, since evaporation is the 
process that dominates the evolution of isotope composition of a lake its accurate estima-
tion is crucial for the precision of water balances. δE can be calculated (Eq. 34) using the 
linear resistance model of Craig and Gordon (1965), which describes δE as a function of 
relative humidity, air temperature, the isotopic compositions of the lakes surface (δLs) and 
the atmospheric moisture (δA). The isotopic composition of δLs was parameterized semi-
quantitatively by assuming an annual cycle with maximum isotopic enrichment at the end 
of the evaporation season in September and minimum enrichment in winter (Appendix F, 
Table 11). For parameterization the observations of lake surface water in June and Sep-
tember were used assuming a roughly linear enrichment during July and August. The iso-
topic signature at the lake surface for the remaining months October to May were esti-
mated loosely based on the observed annual amplitudes for lakes in the investigated re-
gion with most negative values during winter (Knöller and Strauch, 2002; Hofmann et al., 
2008; Seebach et al., 2008).  
𝛿𝐸 =
𝛿𝐿𝑠
−𝜀+
𝛼+
−ℎ 𝛿𝐴−𝜀𝐾
1−h+10−3εK
         (Eq. 34) 
The variables in Eq. 34 are the equilibrium isotopic separation ε+ (temperature depend-
ent), the equilibrium isotopic fractionation factor α+ (temperature dependent), the kinetic 
isotopic separation εK (humidity dependent) and the relative humidity h [-]. A detailed 
description of all calculations required for the IMB can be found elsewhere (e.g. Gibson et 
al., 2016a). 
δA can either be measured or estimated from δP and air temperature. Gibson et al. (2016a) 
introduced the seasonality factor k [-], which compensates for the effect of seasonality on 
isotopic fractionation during the evaporation process. This compensation is required 
since δA is usually not in equilibrium with δP throughout the year in seasonal climates. The 
seasonality factor k ranges from 0.5 for highly seasonal climates to 1 for non-seasonal 
climates and is estimated by dual analysis of δ2H and δ18O. For that purpose, the mean 
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annual evaporation flux weighted δA is adjusted (by optimizing k) to fit δE (Eq. 35) to the 
local evaporation line (Gat, 2000).  
𝛿𝐴 =
𝛿𝑃−𝑘 𝜀
+
1+10−3 𝑘 𝜀+
         (Eq. 35) 
10.2.1.4 Radon Mass Balance  
The radon mass balance (RMB) approach was described in detail in chapter 5.1.1. In ab-
sence of mixing loss and riverine input the RMB for the investigated groundwater-fed lake 
is defined as follows:  
FGWi[𝐵𝑞 𝑚
−2𝑑−1] = 𝐹𝑑𝑒𝑐 + 𝐹𝑎𝑡𝑚 − 𝐹𝑑𝑖𝑓 − 𝐹𝑝𝑟𝑜𝑑     (Eq. 36) 
10.2.2 Study Site 
Lake Ammelshainer See (51.296692 °N, 12.608284 °E) was chosen as a study site because 
of the absence of any surface water inflow or outflow. Due to its proximity to Leipzig (Sax-
ony, Germany) (Figure 27a) where continuous monitoring of stable isotope composition 
in precipitation is conducted these data can be assumed as representative for the precip-
itation falling on the lake. Therefore, additional measurements of stable isotopes in pre-
cipitation are not required.  
Lake Ammelshainer See is an artificial lake (former gravel pit) with an area of 0.54 km² 
that is located 20 km east of Leipzig. The lake is situated in a lowland landscape charac-
terized by Tertiary and Quaternary sand and gravel sediments. Lake Ammelshainer See 
has a mean depth of 12 m and maximum depth of 28 m resulting in a volume of 6.7 * 106 
m³. The regional groundwater flow direction is not uniform in the vicinity of the lake ac-
cording to groundwater contour analysis (Figure 27b). LGD is expected at the northern 
Figure 27: Study site Lake Ammelshainer See.  (a) Location of Lake Ammelshainer See in Ger-
many. (b) Groundwater contours inferred from groundwater monit oring data from 24 wells; (c) 
Bathymetry of Lake Ammelshainer See was inferred from echo sounding. Further, locations of 
lake water profiles and the sampled groundwater well are shown.  
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and eastern shore. Schmidt et al. (2008) described the lake as dimictic with a well-mixed 
water body in spring and autumn and thermal stratification during summer and winter. 
Groundwater wells in a 5 km radius around Lake Ammelshainer See (Saxonian State 
Office for the Environment, Agriculture and Geology, 2016) reveal a typical seasonal cycle 
of groundwater level fluctuations with lowest groundwater levels between September 
and November and highest groundwater levels from March to April with an average an-
nual amplitude of ~ 40 cm.  
The lake is hydraulically well-connected to a phreatic aquifer with a thickness of 20 m. 
The mean annual air temperature is 10.0 ± 0.7 °C (reference period 2000-2015), annual 
precipitation is 617 ± 98 mm (reference period 2000 - 2015) and annual potential evap-
oration is 682 ± 35 mm (reference period 2001-2010) with ± indicating the interannual 
variability (1 standard deviation). 
10.2.3 Sampling Design 
Sampling campaigns were conducted on 3 June 2015, 9 June 2016 and 22 September 
2016. In June 2015 the radon concentration distribution at the lake surface was mapped, 
radon depth profiles were measured and stable isotope sampling at the lake surface was 
conducted at multiple locations. In June 2016 and September 2016 sampling focused on 
two depth profiles of stable water isotopes. In addition, two radon depth profiles were 
measured at the same locations in September 2016. Groundwater was sampled from a 
well tapping the uppermost unconfined aquifer which is located less than 100 m south of 
the lake in the up-gradient area. The well is filtered from a depth of 7.8 m; the groundwa-
ter level was 3.4 m below the surface during sampling. 
10.2.4 Analytical Techniques 
10.2.4.1 Stable Water Isotopes  
As described in 5.3. 
10.2.4.2 Radon  
The radon concentration of lake water was measured employing two on-site mobile ra-
don-in-air monitors Alpha Guard (Schubert et al., 2006), which were operated in parallel, 
while the radon concentration of groundwater samples were measured using the mobile 
radon-in-air monitor RAD 7 (Durridge Company). The radon mapping on lake was exe-
cuted by boat cruises. For both, lake water and groundwater, radon was measured from 
a permanent water pump stream (water flow rate of 2 l min-1) which was connected to a 
radon extraction unit MiniModule® (Membrana GmbH) [see also 8.3.1.3]. Each sample of 
the depth profile was measured for 30 - 40 min after water/air equilibration to obtain at 
least three replicate measurements at each depth (counting cycle 10 min). Groundwater 
samples were measured for 30 - 40 min (counting cycle 5 min) after water/air equilibra-
tion to obtain at least six replicate measurements. 
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10.2.4.3 Climate, Groundwater and Isotope Data 
Data of air temperature, precipitation and relative humidity (German Weather Service, 
2016) was derived for nearby stations Leipzig-Holzhausen (10 km west) and Oschatz (35 
km east). Relative humidity, precipitation rate and air temperature for Lake Ammel-
shainer See was derived from the arithmetic mean of the monthly means of both stations 
for the reference period 2000 - 2015. Monthly averages of relative humidity range from 
0.68 (April to July) to 0.85 (November to December), monthly air temperatures range 
from 0.9 °C (January) to 19.5 °C (July) and precipitation rates range from 31 mm (Febru-
ary and April) to 86 mm (July). Potential evaporation data (Regional climate information 
system for Saxony, 2016) were derived for the period 2001-2010. Equivalently, potential 
evaporation from Lake Ammelshainer See was calculated as arithmetic mean of stations 
Leipzig-Holzhausen and Oschatz. Potential evaporation peaks in July (114 mm) and is 
lowest in December (11 mm).  
Stable isotope signatures of water in precipitation are measured continuously at the 
Helmholtz Centre for Environmental Research (UFZ) in Leipzig. Data of monthly means 
were available for the period from 2012 to 2014. The isotopic composition has a clear 
seasonal pattern with a range from -11.1 ‰ (January) to -5.2 ‰ (June) and -78.2 ‰ 
(January) to -35.1 ‰ (August) for δ18O and δ2H, respectively. The amount weighted mean 
annual composition of precipitation for this period was -8.4 ‰ for δ18O and -58.7 ‰ for 
δ2H. 
10.3 Results 
10.3.1 Water Depth Profiles 
Depth profiles of radon, δ18O and δ2H were measured to determine the isotope invento-
ries of the lake. In addition, temperature was measured and deuterium excess, as an indi-
cator for evaporation, was calculated. Temperature data indicate higher temperatures in 
the upper part of the lake for June 2016 (17.5 °C) and September 2016 (18.8 °C). Temper-
atures in deep lake waters were virtually the same in September and June (~ 8.5 °C) and 
reflect roughly the mean annual air and groundwater temperature. Radon data were 
measured in June 2015 and June 2016, i.e. at the same seasonal stage of the year. The 
mean radon concentration at the lake surface was 31 Bq m-3 in both years. Highest radon 
concentrations were observed for the deepest samples for both sampling periods. Due to 
low concentrations and the small number of replicate measurements analytical uncer-
tainty is comparably high. However, a tendency of higher radon concentrations with in-
creasing water depth is suggested for both sampling periods. Data on δ18O and δ2H reveal 
similar patterns for both sampling periods: an enrichment of heavier isotopes in the up-
per layer (down to 4 - 5 m in June 2016 and to 7 - 8 m in September 2016) and a relatively 
constant isotopic composition below that layer.  
The depth of the isotopic boundary layer correlates well with the thermocline depth. Be-
low a depth of 8 m isotopic composition was -3.7 ‰ to -3.6 ‰ for δ18O and ~-35.5 ‰ for 
δ2H without significant variation with depth. In the upper layer a clear difference between 
June and September was recognized for both isotopes. The values were -3.4 ‰ (June) / -
2.8 ‰ (September) and –34.5 ‰ (June) / – 32.0 ‰ (September) for δ18O and δ2H, re-
spectively. The more pronounced deuterium excess (D excess [‰] = δ2H − 8 ∗ δ18O) in 
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the surface layer underpins the causal relationship between isotopic enrichment and 
evaporation (Gat, 2000). 
10.3.2 Lake Isotope Inventory 
In order to obtain representative lake isotope inventories, the isotope depth profiles were 
weighted according to the lake bathymetry. In a first step, a non-linear asymptotic regres-
sion model was fitted to radon data (Figure 28A) and a non-linear regression model which 
was adopted from membrane separation techniques, was fitted to stable water isotope 
data (Figure 28B-D). The models provided continuous isotope-depth relationships. The 
resulting non-linear regression models for radon data (Eq. 37) and for stable water iso-
topes (Eq. 38) had the variable z [m], representing the water depth, and the coefficients 
a, b, c and d which were fitted to the observed data. 
Rn𝑧 = a + b ∗ 𝑒
𝑐∗𝑧         (Eq. 37) 
δ18O𝑧; δ
2H𝑧  = [𝑎 + 𝑏 ∗ 10
(𝑐+𝑑∗𝑧)]/[1 + 10(𝑐+𝑑∗𝑧)]    (Eq. 38) 
Subsequently, isotope values were calculated for each water depth of Lake Ammelshainer 
See. Bathymetry was analyzed using ArcGIS to obtain the volumetric contribution to lake 
water of each water depth layer (1 m resolution). For instance, the water layer ranging 
from 0 to 1 m depth comprises 8.2 % of the lake’s water, the layer from 1 to 2 m depth 7.6 
%, the layer from 27 to 28 m < 0.1 % etc. By linking isotope depth profiles with bathymet-
ric analysis the depth weighted isotope inventory of the lake was computed. Following 
this procedure the lake inventories were calculated with -3.59 ‰ and -3.23 ‰ for δ18O 
as well as -35.0 ‰ and -33.9 ‰ for δ2H in June 2016 and September 2016, respectively. 
Mean radon concentration was 33.6 Bq m-3 in June 2015 and 28.9 Bq m-3 in September 
Figure 28: Depth profiles of A) Radon, B) δ18O, C) δ2H and D) deuterium excess. Non-linear regression 
models (solid lines) were fitted to the observed data which were used for the calculation of isotope inven-
tories. Error bars represent the standard deviation of the two depth profiles (Figure 27C). 
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2016 (Table 3) which results in lake inventories of 395 and 340 Bq m-2 for June 2015 and 
September 2016, respectively. 
Table 3: Isotope inventories for sampling campaigns in 2015 and 2016.  
Date δ18O [‰] δ2H [‰] 222Rn [Bq m-2] 
Jun 2015 -a - a 395 
Jun 2016 -3.59 -35.0 - 
Sep 2016 -3.23 -33.9 340  
a only measurements at the lake surface 
10.3.3 Isotope Composition in Groundwater   
The mean composition of δ18O and δ2H (n = 4) in groundwater was -8.25 ± 0.1 ‰ and -
59.4 ± 1.0 ‰, respectively. Radon concentration was 18,900 ± 500 Bq m-3 (n = 2). Varia-
tions of both stable water isotopes and radon were within the analytical uncertainty. 
 
 
Figure 29: δ18O and δ2H of lake water, precipitation, groundwater, air moisture and evaporation for 
Lake Ammelshainer See . The measured stable water isotopes in groundwater (green squares), lake water 
(blue diamonds) and the monthly precipitation for 2012-2014 (weather station at UFZ Leipzig; black 
squares) are shown. The enlarged black square refers to the amount-weighted mean precipitation. The 
solid line represents the Global Meteoric Water Line (GWML), the dashed line the Local Meteoric Water 
Line (LMWL) and the dotted line the Local Evaporation Line (LE L). The thinner lines around LMWL and 
LEL depict the confidence intervals of the linear regression models (1 σ). The modeled data of the evapo-
ration flux-weighted annual means of the atmospheric moisture ( purple circles; δA) and the evaporate 
(red triangles; δE) are shown for different values of the seasonality factors (k) which accounts for non-
equilibrium fractionation during the evaporation season . The possible k values are in the range from 0.73 
to 0.78 to force the annual mean evaporate values to lie within the confidence interval of the LEL. δ A and 
δE for k values of 0.5 (highly seasonal climate) and 1 (non -seasonal climate) are shown for illustrative 
purposes. 
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10.3.4 δ18O and δ2H of the Evaporate 
The isotopic composition of lake evaporate was estimated by accounting for the δ18O and 
δ2H composition of lake water, groundwater and precipitation (Figure 29A). The ground-
water samples plot close to the Local Meteoric Water Line (LMWL), which indicates that 
the groundwater is recharged by the local precipitation. In contrast to precipitation and 
groundwater, lake water samples deviate significantly from the LMWL as a consequence 
of isotopic enrichment of lake water due to evaporation. The linear regression model fit-
ted to lake water samples and the sources of lake water (groundwater and amount-
weighted annual precipitation) defines the Local Evaporation Line (LEL), which is 𝛿2𝐻 =
5.07(±0.08) ∗ δ18O − 17.10(±0.38) (n = 25, R² = 0.99, p < 0.0001) . As proposed by 
Gibson et al. (2016a) the seasonality factor k (10.2.1.3) was adjusted (Eq. 34) aiming at 
fitting the evaporation flux-weighted annual mean δE (Eq. 33) to the LEL. In the case of 
Lake Ammelshainer See k ranges from 0.73 to 0.78 under consideration of the LEL confi-
dence interval (± 1 σ). Accordingly, the evaporation flux-weighted annual mean δE ranges 
from -21.1 ‰ to -22.8 ‰ and from -122 ‰ to -135 ‰ for δ18O and δ2H, respectively.  
10.3.5 δ18O and δ2H Mass Balance 
The input parameters for the isotope mass balance are given in Table 4 and Table 11 (Ap-
pendix F). The sum of precipitation falling on the lake surface is ~333,000 m³ a-1 and the 
sum of evaporation from the lake surface is ~368,000 m³ a-1. The isotopic composition of 
the lake in June (δ18OL = -3.59 ‰ and δ2HL = -35.0 ‰) was used as initial value for δL and 
for δGo for the dynamic isotope mass balance model. This value was iteratively adjusted to 
best fit the modeled annual isotope cycle to the observed inventories of δ18O and δ2H in 
June and September. Accordingly, the optimized value for annual mean δL and δGo were -
3.5 ‰ and -34.8 ‰ for δ18O and δ2H, respectively. 
Assuming a hydrologic and isotopic interannual steady state, the annual LGD was calcu-
lated following Eq. 31. The calculated LGD ranged from 1,084,000 m³ a-1 to 
1,193,000 m³ a-1 for δ18O and 1,027,000 m³ a-1 to 1,224,000 m³ a-1 for δ2H. Converted to a 
mean daily flux, the range of LGD equals 2,800 m³ d-1 to 3,350 m³ d-1 for the wider, more 
conservative error range of δ2H. Accordingly, the mean groundwater outflow rate ranges 
from 2,700 m³ d-1 to 3,250 m³ d-1. The determined range of groundwater outflow rates 
was further used to calculate water residence time in the lake (Eq. 30) which ranges from 
5.4 to 6.6 a. 
For validating the estimated LGD and groundwater outflow rates the annual δ18O and δ2H 
cycles were simulated with a time-step width of one month (Eq. 32) and compared to the 
measured isotope inventories in June and September 2016 (Figure 30). Therefore the 
monthly values presented in Table 3 were derived assuming constant LGD over time, 
which ranges from 3,050 to 3,250 m³ d-1 and from 2,800 to 3,350 m³ d-1 for δ18O and δ2H 
balance, respectively. Water balances are assumed to be at steady-state on a monthly ba-
sis, i.e. groundwater outflow rates were calculated to balance LGD, evaporation and pre-
cipitation rates. 
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For both isotopes, the modeled seasonal ranges (assuming k values of 0.73 to 0.78) fit well 
with the observed stable water isotope inventories, although, modeled and observed data 
are in better agreement for δ18O than for δ2H. For δ18O, both observations are within the 
uncertainty range of the model. For δ2H, the model slightly underestimates the isotope 
inventory for June and slightly overestimates the isotope inventory for September com-
pared to the observed values. 
Figure 30: Modelled seasonal cycle of lake isotope inventories of Lake Ammelshainer See. 
The isotope inventory is driven with calculated δE signature and groundwater discharge rates 
and compared to observed isotope inventories. Uncertainty refers to the LGD range of 2,950 to 
3,250 m³ d-1 for δ18O and 2,800 to 3,350 m³ d-1 for δ2H. The LGD uncertainty results from the 
uncertainty in determining the isotopic composition of the evaporate (seasonality factor range 
of 0.73 – 0.78, see Figure 29). 
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Table 4: Climate and isotopic data used as input for stable isotope mass balance and resulting LGD and groundwater outflow rates. Relative humidity, 
air temperature and precipitation refer to the period 2000-2015, evaporation refers to the period 2001-2010.  
Month 
Rel. humid-
ity  
Air tempera-
ture 
Precipitation Evaporation LGD Groundwater 
outflow 
[-] [°C] Rate 
[mm] 
δ18O [‰] δ2H 
[‰] 
Rate 
[mm] 
δ18O [‰] δ2H [‰] Rate 
[m³/d] 
δ18O [‰] δ2H 
[‰] 
Rate [m³/d] 
Jan 0.84 0.9 47.5 -11.1 -78.2 13.3 -2.4 to  
-6.0 
-35 to  
-63 
2,800 to 
3,350 
-8.2 -59.4 3415 to 3,965 
Feb 0.81 1.7 30.8 -10.3 -71.7 20.5 -11.1 to  
-13.9 
-81 to  
-103 
2,800 to 
3,350 
-8.2 -59.4 2985 to 3,535 
Mrc 0.76 5.0 40.6 -10.3 -74.2 41.2 -15.1 to  
-17.1 
-83 to  
-98 
2,800 to 
3,350 
-8.2 -59.4 2790 to 3,340 
Apr 0.69 10.0 30.8 -8.7 -60.5 72.2 -21.3 to  
-22.7 
-115 to  
-126 
2,800 to 
3,350 
-8.2 -59.4 2055 to 2,605 
May 0.70 14.2 62.3 -8.3 -58.1 95.0 -21.5 to  
22.8 
-114 to  
-124 
2,800 to 
3,350 
-8.2 -59.4 2210 to 2,760 
Jun 0.69 17.3 55.2 -5.2 -35.9 102.9 -27.7 to  
-29.0 
-154 to  
-164 
2,800 to 
3,350 
-8.2 -59.4 1940 to 2,490 
Jul 0.69 19.4 85.9 -5.6 -36.9 110.9 -25.9 to  
-27.2 
-145 to  
-155 
2,800 to 
3,350 
-8.2 -59.4 2350 to 2,900 
Aug 0.70 18.9 71.6 -5.3 -35.1 95.6 -26.0 to  
-27.4 
-149 to -160 2,800 to 
3,350 
-8.2 -59.4 2365 to 2,920 
Sep 0.77 14.5 56.3 -6.6 -44.7 63.2 -21.3 to  
-23.3 
-137 to  
-152 
2,800 to 
3,350 
-8.2 -59.4 2675 to 3,225 
Oct 0.82 10.0 38.0 -10.2 -70.4 37.9 -4.9 to  
-7.8 
-47 to  
-68 
2,800 to 
3,350 
-8.2 -59.4 2805 to 3,355 
Nov 0.85 5.7 53.4 -9.4 -70.6 17.8 -6.3 to  
-10.1 
-40 to  
-69 
2,800 to 
3,350 
-8.2 -59.4 3440 to 3,990 
Dec 0.85 2.1 44.3 -9.9 -68.4 11.8 -6.8 to  
-10.6 
-66 to  
-95 
2,800 to 
3,350 
-8.2 -59.4 3385 to 3,935 
Sum  617  682   
Mean 0.77 10.0  -8.0 -55.5  -21.1 to  
-22.8 
-122 to  
-135 
2,800 to 
3,350 
-8.2 -59.4 2,700 to 3,250 
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10.3.6 Radon Mass Balance 
The radon decay losses for the measured lake inventories (10.3.2) were calculated with 
71.6 Bq m-2 d-1 and 61.6 Bq m-2 d-1 for June 2015 and June 2016, respectively. Evasion 
rates were calculated based on wind speed data for a 10 day period prior to the sampling 
campaigns from the closest weather station (Leipzig-Holzhausen). Wind speed data were 
available in hourly resolution and are characterized by a median of 2.5 m s-1 (range 0.5 to 
5.8 m s-1) for June 2015 and a median of 1.5 m s-1 for September 2016 (range 0.3 to 4.0 m 
s-1). Additional input data for radon degassing rate calculation are the radon concentra-
tion in surface water, which was 31 Bq m-3 for both campaigns, the measured water tem-
perature at the lake surface (18 °C in June 2015; 19 °C in September 2016), salinity of 0.1 
and the radon concentration in air in the vicinity of the lake of 5 Bq m-3, which is based on 
previous experience (Schmidt et al., 2008). The weighted radon degassing rates were 14.5 
± 4.9 Bq m-2 d-1 for June 2015 and 8.3 ± 2.8 Bq m-2 d-1 for September 2016 which basically 
reflects the differences in wind speed during the days prior to both sampling campaigns. 
The required parameters for the calculation of radon input via diffusion are radon in sed-
iment porewater, radon in lake bottom water, porosity and the radon diffusion coefficient 
in water. Radon in sediment porewater underlying the lake was assumed to equal the ra-
don in groundwater concentration (18,900 ± 500 Bq m-3). Radon concentration in lake 
bottom water was calculated by the non-linear regression models discussed in section 
10.3.2 with ~70 Bq m-3. The radon diffusion coefficient for the observed temperatures in 
lake bottom water of 8.5 °C for freshwater is ~7.8 * 10-10 m² s-1 (Schubert and Paschke, 
2015). Porosity was assumed to be 0.35 which is typical for sand and gravel sediments. 
Finally, the radon diffusion from the lake bottom sediment porewater into the overlying 
water column was calculated with 38.9 ± 1.0 Bq m-2 d-1. The required radon flux to equil-
ibrate the radon mass balance was 47.4 ± 5.1 Bq m-2 d-1 for June 2015 and 30.9 ± 3.0 Bq 
m-2 d-1 for September 2016. This residual radon flux was attributed to LGD. For a radon 
concentration in groundwater of 18,900 ± 500 Bq m-3, the median LGD velocity averaged 
over the entire lake area was 2.5 ± 0.3 mm d-1 for June 2015 and 1.6 ± 0.2 mm d-1 for 
September 2016. Multiplication with the lake surface area of 540,000 m² results in volu-
metric LGD rates of 1,350 ± 150 m³ d-1 for June 2015 and 900 ± 100 m³ d-1 for September 
2016 (Figure 31). 
10.4 Discussion 
The resulting LGD (2,800 to 3,350 m³ d-1) and groundwater outflow rates (2,700 to 3,250 
m³ d-1) of Lake Ammelshainer See derived from the steady-state isotopic mass balances 
are in a similar range for δ18O and δ2H (Figure 31). The difference between discharge and 
outflow is a consequence of exceedance of evaporation over precipitation with an inter-
annual mean of ~100 m³ d-1 under the assumption of constant lake volume. The LGD rates 
indicated by δ18O and δ2H reflect the long-term (interannual) mean conditions, i.e. they 
represent an integrated value over the entire residence time of water in the lake.  
In contrast to that, results from the radon mass balance, which indicated LGD rates of 
1,350 ± 150 m³ d-1 and 900 ± 100 m³ d-1 provide information on snapshots in June 2015 
and September 2016, respectively. These results represent conditions during a few days 
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prior to the sampling campaign basically due to radioactive decay and the evasion inten-
sity of radon (Figure 31). Both processes govern the persistence of a memory effect re-
garding the radon concentration in the water body. Consequently, the offset between the 
stable isotope and the radon based LGD rates does not necessarily reflect a significant 
disagreement. Rather, the results from the RMB in June and September may reflect lower 
LGD rates due to seasonality effects. 
This hypothesis is supported by the observation of seasonal groundwater level fluctua-
tions with lowest levels measured from late summer to mid-autumn. The groundwater 
level is the key driver of the hydraulic gradient between groundwater and lake water, 
which in turn governs LGD rates. However, if stable isotope and radon based results are 
both correct, June and September would represent periods with below average LGD rates. 
This implies that other periods of the year, such as late-winter to late-spring, do likely 
represent periods with above-average LGD to close the stable isotope and water mass 
balance. Late-winter to early spring typically has higher groundwater levels, which sup-
ports this assertion. Still, the hypothesis of temporal varying groundwater discharge rates 
needs to be validated by additional field campaigns, which was beyond the scope of this 
study. In addition, data on lake water level evolution throughout the year are required to 
answer this question.  
The presented approach for calculating the isotopic compositions of the lake evaporate 
utilizes the slope of the local evaporation line (LEL) and its uncertainty in a quantitative 
manner. The observed source water to the lake (i.e. groundwater discharge plus precipi-
tation) is removed either by evaporation, a process that is isotopically fractionating caus-
ing enrichment, or by outflow, which is non-fractionating. Weighted inflow, including con-
tributions from groundwater discharge and precipitation on the lake surface, and mean 
lake water define a straight line in δ18O-δ2H space (LEL) as a consequence of isotopic frac-
tionation processes, with overall enrichment of lake water determined by conservation of 
mass. 
Hofmann et al. (2008), who investigated a lake in a similar climatic setting only 80 km 
northeast of Lake Ammelshainer See calculated monthly δ18O values of the evaporate 
based on measurements of monthly δ18O in precipitation and a vapor-precipitation equi-
librium approach without considering evaporation seasonality. As a consequence, the iso-
topic values used in their study showed a much wider spread throughout the year ranging 
from -30.1 (August) to 56.6 ‰ (November) compared to Lake Ammelshainer See study, 
in which the values ranged from -26.0 to -27.4 (August) up to -2.4 to -6.0 (January) (Tab. 
2). The values estimated by Hofmann et al. (2008) are on average slightly more negative 
during the evaporation season from April to September (~2 ‰) and dramatically more 
positive (up to >60 ‰) during the low-evaporation season compared to the study pre-
sented here, although the explanation for the latter observation is unclear. In fact, these 
very high values calculated by Hofmann et al. (2008) resulted in a relatively heavy mean 
weighted δ18O of the evaporate of -15.4 ‰ compared to this study with -21.1 to -22.8 ‰. 
While the use of a seasonality factor for calculating the isotopic composition of the evap-
orate remains to be further tested and compared in the study area, it has been applied 
previously in northern Canada (Gibson et al., 2016a) and appears to offer a first-approxi-
mation approach consistent with the mass balance between inflow terms (groundwater 
and precipitation), lake water and evaporate. The simulated annual cycle of δ18O and δ2H 
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of lake inventories matches well with the observations in June and September 2016. How-
ever, the simulations fit better for δ18O than for δ2H, which requires further assessment. 
Further, the stable isotope composition of groundwater needs to be validated by addi-
tional groundwater sampling upgradient of the lake. The stable isotope composition of 
groundwater may be spatially heterogeneous and may deviate from the mean weighted 
local precipitation for several reasons. For instance, if a considerable share of the catch-
ment area is covered by lakes, evaporation from these lakes could generate an evapora-
tion signal in stable water isotopes of lake water entering the aquifer. Consequently, the 
groundwater entering the lake of interest may already show an evaporation signal.  
A radon mass balance for Lake Ammelshainer See was previously conducted by Schmidt 
et al. (2008). The authors of this study report similar radon inventories and radon fluxes 
attributed to groundwater. However, the LGD rates they derived are 23 to 41 times higher 
than the estimates presented here. This huge discrepancy is mainly a result of the defini-
tion of the radon groundwater end-member. Schmidt et al. (2008) derived the radon end-
member concentrations from sediment batch experiments with ~ 300 Bq m-3 while radon 
concentration in groundwater of ~ 19,000 Bq m-3 was found in a monitoring well close to 
the lake (as described above) and assumed as representative for the composition of the 
discharging groundwater. This tremendous offset cannot be readily explained by spatial 
or temporal variability. The differences also highlight the inherent sensitivity of the ap-
proach to the definition of the end-member concentrations, an issue also raised by Arnoux 
et al. (2017a, (2017b). The actual measurement of radon in groundwater was considered 
as more representative for the radon groundwater end-member since the thickness of the 
lake bottom sediment layer is only a few centimeters in the littoral zone (Schmidt et al., 
2008) where the majority of LGD is expected to occur. Under consideration of the ground-
water flow velocity of 22-29 cm d-1 in the vicinity of the lake (Schmidt et al., 2009) the 
groundwater residence time would be less than one day within these potentially low ra-
don sediments, which is not sufficient to significantly alter the radon concentration in 
groundwater. The assumption regarding end-member definition in this study is further 
supported by the good agreement of the radon and δ18O/δ2H based estimates in this 
study. However, due to the large sensitivity of the RMB derived water fluxes to the radon 
end-member concentration and the fact that radon concentration in groundwater is 
known to be highly variable in space, further measurements of radon in groundwater at 
different locations (if available and accessible) are suggested to determine its variability 
(horizontally, vertically and temporally). These groundwater samples should be located 
upgradient of the lake and close to the lake shoreline to best capture the actual composi-
tion of the discharging fluid. The poor data basis regarding radon in groundwater samples 
introduce a high uncertainty of the radon groundwater end-member which limits the re-
liability of the radon based LGD estimate. Further, the validity of the radon depth profiles, 
which are required for estimating the radon inventory of the lake, needs to be improved 
in future investigations. For this purpose, the analysis of radon-in-lake water in the home 
lab using liquid scintillation counting (Schubert et al., 2014) represents a time efficient 
alternative for achieving a higher accuracy. 
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Figure 31: Summary of stable water isotopes balances (a) and radon mass balances for June 2015 (b) and September 2016 (c)  for Lake 
Ammelshainer See. In (a) monthly isotopic composition of the precipitation and the evaporate are shown for both δ 18O and δ2H, respectively. 
Additional climatic data, which are required for stable water isotope mass balances, are air temperature and relative air hum idity (d) and 
precipitation and evaporation rates (e).  
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Despite of the given uncertainty in LGD estimation, the dominating role of groundwater 
in the lake’s water balance becomes clear by comparing LGD to precipitation 
(~ 900 m³ d-1) and evaporation (~ 1000 m³ d-1). Thus, LGD is a factor of 1 to 3.5 higher 
than the precipitation rate for radon and stable isotope based estimates. The water resi-
dence time of 5.4 to 6.6 years derived from the stable isotope mass balance refers to the 
residence time of conservative substances (see section 10.2.1.2). In addition, the water 
residence of a parcel of water itself which is 4.2 to 4.8 years is also mentioned for better 
comparability with other studies. The latter was calculated by inclusion of evaporation as 
a loss term. The offset between residence times depending on how it is defined empha-
sizes the need for a clear definition of the term “residence time” to allow the regional ap-
plication of this indicator in vulnerability assessment. 
The present approach relies on several assumptions. The reliability and accuracy of the 
results can be further improved by testing and/or replacing these assumptions with field-
based measurements. In the dynamic stable isotope mass balance, assumptions such as 
constant LGD rate and the constant lake volume may be decisive oversimplifications. In 
the presented model groundwater outflow rates are adjusted to balance seasonally vary-
ing evaporation to precipitation ratios to keep the lake volume constant. However, LGD 
rates are expected to vary over time as a consequence of seasonally varying hydraulic 
gradients between groundwater and the lake. As a next step, radon and stable water iso-
tope mass balances could be conducted at higher temporal resolution (e.g. monthly) for 
obtaining insight into their seasonal variability. The potentially time-variant LGD rates 
could be used as input data for time variant mass balances of δ18O, δ2H and radon in com-
bination with lake water level monitoring. This combined approach would help to quan-
tify temporal dynamics and to validate annual averages of LGD rates into lakes. Further, 
the delineation of the subsurface catchment of the lake determined by a groundwater flow 
model would be a great advantage, e.g. for sampling design as well as for evaluating the 
effect of other lakes in the catchment on stable water isotope composition of groundwa-
ter. Moreover, in the case of a significant vertical isotopic variability within the aquifer 
information on depth-dependent discharge rates are of interest for defining the flux-
weighted groundwater end-member. Although, in most cases LGD is focused to the near-
shore (e.g. McBride and Pfannkuch, 1975), fine sediment sealing of the lake bottom may 
differentiate this picture. 
The presented approach can be applied for the validation of numerical groundwater flow 
models which are essential for evaluating matter fluxes of e.g., sulphate, acidity or nutri-
ents into lakes. Further, the introduced procedure can be used for a comprehensive inves-
tigation of LGD and water residence time of groundwater-fed lakes in regions with a dense 
meteorological and isotopic monitoring network requiring only limited collection of field 
data. 
10.5 Conclusion  
In this study an approach for determining groundwater discharge rates into groundwa-
ter-fed lakes and for deriving the respective water residence times was presented. The 
study shows the benefits and limitations of combining δ18O/δ2H and radon isotope mass 
balances for quantification of groundwater connectivity of lakes based on a relatively 
small amount of field data (lake isotope inventories and groundwater isotope composi-
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tion) accompanied by good quality and comprehensive long-term meteorological and iso-
topic data (precipitation) from nearby monitoring stations. The combination of stable iso-
topes of water and radon offers the opportunity to simultaneously study long-term aver-
age conditions and short-term fluctuations of groundwater discharge rates. Despite the 
discussed limitations and uncertainties, the results from both approaches are reasonable 
and consistent. With a greater effort on sampling (e.g. monthly stable isotope and radon 
inventories of the lake) further insight into seasonal variability will expectedly be 
achieved.  
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 PART III: CONCLUSION 
11 COMPARISON OF CASE STUDIES RESULTS 
Part II of this thesis provided an overview of groundwater discharge localization and 
quantification for different water body types on a local to regional scale. The size of the 
budget areas (Table 5) ranged from Lake Ammelshainer See with 0.54 km² over False 
Bay/Gordons Bay with 0.85 km² up to Knysna Estuary with 11.4 km² (at mean sea level). 
The determined shoreline-normalized discharge rates of fresh groundwater (FSGD and 
LGD) fall all in a surprisingly small range from 0.7 to 1.4 (25-75 %ile) m³ d-1 per meter 
shoreline for False Bay/Gordons Bay, 0.8 to 1.0 (25-75 %ile) for Lake Ammelshainer See 
and 1.0 to 2.0  (25-75 %ile) m³ d-1 per meter shoreline for Knysna Estuary. It should be 
noted that given shoreline lengths are somewhat hard to compare due to the different 
character of each investigated water body. The shoreline of False Bay/Gordons Bay re-
flects the land/sea interface in an open bay, i.e. only a small fraction of the tracer budget 
area border is made up by the shoreline, the remaining fraction of the budget area border 
consists of the offshore margin of the mapped area. In contrast, the outer contour line of 
the tracer budget area of Knysna Estuary is virtually identical with its shoreline. That 
means groundwater can discharge into budget area from almost every section of the 
tracer budget area’s border. For Lake Ammelshainer See the shoreline is identical with 
the outline of the tracer budget area as well. The determined discharge rates of RSGD are 
slightly higher for Knysna Estuary with 3.1 to 6.6 m³ d-1 per meter shoreline (25-75 %ile) 
compared to False Bay/Gordons Bay with 0.5 to 7.9 m³ d-1 per meter shoreline (25-75 
%ile). However, a comparison of these values cannot be definite as they represent only 
snapshots in systems which are expected to be seasonally dynamic. Gordons Bay was in-
vestigated in late March, Knysna Estuary in late September/early October. In the False 
Bay/Gordons Bay area the majority of groundwater recharge occurs from June to August. 
In the catchment area of Knysna Estuary groundwater recharge is also expected to peak 
in the same period of the year, however, it is expected to be rather equally dispersed 
throughout the year due to weaker interannual variability of precipitation. Since FSGD 
and RSGD lag three to five months behind peak recharge, the field campaign in False 
Bay/Gordons Bay was conducted in a period of the year when lowest SGD is expected, 
whereas Knysna Estuary field campaign was conducted in a period when average SGD is 
expected. The FSGD:RSGD ratio was 1:3 for both False Bay/Gordons Bay and Knysna Es-
tuary, which plots close to the Prieto & Destouni relationship (Prieto and Destouni, 2011).    
Radon mass balances were applied to all three water body types. The groundwater dis-
charge rates derived thereof reflect the average conditions during the last few days up to 
maximum 20 days   ̶  depending on the system’s water residence time. The sensitivity 
period inherent to the radon mass balance approach (e.g. section 5.1) favors the applica-
tion in systems with short residence times such as estuaries or open bays. However, in 
systems with longer residence times   ̶ such as lakes   ̶ radon mass balances are still useful 
as they provide a snapshot information. Though, mass balances of stable water isotopes 
deliver the average groundwater discharge rate during the entire water residence time in 
lake systems. The quantification of FSGD and RSGD in a three end-member system such 
as an open bay with negligible river discharge can be conducted by applying a consecutive 
radon and salinity mass balance. In an estuary, where river discharge has a significant 
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influence on water composition (four end-member system), an end-member mixing anal-
ysis that utilizes multiple tracers simultaneously (e.g. radon and salinity) is required for 
differentiation between FSGD and RSGD. 
The estimated water residence times of False Bay/Gordons Bay (radium based: 1.5 to 6.5 
d) and Knysna Estuary (Radium based: 0.5 to 9.5 d; tidal prism based: 3.0 to 3.6 d) are 
both in a similar range. The water residence of Lake Ammelshainer See is estimated with 
5.4 to 6.6 years. The water residence times (under exclusion of evaporation) in systems 
such as lakes depend predominantly on lake water exfiltration into the aquifer, which can 
be derived from the groundwater discharge rate in lakes with constant water levels. In 
open marine systems where tide and wave actions are the dominant drivers of water ex-
change, and hence, water residence time, other approaches are required. The radium 
based approach was developed for water residence time estimation in systems with neg-
ligible return flow. That means the radium based methods may provide adequate results 
in open bays if the SGD radium end-member is characterized accurately. In contrast, sig-
nificant return flow as well as longitudinal and transversal mixing occurs in estuaries. 
This process requires consideration (9.3.2.1) since the radium signal is constantly over-
printed by mixing with ‘new’ (more recently discharged) radium. Consequently, the un-
certainty of the radium-based residence time estimate increases significantly in systems 
with considerable mixing of ‘old’ and ‘new’ water, i.e. with periodic inflow of groundwater 
with a radium age of zero. The tidal prism approach (9.3.2.2) delivers a more reliable es-
timate in such cases. However, tidal prism based residence times reflect only average val-
ues of the entire water body, although a longitudinal gradient is expected.   
The determination of SGD shows a systematic difference between tracer (especially ra-
dium) studies and modeling studies (Prieto and Destouni, 2011). Therefore, future re-
search should focus on closing this difference. This offset may be explained by the large 
spatial and temporal variability of radionuclide concentration in groundwater (Cerda-
Domenech et al., 2017). Therefore, radium based estimates of SGD are in particular prone 
to error due to the difficulty of end-member characterization. In general, future efforts in 
tracer studies must target the reduction and better assessment of uncertainty. Steps to-
wards this goal are improved models for quantification of radon degassing. For example, 
the currently most widely applied model of MacIntyre et al. (1995) does only rely on wind 
speed and the radon concentration gradient between water and air. This model was de-
veloped for trace gas exchange in freshwater and coastal marine environments and is 
widely used to calculate radon degassing rates for all water body types from small lakes 
to open bays – independently from its inherent differences. For instance, at the same wind 
speed the groundswell will be much more pronounced in the coastal sea compared to an 
estuary or a lake due to the differences in exposure of the water body to the open sea. 
Processes such as wave action or not explicitly considered in the model at the current 
stage, but need to be implemented to better reflect the processes that govern water tur-
bulence and, thus, radon transfer velocity. 
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Table 5: Summary of field study results.  
 
 
 
Budget 
Area 
Catch-
ment 
area 
Water 
depth 
Shore-
line 
length 
FSGD/LGD RSGD Recharge Method 
for SGD 
quantifica-
tion 
Water residence 
time 
km² km² m km m³ d-1 m³ d-1 m-1 m³ d-1 m³ d-1 m-1 mm a-1   
Gordons Bay 0.85 9.3 1.4 2.5 
2,300 
(1,700-
3,400) 
0.9 
(0.7-1.4) 
6,600 
(1,100-
19,500) 
2.7 (0.5-7.9) 218 
RMB 
SMB 
4.0 ± 2.5 d 
Knysna Estuary 11.4 
Un-
known 
1.8 30 
41,000 
(29,000- 
60,000) 
1.4  
(1.0-2.0) 
135,000 
(94,000-
197,000) 
4.5 (3.1-6.6) 86 
EMMA 
(Rn+Sal) 
RMB 
~3.5 d 
Lake Ammel-
shainer See 
0.54 
Un-
known 
12 3.3 
2,700-
3,350 
0.8-1.0 NA NA Unknown IMB 5.4-6.6 a 
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12 IMPORTANT METHODOLOGICAL ACHIEVEMENTS 
The most important achievements of this thesis are summarized in the following: 
(1) An improvement of the accuracy of radon-in-water mapping was achieved by devel-
oping an approach for quantitative correction of the RAD7 response delay as well as 
the tidal effect. The presented algorithm is applicable for two types of radon extraction 
units (from water to air). The algorithm requires set-up dependent radon mass trans-
fer coefficients, which were determined for membrane extraction (MiniModule, Mem-
brana) for a water flow range of 0.5 to 2.5 l s-1 and for extraction via RADaqua for a 
water flow range of 0.5 to 4 l s-1. The algorithm can be adjusted for other radon detec-
tors, extraction methods and water flow rates in lab experiments. The tidal effect was 
quantified based on a sensitivity analysis of radon concentration with respect to water 
level variations. For this purpose radon time-series covering at least one full tidal cycle 
were utilized. The proposed novelties imply a more precise localization of radon-in-
water anomalies, and thus, a more precise localization of groundwater discharge ar-
eas. 
(2) Following improvements regarding the radon mass balance as one of the most com-
mon approaches for quantifying groundwater discharge are suggested:  
a. Calculation of an effective radon degassing rate by considering the wind speed his-
tory (e.g. five to ten days) of the budget area. For this purpose a weighting factor 
was defined as a function of radon decay rate and mixing rate. This weighting fac-
tor represents the relative effect of a degassing event prior to sampling on the sam-
pled concentration. This procedure allows correction of the system’s memory ef-
fect with respect to radon concentration. 
b. Derivation of a radon mixing rate from radium (224Ra/223Ra) or tidal prism based 
mean water residence times rather than from radon time-series. 
c. Definition of the groundwater radon end-member utilizing information from all 
relevant groundwater samples for estimating an uncertainty range by fitting prob-
ability density functions to the observed data under allowance of non-Gaussian pa-
rameter distribution. This procedure is contrary to many other studies where sim-
ple arithmetic means or value ranges are reported for uncertainty assessment.  
d. The full propagation of uncertainty by conducting Monte Carlo simulations of the 
radon mass balance is proposed. Thus, every flux term (radon sources and sinks) 
is calculated under consideration of the observed parameter uncertainty and 
model uncertainty (e.g. 32 % uncertainty of the MacIntyre model for the calcula-
tion of the radon degassing rate). This approach results in a more reliable estima-
tion of uncertainty.   
(3) The differentiation between FSGD and RSGD in a water body was presented based on 
an end-member mixing analysis. The suggested approach utilizes radon and salinity 
time-series data simultaneously as well as end-member characterization with respect 
to radon and salinity. An optimization algorithm was applied to find the optimal end-
member mixing ratio that best fits the observed time-series data of both, radon and 
salinity, under consideration of end-member uncertainty. This procedure has shown 
to deliver results with a satisfying accuracy in a complex four end-member system 
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(FSGD, RSGD, river water, and seawater). Subsequently, a radon mass balance was ap-
plied for FSGD and RSGD flux quantification by employing the FSGD:RSGD ratio, which 
was determined by EMMA. Thereby, separate FSGD and RSGD radon end-members 
were defined.   
(4) The determined FSGD rate was validated by delineation of the groundwater capture 
zone of the tracer mass balance budget area using a groundwater flow model. The total 
annual groundwater recharge in this capture zone was compared to the determined 
FSGD rate during the study period. Although some uncertainty (e.g. unknown abstrac-
tion rates, seasonality) remains for the presented study, this approach generally al-
lows validation of the tracer based results.  
(5) The combination of stable water isotopes and radon offers the opportunity to study 
long-term average conditions and short-term fluctuations of groundwater discharge 
rates simultaneously. Despite the discussed limitations and uncertainties, the results 
from both approaches were reasonable and consistent. Groundwater discharge rates 
can be determined by stable water isotopes with a relatively small amount of field data 
accompanied by good quality and comprehensive long-term meteorological and iso-
topic data (precipitation) from nearby monitoring stations. 
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13 OUTLOOK 
Global change is pervasive and manifested by climate change, population growth, migra-
tion towards coastal areas and urbanization. Until 2100 the global mean temperature is 
expected to increase between 0.3 and 4.8 °C, precipitation will likely increase in high lat-
itudes and in mid-latitudinal wet-regions, while in mid-latitudinal dry-regions and sub-
tropical dry regions precipitation will likely decrease   ̶  all changes with respect to the 
period 1986-2005. Simultaneously, extreme precipitation events will very likely become 
more intense and more frequent, monsoon seasons will likely lengthen and average global 
sea level is expected to rise between 0.26 and 0.82 m until 2100 (Intergovernmental Panel 
on Climate Change, 2014). Moreover, changes in rainfall intensities and timing are con-
trasting as they will affect groundwater quality due to the diluting effect of the percolating 
water and the increased leaching of nutrients from soils into the groundwater. Regional-
ized changes in groundwater recharge are expected in response to regionalized changes 
in precipitation (Döll and Flörke, 2005). All of these changes will affect local, regional and 
global water balances, and hence groundwater discharge into surface water bodies both 
in quality and quantity.  
The effect of sea-level rise on SGD can be amplified in regions where severe groundwater 
abstraction triggers land subsidence. Slomp and Van Cappellen (2004) pointed out that 
increased saltwater intrusion into coastal freshwater aquifers may increase SGD-borne 
nitrogen and phosphorous fluxes through ion exchange and other reactions (e.g. Moore, 
1999). A potential effect of SGD on global change is that higher rates of primary produc-
tivity may cause increased rates of carbon removal. Besides nutrients, SGD is expected to 
be an important source of bioavailable iron (Knee and Paytan, 2011). Currently, in many 
high-latitude sea areas nutrient levels are high but chlorophyll levels remain low due to 
iron limitation. As a consequence of the expected increase of SGD rates, the primary 
productivity may also rise due to higher iron input (Knee and Paytan, 2011). A decline in 
terrestrial groundwater levels can result in the diminishment or even disappearance of 
FSGD. For instance, Masciopinto and Liso (2016) predicted a significant decline of FSGD 
for Salento region (Italy) until 2200, which is comparable to ~ 16 % of current ground-
water pumping. In addition, Lin et al. (2007) predicted a decrease of SGD in Taiwan be-
tween 2000 and 2020 independently from land use management practices. Future 
changes of groundwater discharge may also be dependent on the aquifer characteristics 
as shown by van Roosmalen et al. (2007) who report a more pronounced effect of climate 
change in a region with sandy soils and large interconnected aquifers compared to a re-
gion with an impermeable topsoil layer and many confining clay layers for Denmark. As 
stressed by Post et al. (2013) the non-stationary nature of the hydrological cycle needs to 
be considered when predicting future trends, i.e. the present-day situation should not be 
seen to represent an equilibrium, and therefore, future trends should not necessarily be 
seen as deviations from a steady-state. 
Furthermore, it should be stressed that the two SGD applications presented in this thesis 
are limited to SGD occurring along a near-coastal stretch. Future research efforts should 
also focus on methods for assessing SGD in larger distances from the coastline, i.e. on the 
bay and the shelf scale (see 3.1). More research on these issues is required to enhance our 
understanding of the vast meteoric groundwater reserves as reported by Post et al. 
(2013). The paleo-groundwater stored below the continental shelves represents a re-
source of strategic importance, which may be exploited in the future to counter water 
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shortages (Bakken et al., 2011; Post et al., 2013). This future scenario becomes even more 
meaningful considering that nowadays already 27 % of the world´s population live within 
50 km of an estuary (Dayton et al., 2005) and 41 % of the world´s population lives within 
100 km from the coast (Martínez et al., 2007). In Cape May (New Jersey, USA) a facility 
where drinking water is produced by desalinization of groundwater extracted from an 
aquifer extending offshore exists since 1998 (Barlow, 2003).  
The retention of the ecosystem services of the coastal zone necessitates an integrated wa-
ter resource management that is based on the quantitative understanding of the related 
physical processes. For this purpose, the development of a generally applicable parsimo-
nious groundwater discharge model is an ambitious and challenging but also consequent 
goal to allow initial site assessment. Such a model may rely on hydraulic and geometric 
aquifer properties, groundwater recharge dynamics, groundwater abstractions rates, 
tidal characteristics, wave setup, density gradients etc. Further, an integrated assessment 
of groundwater discharge and saltwater intrusion is desirable. This would require a mon-
itoring well network to study groundwater level and chemistry fluctuations, and ground-
water models which are calibrated based on tracer studies and/or direct measurements. 
Generally, more studies should focus on future changes of SGD to better understand the 
consequences of global change on aquatic ecosystems. 
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 APPENDICES 
A) GROUNDWATER AND SEAWATER SAMPLES FALSE BAY 
Table 6: Groundwater and Seawater Samples False Bay (Chapter 8); * below the detection limit. 
Sample Date Type 
depth be-
low surface 
[m] 
Latitude Longitude 
Sal-
inity 
δ18O 
[‰] 
δ2H 
[‰] 
Rn [Bq/m³] 
223Ra 
[dpm/100L] 
224Ra 
[dpm/100L] 
224Ra/223Ra 
[-] 
SW1 31.03.2014 SW  -34.160520 18.866544 34.4 0.1 1.1  4.0 ± 0.8 49.2 ± 2.1 12.2 ± 0.2 
SW2 31.03.2014 SW  -34.160475 18.865258 34.6 -1.6 0.1  4.2 ± 1.0 44.3 ± 2.0 10.5 ± 0.2 
SW3 31.03.2014 SW  -34.160186 18.864096 34.7 -1.8 0.1  3.2 ± 0.7 43.1 ± 1.6 13.7 ± 0.2 
SW4 31.03.2014 SW  -34.160119 18.862500 34.8 -0.3 2.4 22   8.6 
SW5 31.03.2014 SW  -34.159190 18.858183 34.9 -1.1 0.9 25   9.7 
SW6 31.03.2014 SW  -34.159063 18.854295 34.9 0.7 2.9 14   7.4 
SW7 31.03.2014 SW  -34.157749 18.849852 34.9 -0.1 2.4  1.4 ± 0.1 12.9 ± 0.7 9.5 ± 0.1 
SW8 31.03.2014 SW  -34.161125 18.856466 34.9 -0.7 1.3  1.4 ± 0.1 9.8 ± 0.5 6.8 ± 0.1 
SW9 31.03.2014 SW  -34.162475 18.858822 34.9 0.5 2.6  2.5 ± 0.3 22.4 ± 0.9 8.9 ± 0.1 
SW10 28.03.2014 SW  -34.179660 18.825910 34.9 0.2 2.5 10    
SW11 28.03.2014 SW  -34.160770 18.866020 34.5 0.0 2.4 49    
SW12 28.03.2014 SW  -34.145277 18.849890 34.7 -0.7 1.3 37    
SW13 27.03.2014 SW  -34.161058 18.865701 34.1 1.6 6.2     
SW14 27.03.2014 SW  -34.161119 18.865938 33.6 0.0 2.1     
GW1 27.03.2014 GW -1.5 -34.160677 18.867911 14.6 -2.4 -7.9 1363 ± 527 26.7 ± 3.2 367.6 ± 21.2 13.8 ± 0.1 
GW2 27.03.2014 GW -2.5 -34.160677 18.867911 0.6 -3.7 -13.5 51475 ± 5881    
GW3 27.03.2014 GW -1 -34.161776 18.865508 34 -0.9 1.6 *    
GW4 27.03.2014 GW -0.5 -34.161320 18.865917 3.5 -1.1 -4.9 9162 ± 1647 10.7 ± 1.8 194.2 ± 13.0 18.2 ± 0.2 
GW5 01.04.2014 GW -1.5 -34.157838 18.867514 27.6 -1.7 -2.4 *    
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Sample Date Type 
depth be-
low surface 
[m] 
Latitude Longitude 
Sal-
inity 
δ18O 
[‰] 
δ2H 
[‰] 
Rn [Bq/m³] 
223Ra 
[dpm/100L] 
224Ra 
[dpm/100L] 
224Ra/223Ra 
[-] 
GW6 01.04.2014 GW -1.5 -34.160673 18.867918 26.2 -1.5 -2.0 2296 ± 533    
GW7 27.09.2013 GW -0.8 -34.161737 18.865500 1.3 -3.1 -12.4 *    
GW8 27.09.2013 GW -1.3 -34.161737 18.865500 1.8 -3.1 -12.3 8377 ± 1482    
GW9 27.09.2013 GW -1.7 -34.161737 18.865500 12 -2.1 -7.8 9078 ± 1680    
GW10 27.09.2013 GW -0.8 -34.161720 18.865458 32.2 0.4 2.6 6707 ± 1907    
GW11 27.09.2013 GW -1.2 -34.161752 18.865535 5.3 -2.8 -11.6 *    
GW12 27.09.2013 GW -1.5 -34.161752 18.865535 2.6 -3.1 -12.2 2192 ± 902    
GW13 28.09.2013 GW -1.9 -34.160543 18.867842 1 -3.3 -13.1 13497 ± 1423    
GW14 28.09.2013 GW -1 -34.160619 18.867785 11.8 -2.3 -9.1 1357 ± 395    
GW15 28.09.2013 GW -1.8 -34.160619 18.867785 5.3 -2.8 -11.2 997 ± 367    
GW16 28.09.2013 GW -2.6 -34.160619 18.867785 0.3 -3.2 -12.4 2603 ± 358    
GW17 28.09.2013 GW -0.8 -34.161051 18.866409 1.6 -3.2 -13.0 22247 ± 2431    
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B) GROUNDWATER SAMPLES KNYSNA ESTUARY 
Table 7: Groundwater Samples Knysna Estuary. Groundwater samples were taken along the shoreline of the Knysna Estuary in 2014 and 2015. The analytical uncer-
tainties are ±0.1 ‰ for δ18O, ±0.8 ‰ for δ2H and ca. 10 % for 224Ra/223Ra ratios. The unit dpm/100 L refers to disintegrations per minute (dpm) as a measure of the 
activity of the source of radioactivity.  
Sample Date Latitude Longitude 
222Rn 
[Bq/m³] 
Salinity 
[-] 
δ18O 
[‰] 
δ2H 
[‰] 
223Ra 
[dpm/100L] 
224Ra 
[dpm/100L] 
224Ra/223Ra 
[-] 
GW1 30.09.2014 34.033271 22.992685 1.926±684 33.4 0.5 4.2 25.8 421.3 16.3 
GW2a 01.10.2014 34.0175 22.999658 4.249±942 2.1 -4.8 -19.3 9.5 174.3 18.3 
GW2b 01.10.2014 34.0175 22.999658 - 5.2 -4.4 -17.3 - - - 
GW3a 01.10.2014 34.041211 23.002556 2.005±637 65.0 2.0 10.2 - - - 
GW3b 01.10.2014 34.041211 23.002556 3.183±1.117 55.8 0.8 6.6 34.6 710.9 20.5 
GW4a 01.10.2014 34.039235 23.000008 4.661±1.133 1.3 -3.6 -13.6 - - - 
GW4b 01.10.2014 34.039235 23.000008 3.862±989 0.8 -3.9 -15.0 4.9 48.0 9.8 
GW5 29.09.2015 34.017641 22.999132 8.061±1.554 1.8 -4.9 -20.6 2.2 57.6 26.4 
GW6 29.09.2015 34.033108 22.992778 2.077±559 33.1 0.5 4.2 2.9 36.9 12.5 
GW7 29.09.2015 34.04062 23.003171 1.597±520 1.4 -4.2 -16.2 40.3 364.1 9.0 
GW8 01.10.2015 34.072328 23.063944 1.937±610 23.5 -1.0 -2.4 2.3 20.7 8.9 
GW9 01.10.2015 34.072321 23.06286 555±303 32.3 0.0 1.1 - - - 
GW10 01.10.2015 34.072086 23.063368 2.144±919 3.5 -4.0 -14.7 - - - 
GW11 01.10.2015 34.066868 23.055477 1.982±649 19.4 -1.4 -3.8 - - - 
GW12 01.10.2015 34.066677 23.055351 1.395±639 20.2 -1.5 -4.1 - - - 
GW13 01.10.2015 34.066244 23.064702 - 30.3 0.0 2.4 - - - 
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C) PARAMETERS FOR END-MEMBER CHARACTERIZATION IN KNYSNA ESTUARY 
Table 8: Radon, salinity and 224Ra/223Ra end-members in Knysna Estuary .  
  222Rn [Bq/m³] Salinity 224Ra/223Ra 
25 %ile 50 %ile 75 %ile Arith. 
Mean 
25 %ile 50 %ile 75 %ile Arith. 
Mean 
25 %ile 50 %ile 75 %ile Arith. 
Mean 
Sea 2 34.6 - 
River 330 0.1 - 
FSGD 1920 3320 5800 4640 0.5 
10.9 14.1 18.5 15.3 
RSGD 1075 1731 2508 1869 24.4 32.3 42.4 35.0 
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D) ESTUARY WATER SAMPLES AT BUOYS I 
Table 9: Estuary water samples of Knysna Estuary.  The samples were taken at fixed buoys in Knysna Estuary during flood and ebb tide on 29 Sep 2015. The Analytical 
uncertainties are ±0.1 ‰ for δ18O, ±0.8 ‰ for δ2H and ca. 10 % for 224Ra/223Ra ratios. Radium mesh bags were enriched for 3 days (29 Sep 2015 to 02 O ct 2015).  
Buoy Latitude Longitude 
Distance 
from mouth 
[km] 
Salinity δ18O [‰] δ2H  [‰] D excess  [‰] 224Ra/ 
223Ra 
[-] 
Ra age [d] 
low  
tide 
high tide low tide high 
tide 
low tide high  
tide 
low 
tide 
high  
tide 
1 -34.026389 22.988072 12.1 19.1 29.6 -2.0 -0.1 -7.0 0.7 9.3 1.6 11.5 1.5 
2 -34.030174 22.989846 11.6 22.0 29.7 -1.7 -0.2 -5.9 0.5 7.9 2.0 12.3 1.0 
3 -34.033156 22.995028 11.0 23.4 29.9 -1.2 -0.1 -3.7 1.1 5.8 1.8 11.6 1.5 
4 -34.034001 22.998005 10.7 24.8 30.7 -1.0 0.1 -3.1 1.0 5.1 0.6 13.2 0.4 
5 -34.034144 23.002538 10.3 25.5 30.5 -0.9 0.0 -1.8 1.4 5.3 1.4 10.3 3.5 
6 -34.034989 23.004753 10.1 25.5 29.9 -0.8 -0.2 -2.2 1.0 4.1 2.3 5.2 >100 
7 -34.036848 23.00865 9.7 26.1 30.5 -0.7 0.0 -1.7 0.3 4.0 0.5 10.4 3.0 
8 -34.039733 23.007697 9.3 28.8 31.7 -0.4 0.1 -0.2 1.3 2.6 0.4 11.6 1.5 
9 -34.042638 23.006663 9.0 29.1 32.2 -0.4 0.1 0.0 2.1 2.9 1.4 12.2 1.0 
10A -34.048421 23.006785 8.3 29.7 31.5 -0.4 0.0 0.5 1.7 3.4 1.6 10.6 3.0 
11 -34.049262 23.009402 8.1 29.7 33.1 -0.3 0.3 0.7 2.6 3.0 0.5     
12 -34.049024 23.013148 7.7 29.7 35.1 -0.4 0.4 -0.8 3.6 2.4 0.1     
13 -34.046486 23.016462 7.3 29.9 35.1 -0.4 0.5 0.2 3.8 3.1 -0.6 10.1 3.5 
14 -34.042801 23.017947 6.9 29.9 35.3 -0.2 0.6 0.3 3.9 2.1 -0.6     
15 -34.040542 23.018334 6.6 30.0 35.3 -0.2 0.5 0.7 3.7 1.9 -0.6 7.8 9.5 
16 -34.038606 23.020697 6.3   35.3   0.6   3.6   -1.0     
17 -34.037989 23.023609 6.0   35.1   0.3   2.2   -0.3 9.5 4.5 
18 -34.037702 23.02719 5.7   35.1   0.4   2.8   -0.2     
19 -34.039041 23.03102 5.3   35.3   0.4   3.2   0.0 11.0 2.5 
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Buoy Latitude Longitude 
Distance 
from mouth 
[km] 
Salinity δ18O [‰] δ2H  [‰] D excess  [‰] 224Ra/ 
223Ra 
[-] 
Ra age [d] 
low  
tide 
high tide low tide high 
tide 
low tide high  
tide 
low 
tide 
high  
tide 
20 -34.041873 23.034956 4.8   35.3   0.3   3.4   0.8     
21 -34.043723 23.03746 4.5   35.1   0.3   3.2   0.6 12.1 1.0 
22 -34.046211 23.041006 4.1   35.3   0.5   3.5   -0.7     
23 -34.048169 23.044987 3.7   35.3   0.4   3.1   -0.1 9.7 4.0 
24 -34.053537 23.044503 3.1   35.3   0.3   2.7   0.2 11.0 2.5 
25 -34.057507 23.04422 2.6   35.3   0.5   3.3   -0.5 9.6 4.5 
26 -34.061484 23.04442 2.2   35.3   0.4   3.6   0.1 10.3 3.5 
27 -34.064717 23.045897 1.8   35.3   0.2   1.7   0.0 10.3 3.5 
28 -34.068674 23.049871 1.2   35.3   0.2   2.4   0.5 8.4 7.5 
Y2 -34.048172 23.044999 3.7   35.3   0.5   3.2    -0.6     
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E) ESTUARY WATER SAMPLES AT BUOYS II 
Table 10: Estuary water samples of Knysna Estuary. The samples were taken at  fixed buoys in Knysna Estuary during flood and ebb tide on 29 Sep 2015.  
Buoy Latitude Longitude 
Distance from 
mouth [km] 
NO3 [mg/m³] NO2 [mg/m³] NH4 [mg/m³] DIN [mg/m³] 
low tide high tide low tide high tide low tide high tide low tide high tide 
1 -34.026389 22.988072 12.1 269.6  146.5  49.7  35.0  14.3  10.9  87.1 52.2 
2 -34.030174 22.989846 11.6 280.1  103.0  48.6  44.5  12.8  7.2  88.0 42.4 
3 -34.033156 22.995028 11.0 240.4  123.8  33.9  30.9  13.3  26.4  74.9 57.9 
4 -34.034001 22.998005 10.7 182.7  90.5  56.2  35.8  13.3  5.0  68.7 35.2 
5 -34.034144 23.002538 10.3 170.4  64.8  39.5  40.4  8.4  5.6  57.0 31.3 
6 -34.034989 23.004753 10.1 179.8  133.8  29.3  33.9  9.4  8.9  56.9 47.5 
7 -34.036848 23.00865 9.7 160.7  141.2  37.0  26.6  11.2  27.9  56.2 61.7 
8 -34.039733 23.007697 9.3 112.4  153.1  53.1  25.0  8.9  25.5  48.5 62.0 
9 -34.042638 23.006663 9.0 159.7  108.5  37.4  31.0  8.0  43.2  53.7 67.5 
10A -34.048421 23.006785 8.3 167.2  88.7  43.7  36.1  16.2  20.3  63.7 46.8 
11 -34.049262 23.009402 8.1 108.6  36.2  49.5  22.9  9.3  18.3  46.8 29.4 
12 -34.049024 23.013148 7.7 144.6  16.9  33.9  28.5  7.8  7.4  49.0 18.2 
13 -34.046486 23.016462 7.3 128.4  5.8  32.9  40.4  9.0  18.9  46.0 28.3 
14 -34.042801 23.017947 6.9 103.6  7.7  37.7  32.1  7.7  13.3  40.8 21.9 
15 -34.040542 23.018334 6.6 57.4  -0.7  47.4  35.8  8.4  7.2  34.0 16.3 
16 -34.038606 23.020697 6.3 71.1  19.2  31.7  35.5  10.8  7.1  34.1 20.7 
17 -34.037989 23.023609 6.0 185.0  5.7  21.1  38.6  9.7  16.5  55.8 25.9 
18 -34.037702 23.02719 5.7 142.2  1.2  42.1  43.5  13.0  14.4  55.0 24.7 
19 -34.039041 23.03102 5.3 39.4  -10.5  27.2  32.3  6.1  12.5  22.0 17.1 
20 -34.041873 23.034956 4.8 82.6  -5.0  28.9  31.5  6.2  9.1  32.2 15.5 
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Buoy Latitude Longitude 
Distance from 
mouth [km] 
NO3 [mg/m³] NO2 [mg/m³] NH4 [mg/m³] DIN [mg/m³] 
low tide high tide low tide high tide low tide high tide low tide high tide 
21 -34.043723 23.03746 4.5 81.0  11.5  46.4  34.6  7.4  6.1  38.2 17.9 
22 -34.046211 23.041006 4.1 107.3  4.7  50.6  26.5  5.5  5.7  43.9 13.5 
23 -34.048169 23.044987 3.7 123.7  -6.3  31.5  33.1  6.9  9.0  42.9 15.7 
24 -34.053537 23.044503 3.1 109.5  -2.9  37.4  37.4  8.2  19.2  42.5 25.7 
25 -34.057507 23.04422 2.6 135.6  -8.9  30.9  35.3  5.4  10.9  44.2 17.2 
26 -34.061484 23.04442 2.2 109.0  -9.0  33.2  34.6  5.3  10.5  38.8 16.6 
27 -34.064717 23.045897 1.8 43.2  0.1  35.4  31.0  22.1  15.7  37.7 21.7 
28 -34.068674 23.049871 1.2 60.0  -3.8  32.6  28.5  18.1  14.6  37.6 19.1 
Y2 -34.048172 23.044999 3.7 4.3  -2.5  27.6  26.2  9.2  36.0  16.5 35.4 
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F) PARAMETERS FOR STABLE WATER ISOTOPE MASS BALANCE 
Table 11: Parameters for stable water isotope mass balance.  
  Lake surface atmospheric vapour (k=0.75) Kinetic separation εK Equilibrium fractionation α+ 
 relative 
humidity 
δ18O δ2H δ18O δ2H δ18O δ2H δ18O δ2H 
Jan 0.84 -3.6 -36.0 -19.71 -169.79 1.97 2.24 1.1103 1.0117 
Feb 0.81 -3.6 -36.0 -18.85 -163.04 2.39 2.71 1.1091 1.0116 
Mar 0.76 -3.6 -36.0 -18.59 -161.50 3.02 3.43 1.1041 1.0113 
Apr 0.69 -3.5 -35.0 -16.61 -143.52 3.84 4.36 1.0969 1.0107 
May 0.70 -3.5 -35.0 -15.91 -137.01 3.77 4.29 1.0914 1.0103 
Jun 0.69 -3.4 -34.5 -12.62 -113.55 3.83 4.36 1.0876 1.0100 
Jul 0.69 -3.2 -33.5 -12.88 -112.35 3.91 4.44 1.0850 1.0098 
Aug 0.71 -3.0 -32.5 -12.62 -111.26 3.69 4.19 1.0857 1.0099 
Sep 0.77 -2.8 -32.0 -14.20 -124.42 2.86 3.24 1.0911 1.0103 
Oct 0.82 -3.0 -33.0 -18.10 -152.59 2.23 2.53 1.0970 1.0107 
Nov 0.86 -3.3 -34.0 -17.63 -157.38 1.81 2.06 1.1030 1.0112 
Dec 0.85 -3.6 -35.0 -18.42 -159.53 1.85 2.10 1.1084 1.0116 
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Figure 32: Longitudinal transect of Knysna Estuary at low and high tide. The observed parameters 
salinity, δ18O, δ2H, deuterium excess, 224Ra/223Ra, NH4, NO2, NO3, δ15NNO3 , δ18ONO3. 
 
 
 
Figure 33: Source attribution of NO3 in Knysna Estuary indicated by δ15NNO3 vs. δ18ONO3.   
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